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Summary
Micropollutants are organic chemicals or heavy metals occurring in the aquatic environment
in trace concentrations, typically in the range of nanogram to microgram per liter. They originate from various applications such as pharmaceuticals, cosmetics, agriculture and gardening
products, and are used in innumerable industrial products. Micropollutants are released into
the aquatic environment through several pathways such as discharge of wastewater effluents
and run-off from agricultural or urban areas. Micropollutants often have adverse or unknown
effects on health and ecosystem (e.g. toxic, persistent). Their environmental fate in aquatic
systems is becoming of increasing concern, because many of these compounds contaminate
water resources.
Sunlight-induced transformation can play an important role for the abatement of organic contaminants, in particular for chemicals that are recalcitrant towards sorption and/or microbial
transformation. If a micropollutant absorbs light and subsequently undergoes a change in its
chemical structure, the process is defined as a direct phototransformation. If the transformation of a micropollutant is induced by a compound/moiety that absorbs light leading to the
formation of photooxidant and/or radicals, the process is defined as an indirect phototransformation. Dissolved organic matter (DOM) is one of the most important light absorbers in
the aquatic environment. Light absorption by DOM can produce various reactive species,
such as excited triplet states of the DOM, singlet oxygen, hydroxyl radical and other radicals,
which can induce the degradation of micropollutants. In addition, other photoactive components of surface waters and wastewaters, such as nitrate and nitrite, contribute to such a degradation. A recent development in the field of aquatic photochemistry has characterized a further aspect of DOM, which consists in the inhibition of the oxidative transformation of certain
micropollutants, in particular those with an aromatic amine functionality. All these different
processes taking place simultaneously under the action of sunlight make it a very complex
task to predict in which way and how fast a micropollutant will degrade under environmental
conditions.
The overarching theme of this doctoral thesis was to apply the state-of-the art knowledge in
aquatic photochemistry, which is largely based on model systems capable of describing the
individual photochemical processes, to identify and quantify the sunlight-induced transformavii

tion of exemplary micropollutants in surface waters and wastewaters. Two sulfonamide antibiotics were investigated with particular focus on the dual role of DOM and effluent organic
matter (EfOM) as a sensitizer and inhibitor of indirect phototransformation. Several selected
benzotriazoles and benzothiazoles, which are quantitatively very relevant aquatic micropollutants, were studied under two aspects: Their abatement by means of water treatment processes based on the action of ultraviolet (UV) light, and their fate in surface waters.
The first part of this doctoral thesis aimed at investigating the various factors that affect the
rates of sunlight-induced transformation of two sulfonamide antibiotics in river water and
wastewater (Chapter 2). Sulfadiazine (SD), a sulfonamide with a six-membered heterocyclic
substituent, and sulfamethoxazole (SMX), with a five-membered heterocyclic substituent, are
widely used as antibacterial substances in human and veterinary medicine. Both compounds
are known to undergo direct and partially indirect phototransformation. To characterize the
photochemical fate of SD and SMX, kinetic experiments were performed using simulated
solar light and UV-A light. The contribution of hydroxyl radical to the transformation rate
was assessed with isopropanol as a hydroxyl radical scavenger. The antioxidant effect of
DOM/EfOM was evaluated with phenol as a model compound to mimic the inhibition of the
triplet-induced transformation. The results are in agreement with previous findings that SMX
is predominantly degraded by direct phototransformation in surface waters and in aqueous
solution containing Pony Lake fulvic acid (PLFA) and Suwannee River fulvic acid (SRFA).
Only in wastewater effluents a higher depletion rate is observed, which is proposed to be induced by photogenerated hydroxyl radical (possibly from the photolysis of nitrate/nitrite) and
by triplet-induced transformation of 3EfOM*. SD phototransformation in river water and
wastewater was more diverse. Besides direct phototransformation of SD, there was a significant contribution of indirect phototransformation, which was mainly ascribed to tripletinduced transformation by DOM/EfOM in river water. SD phototransformation varied in the
different wastewater effluents depending on their photochemical activity. In the presence of
the allochtonous SRFA, indirect phototransformation was partially inhibited. Overall, the rate
of SD depletion seems to depend rather on the DOM type than on the DOM concentration.

In the second part of this doctoral thesis, it was of interest to investigate the abatement of
benzotriazoles (BTs) and benzothiazoles (BTHs) during technical photooxidation processes,
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which are applied in water treatment also known as (advanced) oxidation processes (Chapter
3). BTs and BTHs belong to the most abundant chemicals in the aquatic environment. They
are high production volume chemicals used for various purposes such as corrosion inhibitors
in aircraft deicing fluids and dishwasher detergents, vulcanization accelerators for rubber
products, and herbicides. With their chemical stability and their ubiquitous appearance in
aquatic compartments (partially at the very high concentrations of up to !10 µg L-1), it is assumed that BTs and BTHs are relatively resistant to natural abatement processes including
sunlight-induced processes. Therefore, this doctoral thesis evaluated the efficiency and application of photooxidation processes as a removal strategy for contaminated wasters. The photochemical fate was studied for solely UV-C irradiation ("!254 nm) and the UV/H2O2 process
under typical water treatment conditions for following compounds: 1H-benzotriazole (BT), 51H-methyl-benzotriazole (5-MeBT), 5-chloro-1H-benzotriazole (5-ClBT), benzothiazole
(BTH), 2-hydroxybenzothiazole (2-OHBTH), 2-mercaptobenzothiazole (2-MBTH). Most of
the studied BTs and BTHs exhibit an acid-base equilibrium, and their pKa values were determined (7.7!8.5 for the BTs, 7.1 for 2-MBTH, and 8.9 for 2-OHBTH). Direct phototransformation kinetics of BT, 5-MeBT, 5-ClBT and 2-OHBTH revealed that the molecular form is
more photoreactive than the deprotonated form. The contrary was observed for 2-MBTH,
with the deprotonated form being more photoractive than the molecular form. However, the
direct phototransformation quantum yields by solely applying UV-C irradiation are quite low
for all compounds (9.0"10-4!3.0"10-2 mol einstein-1) suggesting UV treatment alone is not
efficient to remove these compounds. The addition of H2O2 to water samples under UV-C
irradiation causes the formation of hydroxyl radical, which is the main oxidant in the
UV/H2O2 process. The reactivity of BTs and BTHs with hydroxyl radical is characterized by
second-order rate constants determined to be in the range of 5.1!10.8"109 M-1s-1, which is
typical for aromatic aquatic contaminants. The abatement of the BTs and BTHs with
UV/H2O2 was tested in wastewater and river water to assess also the effect of the water matrix on micropollutant transformation. An efficient removal can be achieved by UV/H2O2.
However, the extent of the removal depends on the scavenging capacity of hydroxyl radical
for the single water, which is mainly ascribed to DOM/EfOM and carbonate/bicarbonate.
Calculation based on fluence-based reaction rate constants and in comparison with other studies highlight that energy requirements and treatment costs are comparable to other aromatic
contaminants.
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In the third part of this doctoral thesis, the photochemical fate of benzotriazoles and benzothiazoles was investigated under environmental conditions (for which not much information is
available) (Chapter 4). Irradiation experiments were performed using a solar simulator. The
BTs exhibited a slight direct photochemical activity (5-ClBT > 5-MeBT > BT). The depletion
of BTs increased in wastewater effluents suggesting that BTs are amenable to be transformed
by indirect photochemical processes induced by excited EfOM and/or other photooxidants.
However, the first-order phototransformation rate constants of the three BTs are very low and
half-lives are in the order of weeks. In contrast to BTs, BTH and 2-OHBTH were not affected
by sunlight irradiation. Only for 2-mercaptobenzothiazole very fast phototransformation rate
constants were assessed corresponding to half-lives within days. A more detailed kinetic
study was done with 1H-benzotriazole (BT) and 2-mercaptobenzothiazole (2-MBTH) to
evaluate their photochemical behavior in different water matrices under environmental conditions. BT depletes mainly by indirect photochemical processes in river waters and wastewater
effluents and direct phototransformation seemed to be insignificant. In contrast, 2-MBTH is
predominantly depleted by direct photolysis in river waters and wastewater effluents with a
contribution of indirect photochemical transformation accounting on average 30% for various
water samples. These findings clearly point out that BTs and BTHs, except for 2-MBTH, are
quite recalcitrant towards sunlight-induced transformation processes.
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Zusammenfassung
Mikroverunreinigungen sind organische Verbindungen oder Schwermetalle, die in Spurenkonzentrationen im Bereich von Nanogramm bis Mikrogramm in natürlichen Gewässern vorkommen. Diese Verbindungen werden in vielen verschiedenen Bereichen wie in Arzneimitteln, Kosmetik, Landwirtschafts- und Garten-Produkten und in unzähligen industriellen Produkten verwendet. Mikroverunreinigungen gelangen über unterschiedliche Eintragspfade, wie
durch das Einleiten von Abwässern oder mit dem Oberflächenabfluss aus landwirtschaftlichen und urban genutzten Flächen, in Oberflächengewässer. Mikroverunreinigungen haben
meist negative oder unbekannte Auswirkungen auf die menschliche Gesundheit und das aquatische Ökosystem (z.B. toxisch, persistent). Da die Mikroverunreinigungen die Wasserressourcen kontaminieren, nimmt das Interesse über ihr Umweltverhalten zu.
Sonnenlicht-induzierte Reaktionen können eine wichtige Rolle für den Abbau von organischen Schadstoffen in Gewässern spielen, insbesondere für Verbindungen, die gegenüber
Sorption und mikrobiellem Abbau abweisend sind. Bei der direkten Phototransformation
nimmt ein organischer Schadstoff Licht selbst auf und wird dadurch in seiner chemischen
Struktur verändert. Bei der indirekten Phototransformation wird der Schadstoff durch reaktive
Spezies transformiert, die durch die Lichtaufnahme von einer anderen Verbindung, sogenannten Photosensibilisatoren, im System gebildet werden. Gelöstes organisches Material (dissolved organic matter, DOM) ist einer der wichtigsten Photosensibilisatoren in natürlichen Gewässern. Bei diesem Vorgang werden reaktive Spezies gebildet, wie zum Beispiel angeregte
Triplett-Zustände im DOM, singulärer Sauerstoff, Hydroxyl-Radikale und andere Radikale,
welche die Transformation von einer Mikroverunreinigung bewirken können. Zudem können
noch weitere photoaktive Substanzen wie Nitrat und Nitrit in Oberflächenwasser und Abwasser am Abbau von Mikroverunreinigungen beteiligt sein. In den letzten Jahren haben Forschungsarbeiten gezeigt, dass DOM auch einen hemmenden Effekt auf die oxidative Transformation von bestimmten Mikroverunreinigungen, insbesondere Verbindungen mit aromatischen Amin-Gruppen, haben kann. Unter Einfluss des Sonnenlichtes laufen die erwähnten
Prozesse in einem Gewässer gleichzeitig ab. Die Photochemie in Oberflächenwasser und
Abwasser ist sehr komplex. Dies erschwert die Vorhersage, auf welche Weise und wie schnell
eine organische Verbindung unter natürlichen Bedingungen abgebaut wird.
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Die übergreifende Thematik dieser Doktorarbeit war, den aktuellen Wissensstand in der aquatischen Photochemie anzuwenden, um Sonnenlicht-induzierte Transformationen von ausgewählten Mikroverunreinigungen in Oberflächengewässern und Abwässer zu charakterisieren.
Dafür wurden geeignete Modellsysteme angewendet, um die einzelnen photochemischen
Vorgänge zu beschreiben, zu identifizieren und zu quantifizieren. Zwei Sulfonamide Antibiotika wurden darauf hin untersucht, welche Rolle das DOM und das gelöste organische Material in Abwasser (effluent organic matter, EfOM) auf die indirekten Phototransformationen
hat. Ein weiterer Forschungsgegenstand war die Charakterisierung der Photochemie von Benzotriazolen und Benzothiazolen, da sie in relativ hohen Konzentrationen in der aquatischen
Umwelt auftreten. Aus diesen zwei Klassen wurden einige Verbindungen ausgewählt und auf
zwei Aspekte hin untersucht: Erstens ihr Abbau durch UV-Licht basierte Verfahren, die in der
Wasseraufbereitung verwendet werden, und zweitens ihr Umweltverhalten in Oberflächengewässer.
Der erste Teil dieser Doktorarbeit untersucht die verschieden Faktoren, die einen Einfluss auf
die Geschwindigkeit von Sonnenlicht-induzierten Transformationen von zwei Sulfonamid
Antibiotika in Flusswasser und Abwasser haben (Kapitel 2). Sulfadiazin (SD) und Sulfamethoxazole (SMX) sind beides Sulfonamide, welche weit verbreitet als antibakterielle Substanzen in der Human- und Veterinärmedizin eingesetzt werden. Für beide Verbindungen ist
bekannt, dass sie direkt und indirekt photochemisch abgebaut werden können. Um das photochemische Verhalten von SD und SMX zu charakterisieren, wurden kinetische Experimente
mit einem Sonnensimulator und mit UV-A Licht durchgeführt. Der Beitrag von HydroxylRadikalen an der Abbaurate wurde mit Hilfe von Isopropanol bestimmt, welches die Hydroxyl-Radikale abfängt. Der antioxidierende Effekt von DOM/EfOM wurde durch die Verwendung von Phenol als Modell-Verbindung ermittelt, um die Inhibition der Triplett-induzierten
Transformation von SD und SMX zu simulieren. Die Ergebnisse, dass SMX überwiegend
über direkte Phototransformation in Oberflächengewässern und in Lösungen mit Pony Lake
fulvi acid (PLFA) und Suwanee River fulivic acid (SRFA) abgebaut wird, stimmen mit vorherigen Befunden überein. In Abwasser ist jedoch ein erhöhter Abbau von SMX zu verzeichnen, welcher vermutlich durch photo-generierte Hydroxyl-Radikale (die wahrscheinlich durch
die Photolyse von Nitrat und Nitrit gebildet werden) und durch Triplett-induzierte Transformation von 3EfOM* verursacht wird. Die Phototransformation von SD variierte in den verschieden Abwässern in Abhängigkeit von deren photochemischen Aktivität. In der Gegenwart
xii

von allochtonem SRFA ist der indirekte photochemische Abbau von SD teilweise gehemmt.
Insgesamt scheint die Abbaugeschwindigkeit von SD mehr von der Zusammensetzung und
der Herkunft als von der Konzentration des DOM abzuhängen.
Der zweite Teil dieser Doktorarbeit befasst sich mit dem Abbau von Benzotriazolen (benzotriazoles, BTs) und Benzothiazolen (benzothiazoles, BTHs) in Photooxidations-Prozessen,
welche in der Wasseraufbereitung angewendet werden, auch bekannt als (advanced) oxidation
processes (AOPs) oder erweiterte Oxidations-Verfahren (Kapitel 3). BTs and BTHs gehören
zu den Chemikalien, die in höchsten Konzentrationen in der aquatischen Umwelt aufzufinden
sind. Sie werden in sehr grossen Mengen produziert und für verschiedene Zwecke eingesetzt
wie zum Beispiel als Korrosionsinhibitor in Entfrostungsmitteln in der Luftfahrt und in Geschirrspülmitteln, oder als Vulkanisationsbeschleuniger für Produkte, die Kautschuk enthalten,
oder in Pflanzenschutzmittel. Aufgrund ihrer chemischen Stabilität und ihres ubiquitären
Vorkommens in der aquatischen Umwelt (teilweise mit sehr hohen Koneznetrationen bis zu
!10 µg L-1), kann vermutet werden, dass BTs and BTHs ziemlich resistent gegenüber einem
natürlichen Abbauprozess, einschliesslich Sonnenlicht-induzierte Transformationsprozesse,
sind. Deshalb wurde die Effizienz und die Anwendung von Photooxidations-Prozessen als
mögliche Strategie zur Entfernung dieser Verbindung aus kontaminierten Wässern evaluiert.
Das photochemische Verhalten dieser Verbindungen wurde für eine UV-C Bestrahlung
("!254 nm) und den UV/H2O2 Prozess, unter typischen Bedingungen, wie sie in der Wasseraufbereitung vorzufinden sind, für folgende Verbindungen untersucht: 1H-Benzotriazol (BT),
5-Methyl-1H-Benzotriazol (5-MeBT), 5-Chlor-1H-Benzotriazol (5-ClBT), Benzothiazol
(BTH), 2-Hydroxybenzothiazol (2-OHBTH), 2-Mercaptobenzothiazol (2-MBTH). Die meisten Verbindungen weisen ein Säure-Basen-Gleichgewicht auf und ihre pKa Werte wurden
bestimmt (7.7–8.5 für die BTs, 7.1 für 2-MBTH, und 8.9 für 2-OHBTH). Bei der direkte Phototransformation von BT, 5-MeBT, 5-ClBT, und 2-OHBTH ist die molekulare Spezies photoreaktiver als die deprotonierte Spezies dieser Verbindungen. Das umgekehrte photochemische
Verhalten wurde für 2-MBTH beobachtet, wo die deprotonierte Spezies sich schneller abbauen lässt als die molekulare Spezies. Allerdings ist die Quantenausbeute für die direkte Phototransformation unter UV-C Bestrahlung für alle Verbindungen ziemlich gering (9.0"104

!3.0"10-2 mol einstein-1). Dies deutet drauf hin, dass die UV Behandlung nicht effizient ge-

nug ist, um diese Verbindungen aus kontaminierten Wässern zu beseitigen. Die Zugabe von
H2O2 zu den Wasserproben bei gleichzeitiger UV-C Bestrahlung bewirkt die Bildung von
xiii

Hydroxyl-Radikalen, welche die Hauptoxidationsmittel im UV/H2O2 Prozess sind. Die Reaktivität von BTs und BTHs mit Hydroxyl-Radikalen wird mit der Geschwindigkeitskonstante
zweiter Ordnung charakterisiert und wurde für einen Bereich zwischen 5.1!10.8"109 M-1s-1
bestimmt, welcher üblich für aromatische aquatische Schadstoffe ist. Der Abbau von BTs und
BTHs mittels UV/H2O2 Prozess wurde in Abwasser und Flusswasser getestet, um den Effekt
von Wasserbestandteilen auf die Transformation von Mikroverunreinigungen abzuschätzen.
Es könnte eine effiziente Entfernung mit dem UV/H2O2 Prozess erzielt werden. Die Wirksamkeit des Abbaus hängt davon ab, wie stark die Hydroxyl-Radikale von den Wasserbestandteilen, hauptsächlich von DOM/EfOM und Karbonat/Hydrogencarbonat, abgefangen
werden. Anhand von Berechnungen, die auf Fluenz-basierten Geschwindigkeitskonstanten
und auf Vergleichen mit anderen Studien beruhen, wird aufgezeigt, dass der Energiebedarf
und die Behandlungskosten mit dem Abbau von anderen aromatischen Mikroverunreinigungen vergleichbar sind.
Im dritten Teil dieser Doktorarbeit wurde das photochemische Verhalten von Benzotriazolen
und Benzothiazolen unter natürlichen Bedingungen untersucht, worüber bisher kaum Informationen verfügbar waren (Kapitel 4). Bestrahlungs-Experimente wurden mit einem Sonnensimulator durchgeführt. Die BTs zeigen eine geringfügige direkte photochemische Aktivität
auf (5-ClBT > 5-MeBT > BT). Der Abbau von BTs in Abwasser, welcher durch angeregtes
EfOM und/oder andere Photooxidantien hervorgerufen wird, ist leicht erhöht. Die Geschwindigkeitskonstante erster Ordnung für die Phototransformation der BTs ist sehr niedrig und die
Halbwertszeiten liegen in der Grössenordnung von Wochen. Dagegen zeigen BTH und 2OHBTH keine Photoreaktivität unter Sonnenlicht auf. Nur für 2-MBTH wurde eine sehr hohe
Geschwindigkeitsrate der Phototransformation gemessen und die entsprechenden Halbwertszeiten liegen in der Grössenordnung von wenigen Tagen. Eine detailliertere kinetische Untersuchung wurde mit 1H-Benzotriazol (BT) und 2-Mercaptobenzothiazol (2-MBTH) gemacht,
um ihr photochemisches Verhalten in verschiedenen Wassermatrizen unter natürlichen Bedingungen zu untersuchen. BT wird hauptsächlich durch indirekte photochemische Prozesse
in Flusswasser und Abwasser abgebaut, während die direkte Phototransformation vernachlässigbar gering ist. Dagegen wird 2-MBTH hauptsächlich durch direkte Phototransformation in
Flusswasser und Abwasser abgebaut. Der Anteil der indirekten Phototransformation beträgt
im Schnitt 30% für die verschiedenen Wasserproben. Die Ergebnisse zeigen eindeutig, dass
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BTs und BTHs, ausser 2-MBTH, ziemlich unempfindlich gegenüber Sonnenlicht-induzierten
Transformationsprozessen sind.
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Chapter 1
General introduction

Chapter 1

1.1 Micropollutants in the aquatic environment
The American Chemical Society`s Chemical Abstracts Service (CAS) Registry updates its
database, which contains nowadays 85 Millions inorganic and organic substances, each day
with around 15'000 new substances (CAS 2014). In Switzerland 140'000 chemical products
are registered for sale and the Federal Office for Environment states that 30'000 substances
are used regularly in numerous products (FOEN 2014). Analytical methods are continuously
improving with concomitant enhanced possibilities to detect such substances in trace concentration in natural and technical aquatic systems (Richardson and Ternes 2011). Organic compounds analyzed in micrograms to nanograms per liter or even lower are often called micropollutants (Schwarzenbach et al. 2006), but terms such as organic pollutants or just organic
contaminants are synonymously used in this thesis. Micropollutants originate from various
applications such as pesticides, antibiotics, pharmaceuticals, cosmetics, flame retardants or
industrial chemicals and are frequently detected in trace concentrations in aquatic systems
(wastewater, surface water, groundwater and drinking water) (Kolpin et al. 2002,
Schwarzenbach et al. 2010, Schwarzenbach et al. 2006, Ternes et al. 2009, Ternes et al. 2002,
Westerhoff et al. 2005). There are manifold pathways how micropollutants enter the aquatic
environment such as run-off from urban areas, agriculture e.g. by crop spraying, atmospheric
deposition and discharge of wastewater effluents into surface waters. Organic micropollutants
are only partially removed by conventional wastewater treatment due to biodegradation
and/or sorption (Hollender et al. 2009, Joss et al. 2005). The adverse effect caused by aquatic
organic contaminants to aquatic ecosystem and human health is often unknown. Organic pollutants are found to be carcinogenic, mutagenic or hormone active among many other toxicological endpoints (Westerhoff et al. 2005). Therefore, a contamination of water resources with
individual compounds or even a cocktail of micropollutants is not desired, in particular if they
are utilized for drinking water purposes.
Mitigation strategies are intensively debated in research and practice and there is a broad
agreement that it should be a priority to avoid the release of organic contaminants into the
aquatic environment (Larsen et al. 2004, Schwarzenbach et al. 2006). In environmental policy,
source control is a relevant instrument, which aims at avoiding the use of persistent or toxic
organic chemicals and controlling the availability of such chemicals on the market. Another
important strategy is based on the principle that micropollutants should be removed from the
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contaminating source, before they are released into aquatic systems. Several treatment processes for micropollutant removal are available, such as nanofiltration, reverse osmosis, powdered activated carbon or oxidation processes. Oxidation processes are well-established and
effective processes for the abatement of many organic contaminants and are based on the
principle that through oxidation micropollutants get degraded by ozone or other oxidants.
Advanced oxidation processes (AOPs) are based on hydroxyl radical. A detailed overview of
AOPs is presented in chapter 1.5.
In natural aquatic systems, sunlight-induced transformation processes can contribute significantly to mircopollutant abatement, in particular for compounds that persist biological transformation and abiotic processes such as hydrolysis (Tixier et al. 2002). This thesis focuses on
two classes of micropollutants: (I) sulfonamide antibiotics used in the human and veterinary
medicine and (II) benzotriazoles and benzothiazoles applied in household and industrial
chemicals. Both chemical classes are quite recalcitrant to transformation processes by mircroorganism and their sorption ability is low. This implies that these compounds are mobile and
persistent in the aquatic environment (Yu et al. 2009). The general aim of this thesis is to get
a fundamental understanding on the abatement of sulfonamide antibiotics, benzotriazoles and
benzothiazoles by various natural and technical photo-induced processes.

1.2 Basics of photochemistry
The core of this thesis deals with the light-induced transformation of micropollutants in surface waters and wastewater effluents. In this section, fundamental concepts of aquatic photochemistry are summarized to understand the basic processes and mechanisms with a particular emphasis on the role of DOM and hydroxyl radicals in light-induced transformation processes.
Absorption of light by a compound is a prerequisite for photochemical reactions inducing its
transformation to occur, which is known as the first law of photochemistry (Grotthus-Draper
law) (Leifer 1988). For environmental conditions this implies that light absorption of a compound has to overlap partially with the spectrum of sunlight reaching the surface of the earth
(290–800 nm). The ability of a compound to absorb light at a given wavelength, expressed as
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the molar absorption coefficient !", can be easily determined via the Beer-Lambert law. A
schematic overview of the excitation of a molecule by light is presented in Figure 1.1, which
is known as Jablonski diagram and briefly discussed (Jablonski 1933, Turro et al. 2009).
When a molecule absorbs light, electrons in their ground state (S0) get excited to a higher
state of electronic energy, referred to as first excited singlet state (S1). An excited state is
characterized by an enhanced reactivity, in some cases physicochemical properties (such as
pKa) of an excited molecule can deviate from the molecule in its electronic ground state. The
higher energetic level tends primarily to lose its energy by physical processes in a radiative or
non-radiative way. The molecule can lose its energy as heat (internal conversion) or as light
(fluorescence) followed by a return to its ground state. Alternatively, through intersystem
crossing an excited triplet state can be formed, which is in turn instable and may decay by
light emission (phosphorescence), or heat loss (intersystem crossing to ground state), or energy transfer to another molecule (photosensitization). Compounds exhibiting the ability to
absorb light with a subsequent energy transfer to another compound are termed photosensitizers. Light absorption can also lead to a transformation, which means that the structure of a
compound is changed. However, a complete mineralization is rarely achieved. The efficiency
of photochemical reactions (formation of transformation-products) is described by the quantum yield, which is defined as the ratio between the number of transformed molecules of a
compound and the number of absorbed photons (Braslavsky 2007).
This study focuses on light-induced transformation of organic pollutants and it is essential to
distinguish between two possible transformation pathways: (I) Light absorption by a compound provokes its transformation, which is known as direct phototransformation or direct
photolysis. (II) Light absorption by a compound generates reactive species with the capability
to transform or attack other compounds in the system. This process is known as indirect phototransformation or indirect photolysis (Schwarzenbach et al. 2003). The most important light
absorber and photosensitizer in natural waters is dissolved organic matter (DOM), which initiates transformation processes for the abatement of many micropollutants in the aquatic environment (Canonica 2007). However, DOM can also inhibit light-induced transformation
processes (Canonica and Laubscher 2008) or scavenge reactive intermediate. Furthermore, the
available light for a micropollutant or other photosensitizers can be reduced through absorption of light by DOM. Because of the importance of DOM a brief overview over DOM is
given, before photochemical processes are discussed in more detail (Section 1.3).
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Figure 1.1. Simplified energy state diagram of a molecule known as Jablonski diagram according to (Turro et al. 2009).

1.2.1 Dissolved Organic Matter
Dissolved organic matter (DOM) is operationally defined as the fraction that passes through a
0.45 µm membrane filter. DOM is measured as dissolved organic carbon (DOC), which corresponds to #50% of the weight of DOM. The fraction, which is retained by the filter, is defined as particulate organic matter (POM). DOM is characterized by its heterogeneous and
complex cross-linked structure associated with a vast variety of functional groups (Leenheer
and Croué 2003). A major component of DOM are humic substances (50!75%), which represent about 25% of the total organic carbon (TOC) on earth (McDonald et al. 2004). Humic
substances are responsible for the brown or yellowish color in natural waters. According to
their solubility, humic substances can be further divided into humic acids, fulvic acids and
humins (Leenheer and Croué 2003). Moreover, DOM can be classified by its origin to allochthonous (terrestrial) or autochthonous (aquatic) sources. Effluent organic matter (EfOM)
is composed of natural organic matter (NOM) and soluble microbial products (SMPs). The
composition of EfOM depends strongly on the wastewater treatment and its origin (domestic
or industrial wastewater, catchment) (Shon et al. 2006). To date it is not possible to describe
the exact structure of DOM or EfOM and their functionalities. Therefore, an approach based
5
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on several methods (Abbt-Braun et al. 2004) such as elementary analysis, UV spectroscopy,
fluorescence, pyrolysis (gas chromatography-mass spectrometry, GC-MS), molecular weight
and its distribution (Hesse and Frimmel 1999, Huber et al. 2004, Huber et al. 2011) or recently developed methods based on the electron donating capacity (EDC) (Aeschbacher et al.
2010) has to be used to characterize DOM/EfOM.
1.2.2 River water and wastewater effluent samples
In this study, the sampled river water and wastewater were characterized by size-exclusion
chromatography coupled with an organic carbon detector (SEC-OCD) (Huber et al. 2011).
The method is based on the fractionation of the DOM/EfOM according to the molecular
weight. The obtained fractions are defined as biopolymers, humic substances, building blocks,
low molecular weight (LMW) acids and neutrals. A typical SEC-OCD chromatogram for
studied river waters and wastewater effluents is shown in Figure 1.2. The river waters and
wastewater effluents differ significantly in the distribution of the single fractions. DOM of
river water mainly contains humic substances with a minor portion of building blocks, LMW
acid and biopolymers, whereas in wastewater effluents clearly the biopolymers fraction is
pronounced, which contains higher levels of nitrogen (data not shown), indicating that proteins are important components. Compared to river water samples, wastewater effluent samples comprise a higher fraction of building blocks, which are supposed to be breakdown
products of humic substances and a higher fraction of LMW acids, which are possibly products of biological wastewater treatment (Huber et al. 2011). Irradiation of river water and
wastewater for 2 days showed that the distribution of the SEC-OCD DOM fractions is not
significantly affected by simulated solar light. The sampling location and other water quality
parameters of the studied waters are given in detail in section 2.2.2. In this thesis, also two
DOM reference materials were used to represent two distinct DOM sources in aquatic systems: An autochthonous source of DOM derived purely from algal and microbial activity
(Pony Lake fulvic acid, PLFA), and an allochthonous source of DOM derived mainly from
terrestrial material (Suwannee River fulvic acid, SRFA).
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Figure 1.2. Typical SEC-OCD chromatogram of river water and wastewater effluent samples
used in this study (HS: humic substances, BB: building blocks, LMW-acid: low-molecularweight acid). Both river water samples were taken from Thur river near Niederneuenforn in
Switzerland at a discharge of 54 m3 for river water I (after a heavy rain event) and 16.4 m3 for
river water II. Wastewater effluent was sampled from the pilot wastewater treatment plant at
Eawag in (Dübendorf, Switzerland).

1.3 Photochemical transformation processes in surface waters and wastewaters
Whether a micropollutant is transformed or remains intact during irradiation depends on some
specific physicochemical properties therof (susceptibility to direct and/or indirect phototransformation) and the photochemical activity of the water. Photochemical activity of water is
affected by the water quality, because the water matrix components (DOM/EfOM, nitrate,
nitrite, carbonate etc.) determine the sources and sinks of photooxidants and radicals.
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Direct phototranformation
TC
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Indirect phototranformation
hv

DOM
NO3-/NO2DOM/EfOM

hv
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3CDOM*

(2)

OH!

(3)

OH!

(4)

TC

TCPhot

(5)

Scavenging of radicals/oxidants leading to secondary oxidants
3DOM* +

O2

OH! + CO32-

DOM + 1O2 (6)
CO3!-

(7)

TC

TCPhot (5)

Quenching photooxidants/radicals
3DOM*

OH!
1O
2
CO3!-

water matrix components

products (8)

Inhibition of TC transformation
3DOM* +

TC

TC!++ DOM

DOM!! + TC!+ (9)
TC (10)

Scheme 1.1. Simplified model of light-induced processes illustrating the sources and sinks of
photooxidants/radicals (h!: energy of photon/light, TC: target compound, TCPhot: phototransformed products, DOM: dissolved organic matter, EfOM: effluent organic matter, 3DOM*:
excited triplet state of DOM, !OH: hydroxyl radical, 1O2: singlet oxygen).

Scheme 1.1 depicts the most important sources and sinks of photooxidants/radicals in aquatic
systems. The numbers in brackets in Scheme 1.1 refer to the occurring light-induced processes, which are discussed in the following section. Particular focus is given on oxidants and
quenchers, which are specifically derived from wastewater. It has to be kept in mind that all
mentioned processes take place concomitantly.
1.3.1 DOM as a photosensitizer
DOM is one of the main absorbers of sunlight in aquatic systems. The light absorption of
DOM is the initial process for various subsequent reactions. Scheme 1.2 illustrates these
8
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processes (the numbers in brackets refer to the individual reaction). Similar to an organic
compound (Figure 1.1), the chromophoric moieties of DOM (CDOM, below simplified as
DOM) can be excited to singlet state 1DOM* (11), which can subsequently be deactivated to
the electronic ground state by fluorescence and/or internal conversion (13). Charge separation
(12) may also occur leading to the formation of the hydrated electron (Thomas-Smith and
Blough 2001). 1DOM* can also convert via intersystem crossing to an excited tripled state
(3DOM*) (14), which, as 1DOM*, is characterized by unpaired electrons and by a better electron donor and acceptor than the ground state of DOM. The 1DOM* has a lifetime in the order of nanosecond, which is too short-lived to be important for photochemical reaction
(Richard and Canonica 2005). The lifetime of 3DOM* is in the range of 2-80 µs (Sharpless
2012) and it can be deactivated through phosphorescence (15) and/or intersystem crossing to
the ground state (15). However, 3DOM* can react with a target compound, TC, (e.g. micropollutant) through electron transfer (16). The resulting radical cation TC+! is transformed
to more stable products (17) (Canonica et al. 1995, Zepp et al. 1985). Oxidative transformations induced by models of 3DOM* were demonstrated with aromatic ketones such as benzophenone, 3’-methoxyacetophenone and 2-acetonaphtone. In their triplet state, they are strong
one-electron oxidants and have been used as model photosensitizers (Canonica et al. 2000,
Wenk et al. 2011). However, the first oxidation intermediate of TC (TC!+) can be reduced
back to its parent compound by DOM (18). A transformation can also be initiated by an energy transfer from 3DOM* to a target compound (19) when the triplet energy of the target
compound is about the same or lower than the energy of excited triplet DOM, in which the
processes shown in Figure 1.1 apply (Zepp et al. 1985).

Scheme 1.2. Excitation of dissolved organic matter by light absorption to 1DOM* and subsequent photophysical and photochemical processes.
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3

DOM* can interact also with other components present in the water, whereby the triplet state

can be quenched with a concomitant generation of radicals and/or photooxidants (Scheme
1.1). One noteworthy quencher is dissolved oxygen leading to the formation of singlet oxygen
(1O2) ((6) in scheme 1.1) (Zepp et al. 1977). In pure water, 1O2 has a lifetime of ~4 µs (Burns
et al. 2012). Recent studies suggest that the production of 1O2 depends on the type and origin
of DOM (Peterson et al. 2012). Lower molecular size fractions (<1kDa) of EfOM exhibit a
higher 1O2 yield than fractions above 10 kDa (Mostafa and Rosario-Ortiz 2013). However,
1

O2 is a very selective oxidant (Haag and Hoigne 1986) and its reactivity for many micropol-

lutants is low. Therefore, transformations induced by 1O2 were not examined in this thesis.
1.3.2 Hydroxyl radical
Hydroxyl radical can be produced by photosensitization of DOM/EfOM, photolysis of NO3and NO2- ((3) and (4) in Scheme 1.1) and the photo-Fenton process (Brezonik and FulkersonBrekken 1998, Haag and Hoigne 1985, Vaughan and Blough 1998). The latter process was
not subject of this thesis. Among the generated photooxidants/radicals, hydroxyl radical has
the distinct property to react almost diffusion-controlled with most organic compounds
(Buxton et al. 1988, Haag and Yao 1992). On the one hand, it is beneficial that hydroxyl radical has high reactivity towards most organic contaminants leading to their transformation. On
the other hand, hydroxyl radical is easily scavenged by water matrix components such as carbonate/bicarbonate and DOM lowering the efficiency of micropollutant transformation. The
steady state concentration of hydroxyl radical depends on the relative rates of production and
scavenging processes (Hoigne et al. 1989). Nitrate, nitrite and DOM/EfOM are the main
sources of hydroxyl radical in aquatic systems, whereas carbonate, bicarbonate and
DOM/EfOM are the main sinks for hydroxyl radical (Richard and Canonica 2005, Vione et al.
2006). The formation mechanism of free hydroxyl radical by DOM/EfOM is not completely
understood (Page et al. 2011). Several possible reaction mechanisms were investigated and
proposed such as that excited DOM/EfOM can withdraw an electron from aqueous hydroxide
forming a hydroxyl radical. Also metals, which are bind as complexes with DOM, can undergo Fenton reaction leading to hydroxyl radical formation (Vaughan and Blough 1998).
Another reaction mechanism suggests that hydroxyl radical originates from the photolysis of
hydrogen peroxide, which is produced by irradiated DOM (Zhang et al. 2012). Higher yields
of hydroxyl radical formation during irradiation were detected for wastewaters compared to
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DOM reference materials (Dong and Rosario-Ortiz 2012, Dong et al. 2010, Rosario-Ortiz et
al. 2008). This was explained by a higher nitrate concentration leading to an increased hydroxyl radical formation through nitrate photolysis and reactions photo-induced by EfOM.
Nitrate and nitrite are another important source for hydroxyl radical in natural waters and
wastewater effluents and can contribute significantly to hydroxyl radical-based transformation
processes of micropollutants (Vione et al. 2005). The production rate of hydroxyl radical depends on the concentration of nitrate/nitrite, quantum yield of hydroxyl radical formation,
molar absorption coefficient for nitrate/nitrite at a given wavelength range, photon fluence
rate and emission spectra of the light source. Table 1.1 lists hydroxyl radical formation rates
for studied waters (corresponding water quality parameters are given in Table 2.1) and calculations were done as described in Text S2.3 in Supporting Information of chapter 2 (with a
photon fluence rate of 135 µeinstein m-2 s-1).
Under sunlight conditions the quantum yield for the production of hydroxyl radical is substantially higher for nitrite than for nitrate (Schwarzenbach et al. 2003). Therefore, a low nitrite
concentration can still contribute to the total hydroxyl radical production. In general, nitrate
and nitrite concentrations are higher in wastewater but more variable than in surface water,
because the wastewater treatment efficiency can vary due to variability in biological treatment
processes (Schreiber et al. 2012). In wastewater samples used in this study, nitrite concentrations are lower than nitrate concentration (µgN L-1 versus mgN L-1), but the photolysis of nitrite also contributes significantly to hydroxyl radical formation (Table 1.1). Reduction of the
production rate of hydroxyl radicals in wastewater A2 was caused by removing nitrate and
nitrite through elctrodialysis from wastewater A1. For studied surface waters, nitrate was
most often the dominant precursor of hydroxyl radical, because nitrite generally occurs here
in very low concentration or was most often not found (<0.25 µgN L-1).
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Table 1.1. Estimation of hydroxyl radical formation rates by nitrate, nitrite
and EfOM for studied water samples.
production rate of hydroxyl radical rf(OH) from
NO3- a

NO2- b

EfOM c

Water samples

mol L-1 s-1 (%)

mol L-1 s-1 (%)

mol L-1 s-1 (%)

River water B

1.4 $10-11 (72)

5.2 $10-12 (27)

-

Wastewater A1

6.9 $10-11 (40)

4.9 $10-11 (30)

5.0 $10-11 (30)

Wastewater A2

1.2 $10-12 (3)

7.9 $10-13 (2)

4.3 $10-11 (95)

Wastewater B

3.1 $10-11 (10)

2.4 $10-10 (77)

4.2 $10-11 (13)

a

with quantum yield of 0.009 and molar absorption coefficient for " = 300-335.
with quantum yield of 0.038 and molar absorption coefficient for " = 300-400.
c
with a hydroxyl radical formation rate of 0.9 $10-7 MOHMc-1 s-1.
b

1.3.3 Other radicals and photooxidants
The carbonate radical can also contribute to micropollutant transformations. It is formed when
carbonate/bicarbonate reacts with hydroxyl radical (Larson and Zepp 1988) and 3DOM*
(Canonica et al. 2005). The rate constant for the reaction of hydroxyl radical with carbonate is
3.9$108 M-1 s-1 and with bicarbonate 8.5$106 M-1 s-1 (Buxton and Elliot 1986). The selfreaction of carbonate radical was calculated with a second order rate constant of 2$107 M-1 s-1
in the absence of scavengers (Chen and Hoffman 1973), and the second-order rate constants
for the reaction of carbonate radical with SRFA was determined to be 280±90 (mgC L-1)-1 s-1
(Canonica et al. 2005). However, they are very specific oxidants and rate constants with many
organic contaminants are orders of magnitudes lower than for the reaction with hydroxyl radical (Chen et al. 1975, Neta et al. 1988). For sunlit waters it was estimated that carbonate radicals have a comparable impact on micropulltants transformation as 3DOM* when their reactivity with a compound is above 1.0$109 M-1 s-1 (Canonica et al. 2005). DOM/EfOM compete
with carbonate/bicarbonate for scavenging of hydroxyl radical, depending on their relative
concentration. Based on the carbonate-alkalinity, the fraction of hydroxyl radical scavenging
by carbonate/bicarbonate was estimated to range between 20–50% for the studied waters (Table 2.1), but estimations are highly dependent on the reaction rate constants of hydroxyl radi-
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cal with DOM/EfOM, which is often unknown for a particular water and vary in the range of
1.4–3.3 (mgC L-1)-1 s-1. Other photooxidants/radicals are of minor importance. Hydroperoxyl/superoxide radical anions (HO2/O2!-) can be produced by photochemical reactions of
DOM and these radicals are intermediates in the redox cycle of metals (Zafiriou et al. 1998).
Hydrogen peroxide can be produced by photochemical reactions of DOM (Zhang et al. 2012).
1.3.4 Antioxidant properties of DOM/EfOM
Besides the dynamic system of generating and quenching photooxidants and radicals, an inhibitory effect of DOM on indirect phototransformation processes has been proposed
(Canonica and Laubscher 2008). This process is different from scavenging/quenching of photooxidants or radicals by DOM/EfOM. DOM acts rather as a reducing agent. It is proposed
that oxidation intermediate of a micropollutant (TC!+) is reduced by DOM back to the parent
compound (TC) (reaction 9 and 10 in Scheme 1.1). The quenching of the triplet states by
DOM itself could be excluded for environmentally relevant conditions ([DOM] % 22 mgC L-1)
(Wenk et al. 2013). However, the study has shown that DOM is in principle ([DOM] = 22–72
mgC L-1) able to quench triplet states of two uncharged (neutral) model photosensitizers. The
inhibitory effect on triplet-induced transformations was demonstrated for anilines and sulfonamide antibiotics, where terrestrial DOM had a more pronounced inhibition than aquatic
DOM or natural waters (Wenk et al. 2011). Phenolic moieties in DOM were proposed to
cause an inhibition for triplet-induced transformations. Phenolic groups have been known as
antioxidants for a long time in food and plant science (Rice-Evans et al. 1996, Rice-Evans et
al. 1997). This supports the finding that terrestrial DOM with a higher aromaticity exhibits
higher inhibition efficiency. With phenol as a model inhibitor, this antioxidant effect was
simulated systematically for DOM-induced photochemical processes (Wenk and Canonica
2012). A recently developed method to determine the electron accepting and donating capacity of humic substances (Aeschbacher et al. 2010), supports the hypothesis that phenolic
moieties provoke reduction processes by electron transfer (Aeschbacher et al. 2012).
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1.4 Basics of reaction kinetics
The previous sections discussed photochemical transformation processes in natural waters
and wastewaters with their manifold ways of how photooxidants/radicals are generated and
scavenged. To assess the efficiency of micropollutant transformations, available photooxidants/radicals have to be evaluated for a given system (water quality, light spectrum) and the
direct photochemical activity of a micropollutant has to be determined. To quantify the photochemically induced abatement of a micropollutant, pseudo-first order and second-order kinetics are used in this thesis. The basics of reaction kinetics are briefly described here. For
the reaction of a photooxidant/radical (OX) with a target compound (TC), such as a micropollutant, the following rate law can be formulated:
" d[TC ] %
$
' = (k' '[TC ][OX ]
# dt &

(1.1)

Where k'' (M-1 s-1) is the second-order rate constant and square brackets are used to indicate
!

concentration (M). More than 2000 second-order rate constant for the reaction of hydroxyl
radical with inorganic and organic compounds are available in the literature (Buxton et al.
1988). Assuming that the concentration of the oxidant is constant during the reaction with TC,
equation (1.1) reduced to equation (1.3) by substituting with following equation (1.2):

!

k' = "k' '[OX ]SS

(1.2)

" d[TC ] %
$
' = (k'[TC ]
# dt &

(1.3)

The abatement of a target compound (TC) follows an exponential decrease (see Figure 1.3 a)
!

and k' (s-1) can be easily obtained by measuring the TC concentration as a function of time
and applying equation (1.3) by plotting ln

[TC ]
versus the irradiation time t (Figure 1.3 b).
[TC]0

Phototransformation half-lives t1/2 of a micropollutant can be calculated from the experimentally determined pseudo-first order
! rate constants:
t1/ 2 =

!
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Other factors such as night and day time, variability of sunlight intensity and cloud cover
should be accounted to estimate half-lives under environmental conditions. The influence of
environmental factors on half live estimations is discussed in Section 2.4. Second-order rate
constants for the reaction of hydroxyl radical with benzotriazoles and benzothiazoles were
determined in this study by competition kinetics according to equation (1.5):
" [TC ]
t
ln$$
[TC
]
t0
#

!

%
" [R]
t
'' = ln$$
[
R]
&
# t0

% "k
%
'' ( $ OH ,TC '
& # kOH,R &

(1.5)

Briefly, a reference compound R with its known reactivity towards hydroxyl radical kOH;R is
used to determine the reactivity of a target compound with hydroxyl radical kOH;TC (Chapter
3.2.4).

Figure 1.3. (a) Evolution of the concentration of a target compound (TC) (b) plot of ln

[TC ]
[TC]0

vs. irradiation time t to determine k' as a slope (Eq. 1.3).
!
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1.5 Advanced oxidation processes (AOPs)
AOPs are applied for the abatement of environmentally persistent organic compounds and
micropollutants, which are recalcitrant in water treatment processes such as ozonation and/or
sorption. Hydroxyl radical can be generated either by photolysis of hydrogen peroxide
(UV/H2O2) or by ozone-based processes (O3, O3/H2O2, O3/UV, O3/UV/H2O2) (von Sonntag
and von Gunten 2007). The selection of the optimal AOP depends on several factors such as
hazardous by-product formation, energy requirement, water quality and on already existing
infrastructure with its limitations for upgrading. One inevitable reason to use the UV/H2O2
process is a high concentration of bromide (>50 µg L-1), because UV/H2O2 does not lead to
the formation of the potentially carcinogenic bromate, whereas it is formed in ozone-based
AOPs (von Gunten 2003). In this thesis, the abatement of benzotriazoles and benzothiazoles
by the AOP UV/H2O2 process is investigated. Therefore, the following discussion is limited to
the AOP UV/H2O2.
Micropollutants degrade by two possible pathways in the UV/H2O2 process. The organic
compound can be directly photolyzed and/or oxidized by hydroxyl radical. Only a few organic compounds undergo direct phototransformation. The oxidative transformation in the
AOP UV/H2O2 is often dominated by hydroxyl radical, which is generated by UV photolysis
of hydrogen peroxide (H2O2):

(1.6)
H2O2 exhibits a molar absorption coefficient of 18.6 M-1cm-1 at 254 nm. The quantum yield of
hydroxyl radical formation is 1 ( " •OH = 1 ). Therefore, 1 mol of !OH is formed per mol photolyzed H2O2 (Legrini et al. 1993). Hydroxyl radical reacts with a micropollutant mainly by
addition reactions, or H-abstraction.
Electron transfer reactions by hydroxyl radical are rare
!
(von Sonntag 2012).
During the UV/H2O2 process other oxidants/radicals can be formed due to the high reactivity
of hydroxyl radical with dissolved matrix components and by subsequent propagation and
chain reactions (Legrini et al. 1993, Litter 2005, Poyatos et al. 2010, Rosenfeldt and Linden
2007). These processes are illustrated in Scheme 1.3. Process 21 and 22 in this scheme are
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already discussed in Section 1.3. In addition, hydroxyl radical attack on organic compounds
can lead to a carbon-centered radical by hydrogen-abstraction, which rapidly reacts with
nearby O2 generating peroxyl radicals (with kR-C,O2 = 2$109 M-1 s-1) (von Sonntag et al.
1997). The oxidizing potential of peroxyl radicals depends on the structure and substitutes of
the carbon-centered precursor R. The bimolecular decomposition of peroxyl radicals follows
mainly by a Russell-type mechanism with tetroxides as a short-lived intermediate.
Hydroxyl radical react mostly with water matrix components, such as DOM/EfOM, leading to
oxidation by-products (OBP). In general, hydroxyl radical attack on DOM/EfOM can lead to
smaller molecules, which are more biodegradable (biodegradable organic carbon (BDOC) and
assimilable organic carbon (AOC)). AOC is responsible for undesired bacterial growth in
drinking water distribution systems, if no residual disinfectant is used. Therefore, distribution
of drinking water, a biological post filtration step should be implemented to remove
AOC/BDOC.

Scheme 1.3. Fate of hydroxyl radical in the AOP UV/H2O2 for natural waters: Oxidation of
trace contaminants (TC), formation of secondary oxidants and oxidation by products (OBP).
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1.6 Thesis outline
In this thesis the photochemical transformation of selected micropollutants in surface waters
and wastewater effluents was investigated. Funding was provided by the Swiss National Science Foundation (SNF, project number 4061-40_125856 „Processes in rivers”) within the
project “Riverbank filtration under climate change scenarios” as part of the Nation Research
Program 61 (NRP 61) “Sustainable Water Management”. Chapters 2–3 are presented in the
form of papers, which are already published in peer-reviewed journals. Chapter 4 is presented
in the form of a paper, however it is not considered to be published.
Chapter 1. It consists of a basic introduction into principles of photochemical transformation
processes in the aquatic environment. The sources and sinks of photooxidants/radicals are
discussed, with a particular focus on the role of DOM/EfOM, which can promote or inhibit
transformation processes. The application of UV-based oxidation processes for water treatment is also discussed.
Chapter 2. The sunlight-induced photochemical transformation kinetics of two sulfonamide
antibiotics, namely sulfadiazine and sulfamethoxazole was studied. The impact of dissolved
organic matter from surface waters and wastewater effluents on phototransformation rate constants was investigated and reaction pathways and involved reactive species were identified.
Chapter 3. A systematic investigation of selected benzotriazoles (1H-benzotriazole, 5methyl-1H-benzotriazole, 5-chloro-1H-benzotriazole) and benzothiazoles (benzothiazole, 2mercaptobenzothiazole, 2-hydroxy-benzothiazole) was carried out to (i) elucidate their photochemical fate under UV light (" #254 nm), (ii) determine second-order rate constants for their
reactions with hydroxyl radical, (iii) assess the extend of their transformation by the advanced
oxidation process UV/H2O2 in real waters.
Chapter 4. The photochemical fate of benzotriazoles and benzothiazoles was investigated for
sunlit surface waters and wastewaters. For the single compounds 1H-benzotriazole and 2mercaptobenzothiazole, a more detailed survey of phototransformation rates in various waters
was performed. Based on these findings an assessment of their environmental fate was given.
Chapter 5. This chapter gives general conclusions of this study and provides an outlook for
further research.
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Abstract
Sulfadiazine (SD) and sulfamethoxazole (SMX) are widely used sulfonamide antibiotics,
which are present as contaminants in surface waters and are known to undergo phototransformation. This kinetic study was conducted to identify the processes responsible for their
phototransformation in sunlit surface waters. Water samples from the Thur River (Switzerland) and from a pilot wastewater treatment plant, as well as aqueous solutions of two wellcharacterized natural dissolved organic matter (DOM) extracts, namely Suwannee River and
Pony Lake fulvic acids (SRFA, PLFA), were examined. Both sulfonamides were found to undergo direct and indirect phototransformation, with contributions of excited triplet states of
DOM and of effluent organic matter (EfOM) and possibly of hydroxyl radical and other unidentified reactive species. Under simulated sunlight, SMX mainly reacted through direct phototransformation, with a certain contribution of indirect phototransformation occurring for a
wastewater effluent. The behavior of SD was found to be more diverse. For river waters,
wastewater effluents and PLFA solutions, indirect phototransformation was predominant,
while for SRFA solutions direct phototransformation prevailed. The rates of phototransformation of SD were interpreted as the result of a complex interplay between the photosensitizing
and the inhibitory effect of DOM/EfOM, with an additional component related to the nitrite
ion as a source of photoproduced hydroxyl radical. For typical conditions found in surface
waters comparable to the Thur River, phototransformation half-lives on the order of 3!13 d
were estimated for the two studied sulfonamides.
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2.1 Introduction
Pharmaceuticals and personal care products have been identified as contaminants of concern
owing to their ubiquitous occurrence and the risk that they might cause to the aquatic environment (Boxall et al. 2003, Daughton and Ternes 1999, Kolpin et al. 2002). Among the
pharmaceuticals, sulfonamide antibiotics are antibacterial compounds widely used in human
and veterinary medicine (Hirsch et al. 1999). Depending on their application, they may enter
the aquatic environment through wastewater effluents (Götz et al. 2010), leaching from manure (Sukul et al. 2008), or direct use in aquaculture ponds (Guerard et al. 2009a). Sulfonamide antibiotics, including the two title compounds, are frequently encountered at concentrations of 0.01!2 µg L-1 in surface waters (Hirsch et al. 1999, Hollender et al. 2009, Kolpin et al.
2002). Besides the possible risks connected to the presence of a low-concentration cocktail of
pharmaceuticals (Pomati et al. 2006), the main concern is that bacteria in the environment
might develop resistance against these antibiotics in spite of the low exposure levels (Dodd
2012, Dodd et al. 2009, Gilliver et al. 1999, Witte 1998).
The fate of sulfonamide antibiotics in the aquatic environment has been the subject of various
studies in recent years. Although the capability of certain bacterial strains to degrade sulfonamide antibiotics has been newly demonstrated (Bouju et al. 2012, Zhang et al. 2012),
investigations in an aquatic outdoor field microcosm lead to the conclusion that
biodegradation was not an important loss process for sulfamethoxazole (SMX) and suggested
photodegradation as the main depletion pathway (Lam et al. 2004). Boreen and co-workers
characterized the phototransformation of ten sulfonamides containing five-membered (Boreen
et al. 2004) and six-membered (Boreen et al. 2005) heterocyclic groups. While compounds of
the first class were shown to undergo uniquely direct phototransformation under sunlight, the
sulfonamides with the six-membered substituents were subject to both direct and indirect
phototransformation, the latter apparently initiated by excited triplet states of dissolved
organic matter (DOM), denoted hereafter as 3DOM*. The photochemical kinetic behavior of
sulfonamide antibiotics is complicated by the acid-base speciation of these compounds, which
exhibit two pKa, typically in the range of "1.5!3 and "5!8, respectively (Boreen et al. 2004,
2005). The direct phototransformation kinetics could be described satisfactorily by
considering the distinct species involved (protonated, neutral, anionic) and assigning them a
constant quantum yield (Boreen et al. 2004, 2005), a method which was also applied to
describe UVC-induced phototransformation of SMX (Canonica et al. 2008). At neutral pH,
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phototransformation of SMX (Canonica et al. 2008). At neutral pH, direct phototransformation half-lives (for mid-latitude, mid-summer, surface of water body conditions) were on the
order of "3!30 h, which should translate into half-lives of a few days to weeks if one considers the attenuation of light in a water body, daily and seasonal cycles, and meteorological
variability of solar irradiance (Zepp and Cline 1977). For SMX, an average half-life of 19 d
was found in the mentioned microcosm study (Lam et al. 2004), compatible with the just
mentioned rough estimation. The indirect phototransformation was studied in more detail for
SMX (Lam and Mabury 2005), sulfadimethoxine (Guerard et al. 2009a, Guerard et al. 2009b)
and sulfadiazine (SD) (Sukul et al. 2008). The transformation of sulfadimethoxine induced by
simulated sunlight was found to be accelerated in the presence of autochthonous (phytoplankton-derived) DOM, while allochthonous (from soil runoff) DOM did not enhance the transformation (Guerard et al. 2009a, Guerard et al. 2009b). The study on SD also showed an accelerating effect on the phototransformation rate induced by fulvic and humic acid. By contrast, the phototransformation of SMX was slowed down by DOM, which was attributed to
the light screening effect. A recent study (Ryan et al. 2011) showed that SMX may indeed
undergo indirect phototransformation in wastewater effluent, and excited triplet states of effluent organic matter (EfOM), denoted hereafter as 3EfOM*, as well as the hydroxyl radical
were proposed to be the key species involved.
Besides the just mentioned investigations, the inhibiting effects of DOM on triplet-induced
phototransformation of aquatic contaminants have to be considered as well (Canonica and
Laubscher 2008, Wenk and Canonica 2012, Wenk et al. 2011). Along with several other contaminants and model aromatic compounds, sulfonamides were shown to be importantly affected by such an inhibition. Allochthonous DOM was found to be a better inhibitor than autochthonous DOM, meaning that indirect phototransformation rates were lower in the presence of allochthonous DOM, in striking coincidence with the results by Guerard and coworkers on sulfadimethoxine (Guerard et al. 2009a, Guerard et al. 2009b). To date such an inhibiting effect of DOM on the indirect phototransformation of sulfonamides, induced by the
chromophoric components of DOM itself, has only been studied under laboratory conditions
using the UV-A and visible emission of a medium-pressure mercury lamp (Wenk and
Canonica 2012). An important result of the latter study was that phenolic antioxidants were
successfully used to mimic the inhibiting effect caused by DOM, and phenol was able to in-
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hibit the transformation of SMX and SD initiated by 3DOM*. However, the validity of such a
method still has to be demonstrated for the case of irradiation using (simulated) sunlight.
The present study was conceived to identify the various factors that affect the rates of sunlight-induced transformation of sulfonamide antibiotics in surface freshwaters, with a particular focus on DOM and EfOM. SMX and SD were selected as representative compounds of the
mentioned two categories of sulfonamides identified by Boreen and coworkers (Boreen et al.
2004, 2005). In the pH range investigated in this study (7.9!8.7), no influence of pH on transformation rates of both sulfonamide antibiotics is expected, since both compounds are present
almost exclusively (>96%) in their anionic form (pKa,2=5.7 for SMX and 6.4 for SD (Boreen
et al. 2004, 2005)). The photochemical transformation kinetics of SMX and SD was investigated under simulated sunlight for solutions of two well-characterized fulvic acids, in surface
waters and wastewaters, and in a number of water samples taken along the course of the Thur
River (North-East Switzerland). Additional mechanistic tests were performed by adding, to
the irradiation experiments, isopropanol and phenol to scavenge hydroxyl radical and oxidation intermediates of the sulfonamides, respectively.

2.2 Experimental section
2.2.1 Chemicals
The organic compounds sulfadiazine (SD, Sigma-Aldrich, >99%), sulfamethoxazole (SMX,
Sigma-Aldrich, >99%), 2,4,6-trimethylphenol (TMP, EGA-Chemie, >99%), isopropanol
(Sigma-Aldrich, >99%) and phenol (Fluka, >99.5%) were used without further purification.
All inorganic chemicals were analytical grade from common commercial sources. Ultrapure
water was produced by the “barnstead nanopure” water purification system from Thermo Scientific. Stock solutions of SD, SMX and TMP were made in ultrapure water at pH 8 with 5
mM phosphate (Na2HPO4/NaH2PO4). Pony Lake fulvic acid (PLFA) and Suwannee River
fulvic acid (SRFA) were used as standard DOMs and obtained from the International Humic
Substances Society. Stock solutions of standard DOMs were made in ultrapure water with an
approximate concentration of 100 mgC L-1, the exact DOM concentration was measured after
preparation of the stock solutions.
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Table 2.1. Sampled river waters and wastewaters with selected water quality parameters.
DOC

Nitrate

Nitrite

NH4+

Alkalinity

(mgC L-1)

(mgN L-1)

(µgN L-1)

("gN L-1)

(mmol L-1)

Spring water

0.4

0.3

< 0.25

7.3

1.65

7.9

River water A

3.8

1.1

< 0.25

-

4.4

8.1

River water B

2.5

2.8

11.2

12.7

4.99

8.5

Wastewater A1

6.6

13.9

106

79.6

6.21

8.0

Wastewater A2

5.8

< 0.25

1.7

17.7

1.18

7.5

Wastewater B

5.5

6.2

509

133

6.89

8.3

Wastewater C

5.6

2.7

25

191

8.37

8.0

Water samples

pH

2.2.2 River water and wastewater effluent samples
River water samples were taken from the Thur River, a tributary of the Rhine River located in
North-East Switzerland. The Thur River valley has no natural or artificial lake in its course.
The annual average discharge (1904!2011) is about 47 m3 s-1. The catchment is characterized
by its rural environment and agricultural activity. If not further specified, Thur River water
samples were taken at a single sampling point near Niederneunforn (47° 35! 60!! N, 8° 46! 60!!
E). A detailed description of the field site is given elsewhere (Diem et al. 2013, Schneider et
al. 2011). Sampling points of a one-day field campaign along the course of the Thur River are
described in detail in Text S2.1 in the Supplementary Information (SI). Wastewater effluent
was taken from a wastewater pilot plant of Eawag, receiving municipal wastewater of the city
of Dübendorf, Switzerland (mixed household and industrial origin). Selected water quality
parameters of the sampled river waters and wastewaters, which are relevant for the phototransformation studies, are given in Table 2.1. All sampled river waters and wastewaters were
directly filtered under vacuum by using pre-rinsed cellulose nitrate membrane filters of 0.45
µm pore size. The filtered samples were stored in glass bottles in the dark at 4 °C. A fraction
of the filtered wastewater sample A1 was treated by electrodialysis (PCCell GmbH, Heusweiler, Germany) to remove salts, in particular nitrate and nitrite, and the filtrate is termed as
wastewater A2 (Table 2.1). More water quality parameters of river and wastewater samples,
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samples, and river water samples of the one-day field campaign are listed in Tables S2.1 and
S2.2 in SI. Note that in all used water samples iron was below the limit of detection (<10 µg
L-1) as measured by ICP-OES.
2.2.3 Irradiation experiments
Steady state irradiations were performed in glass-stoppered quartz tubes (external diameter 18
mm, internal diameter 15 mm) using primarily a solar simulator (Heraeus model Suntest
CPS+). In brief, the sample tubes were exposed to the simulated solar light in a temperaturecontrolled ultrapure water bath (25.0±0.5 °C) located under the solar simulator. A detailed
description of the experimental set up is given elsewhere (Huntscha et al. 2008). Alternatively,
a DEMA 125 merry-go-round photoreactor (Hans Mangels GmbH, Bornheim-Roisdorf, Germany) equipped with a Heraeus Noblelight TQ 718 medium-pressure mercury lamp (MP Hg
lamp) was employed. It was operated with a borosilicate glass cooling jacket and a 0.15 M
sodium nitrate filter solution (permitting only transmission of wavelengths, #>320 nm)
(Wegelin et al. 1994), a typical configuration used to study photosensitized reactions and reduce the contribution of direct phototransformation to the total photoinduced transformation
(Canonica et al. 1995). For both irradiation setups, light screening effects caused by absorption of light in the irradiated samples, in particular by the DOM or EfOM present in the aqueous solutions and real water samples, were neglected because smaller than the typical relative
experimental error of "15% for the determination of phototransformation rate constants. For
the solar simulator, they were estimated to be <7.6% for SRFA solutions and <5.0% for all
other waters, based on the absorption coefficients of these samples at 310 nm, while for the
merry-go-round photoreactor they were even lower (calculations performed using the method
described in Wenk et al. (2011)).
During irradiation experiments, 400 "L samples were withdrawn from each tube at six equidistant time intervals during irradiation. With the solar simulator, water samples containing
SD, SMX and TMP were irradiated for a total time of 6, 8 and 2 hours, respectively. With the
merry-go-round photoreactor, overall irradiation times were 2 hours, 4 hours and 18 min, respectively. Solutions containing standard DOM were buffered at pH 8.0 with 5 mM phosphate (Na2HPO4/NaH2PO4). The pH of filtered river water and wastewater samples was in the
range of 7.5!8.5 (Table 2.1) and was not modified for the experiments. Each tube was filled
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with 16 mL either with ultrapure water, river water, wastewater or standard DOM and spiked
with an appropriate amount of stock solution of a single target compound (SD, SMX or TMP)
yielding a concentration of 1!5 µM. To assess the photosensitizing capacity of DOM, TMP
was used as a reference compound since the phototransformation of TMP is not inhibited by
DOM (Canonica and Laubscher 2008). Isopropanol (10 mM) was used as a hydroxyl radical
scavenger. Phenol (10 µM) was applied as a model compound to investigate the tripletinduced transformation of SD and SMX and to gain information about the antioxidant or inhibitive potential of DOM/EfOM in the water samples.
Actinometry was performed using an aqueous solution containing p-nitroanisol (10 µM) and
pyridine (600 µM) as described elsewhere (Dulin and Mill 1982, Kari et al. 1995). The photon
fluence rate in the range of 300!400 nm was calculated according to the method described in
(Canonica et al. 2008), using a wavelength-independent quantum yield of 0.000544 mol einstein-1 for the depletion of p-nitroanisol and spectral data that are given in Text S2.2 and Table S2.3, SI.
2.2.4 Analyses
High-performance liquid chromatography (HPLC) using UV absorbance and fluorescence
detection was employed to quantify the concentration of SD, SMX and TMP over the course
of the irradiations. Both an Agilent 1100 HPLC system equipped with a diode array detector
and a fluorescence detector or an equivalent Dionex Ultimate 3000 HPLC system were employed. Compounds were analyzed with isocratic programs at a flow rate of 1 mL min-1 on a
reverse-phase column (Nucleosil C18-5 µm, 125#3 mm Macherey-Nagel, Düren, Germany)
at room temperature. The mobile phase consisted of a mixture of acetonitrile (ACN)/10mM
phosphoric acid (pH 2.1) and was run at a proportion of 10/90 for SD, 20/80 for SMX and
50/50 for TMP, respectively. SD and SMX were detected by UV absorption at a wavelength
of 270 nm, and TMP was detected by fluorescence at an excitation wavelength of 225 nm and
an emission wavelength of 316 nm. Pseudo-first-order depletion rate constants of the target
compounds, termed in the following as phototransformation rate constants (kp), were obtained
by linear regression of the logarithmic concentration values at each sampling time.
DOM concentrations of all filtered (0.45 µm) water samples and fulvic acid solutions were
measured as dissolved organic carbon (DOC) using a Shimadzu model TOC-V CPH analyzer
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(Shimadzu Corporation, Kyoto, Japan). Carbonate/bicarbonate concentrations were measured
as alkalinity by titration with 0.1 M hydrochloric acid (endpoint pH 4.5) using a Titrando 809
potentiometric titrator (Metrohm, Zofingen, Switzerland). Nitrite was analyzed colorimetrically by addition of a reagent composed of aminobenzenesulphonamide and N-(1-Naphthyl)ethylendiaminhydrochloride. The absorbance of the resulting red azo dye was measured at
543 nm using a Cary 100 spectrophotometer (Varian AG, Zug, Switzerland). Ammonium
concentrations were measured based on the reaction of ammonium with hypochlorite under
alkaline conditions to give chloramine. This further reacts with salicylic acid to a blue dye
complex (dichlorophenolindophenol), whose absorbance is measured at 690 nm. Nitrate concentrations were measured with a Metrohm model 761 Compact ion chromatograph
(Metrohm Schweiz AG, Zofingen, Switzerland).

2.3 Results and discussion
2.3.1 Phototransformation rate constants of sulfadiazine and sulfamethoxazole in various waters and aqueous solutions
2.3.1.1 Irradiation with simulated sunlight (!>290 nm)
The UV photon fluence rate (determined for the wavelength range of 300!400 nm) in the experiments performed in the solar simulator was "135 µeinstein m-2 s-1 (±15%), corresponding
to a half-life of p-nitroanisol of "4.5 h. This value compares well with previous studies (Dulin
and Mill 1982) for irradiations under genuine sunlight and indicates an irradiation intensity
equivalent to the strength of sunlight between summer and autumn at 40° N latitude on a
cloud-free day. The results of simulated sunlight-induced phototransformation rate constants
of SD and SMX for various water samples and aqueous solutions are displayed in Figure 2.1.
For SD (Figure 2.1a) phototransformation rate constants for all water samples and DOM solutions, in the presence and absence of scavengers, are significantly higher than for ultrapure
water solution, indicating that indirect phototransformation is likely to be a significant process.
In the absence of scavengers, the phototransformation rate constants for spring water (0.09 h1

) and river water A (0.13 h-1) are enhanced by a factor of 2.4 and 3.5, respectively, compared

to the rate obtained for ultrapure water (0.037 h-1), which is assumed to correspond to the rate
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constant for direct phototransformation. Interestingly, the phototransformation rate constants
in DOM-containing waters do not seem to strongly depend on the DOM concentration.
Wastewater B exhibits the highest rate (0.22 h-1), although its DOM concentration is in the
same range as for the other wastewaters. The increased rate is possibly related to the high nitrite concentration of this wastewater (Table 2.1, see also discussion below). Regarding the
solutions of the two DOM extracts, PLFA shows a rate similar to those for the river waters,
while the rate for SRFA is clearly lower, but still higher than the one for ultrapure water. To
identify the factors controlling the phototransformation rate constants of SD, experiments using isopropanol as a scavenger of the hydroxyl radical and phenol as an inhibitor of the triplet-induced transformation of sulfonamides were performed.
The addition of 10 mM isopropanol (second-order rate constant for the reaction with the hydroxyl radical: k!OH,isopropanol=1.9$109 M-1s-1 (Buxton et al. 1988)) results in an increment of
the (first-order) hydroxyl radical scavenging rate constant by 1.9$107 s-1. Using the total
scavenging rate constants of hydroxyl radical given in Table S2.4, SI (0.8!3.1$105 s-1), we
calculated that isopropanol scavenged 98.4!99.6% of the hydroxyl radical for the waters considered in this study.

Figure 2.1. Solar simulator experiments ($>290 nm): Phototransformation rate constants of (a)
SD and (b) SMX (initial concentration: 1 µM for SD and 5 µM for SMX) in selected water
samples in the presence and absence of scavengers (isopropanol: hydroxyl radical scavenger;
phenol: inhibitor for triplet-induced oxidation). The DOM concentration is given in brackets
as mgC L-1. Error bars indicate 95% confidence intervals obtained from linear regression.
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Isopropanol addition significantly affected only the phototransformation rate constant for
wastewater B, causing a 36% decrease. This is an indication that the hydroxyl radical, which
is generated by photolysis of nitrate, nitrite and other water components, may be an important
photooxidant initiating the transformation of SD in this wastewater (see below). With the addition of 10 µM phenol two effects are anticipated: First, triplet-induced oxidation of SD is
expected to be reduced at an extent varying upon DOM/EfOM composition (Wenk and
Canonica 2012); second, phenol is also a hydroxyl radical scavenger (k!OH,phenol=1.3$1010 M1 -1

s , average of three values from (Buxton et al. 1988)), resulting in an increase of the hy-

droxyl radical scavenging rate constant by 1.3$105 s-1. Thus, for the studied waters a significant fraction (46%!62%) of the hydroxyl radical is scavenged in the presence of 10 µM phenol. Figure 2.1a shows that the presence of phenol significantly reduced the phototransformation rate constants of SD for all waters, though at a variable extent. The reduction for the
spring water and river water was similar to the sample containing PLFA. With the assumption
that indirect phototransformation rate constants can be calculated by subtraction of the rate
obtained for ultrapure water from the overall rate, one obtains reductions in indirect phototransformation of about 60% (±6%) upon phenol addition, very much in line with the previous observations with PLFA and several surface water samples irradiated using the merry-goround photoreactor (#>320 nm) (Wenk and Canonica 2012). Such a strong reduction was attributed to the relatively low concentration of antioxidant moieties in PLFA and the studied
surface waters. By contrast, the reduction of phototransformation rate constant upon phenol
addition was minor for the SRFA solution and the wastewaters A1 and A2, probably indicating a higher concentration of antioxidant moieties in these waters. For wastewater B the rate
constant reduction upon phenol addition was quite substantial and larger than the reduction
obtained upon isopropanol addition (see above). Therefore, both inhibition of triplet-induced
oxidation and hydroxyl radical scavenging appear to be responsible for the observed reduction of the rate constant. Finally, it has to be noted that even for ultrapure water phenol addition causes a slight reduction of the phototransformation rate constant, possibly indicating that
direct phototransformation involves reaction intermediates that may be reduced by antioxidants such as phenol.
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Figure 2.1b displays the phototransformation rate constants of SMX obtained for various
water samples under simulated sunlight. Except for wastewater C, the rates are essentially
constant and unaffected by the presence of isopropanol or phenol, indicating that the depletion of SMX is dominated by direct phototransformation. However, in wastewater C a significantly higher phototransformation rate constant was observed, which was reduced by the addition of isopropanol or phenol to the values typical for direct phototransformation. The enhanced depletion of SMX in wastewater C is possibly caused by the presence of photogenerated hydroxyl radical or by excited triplet states of the EfOM, as proposed elsewhere (Ryan et
al. 2011). For a further discussion of the role of the hydroxyl radical, see below.
2.3.1.2 Irradiation with UV-A and visible light (!>320 nm)
The results of irradiation experiments performed with the merry-go-round photoreactor (Figure 2.2) confirm on the one hand some trends observed for SD under simulated sunlight but
yield on the other hand a completely new picture concerning the phototransformation of SMX.
For SD (Figure 2.2a) the enhancement of phototransformation with PLFA, river water A and
wastewater B with respect to the other waters is higher than for simulated sunlight (Figure
2.1a), suggesting, for these three water samples, a higher proportion of photo-active chromophores under these irradiation conditions than under simulated sunlight. The effects of scavenger addition are overall very similar for both types of irradiation, in agreement with the assumption that the phototransformation mechanisms should essentially be the same. For SMX
(Figure 2.2b) direct phototransformation appears to be largely suppressed, in agreement with
the observation that SMX barely absorbs any light above 320 nm (see Figure S2.4, SI for its
electronic absorption spectrum). In contrast, indirect phototransformation is clearly observed
for all water samples, with the highest rate for wastewater C. The relative phototransformation rate constants of SMX follow the same order and approximate magnitude as for SD, and
the effect of scavenger addition is also very similar. In wastewater B for SD and wastewater C
for SMX, the contribution of hydroxyl radical to phototransformation is indicated by the significant rate reduction upon isopropanol addition, and the even greater reduction observed
upon addition of phenol points to an important contribution of triplet-induced phototransformation.
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Figure 2.2. Merry-go-round photoreactor experiments (# >320 nm): Phototransformation rate
constants of (a) SD and (b) SMX (initial concentration: 1 µM for SD and 5 µM for SMX) in
different water samples in the presence and absence of scavengers. The DOM concentration is
given in brackets as mgC L-1. Error bars indicate the 95% confidence intervals obtained from
linear regression.
The results for SMX obtained under UV-A and visible irradiation may be relevant to its phototransformation in surface waters. At the surface of sunlit natural waters, direct phototransformation of SMX is very dominant in most cases, as can be concluded from solar simulator
experiments (Figure 2.1b). However, the relative contribution of indirect phototransformation
is expected to increase with depth in a water body, since the spectrum of solar light at increasing depth becomes more and more red-shifted due to the wavelength-dependent absorption
caused by DOM/EfOM. This is expected to reduce the rate of light absorption by SMX (Figure S2.4, SI) more strongly than the rate of light absorption by DOM/EfOM (which extends
largely in the UV-A spectral range), and consequently direct phototransformation should undergo a stronger reduction than indirect phototransformation. Thus, indirect phototransformation possibly plays a more important role in the fate of SMX in surface waters than can be deducted from the present solar simulator experiments.
2.3.1.3 Estimating the contribution of the hydroxyl radical
To understand the role of the hydroxyl radical in the phototransformation of SD in wastewater
B and of SMX in wastewater C, calculations of hydroxyl radical photoproduction rates under
solar simulator conditions and of hydroxyl radical steady-state concentrations in the various
waters were performed considering the various sources, namely nitrate, nitrite and EfOM
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(Text S2.3 and Table S2.4, SI). The contribution of nitrate as a hydroxyl radical precursor was
found to be negligible, which is backed by the absence of reduction in SD phototransformation rate constant upon isopropanol addition for wastewater A1 (which has the highest nitrate
concentration of all studied samples, see Figure 2.1a and Table 2.1). Nitrite and EfOM, as
sources of photoproduced hydroxyl radical, were estimated to be responsible for only part of
the phototransformation rate constant reductions observed upon addition of isopropanol
(which scavenges >99% of the hydroxyl radical in the studied water samples). Besides a possible inaccuracy in the determination of nitrite concentrations (Text S2.3, SI), these results
may be explained by the presence of an additional reactive species that is efficiently scavenged by isopropanol. A plausible hypothesis is that the wastewaters B and C might have
contained industrially-derived photochemical sources of strong oxidizing species, such as aromatic quinones, whose excited triplet states have very high reduction potentials (Loeff et al.
1993) and thus act as strong oxidants (Bedini et al. 2012). The strong reduction in the rate
constant for SMX observed upon addition of phenol (Figures 2.1b and 2.2b) concurs with an
excited triplet-induced transformation pathway. Further hints on the origin of the enhanced
phototransformation of SMX in wastewater C were obtained by performing irradiation experiments using a dilution series of this wastewater (Figure S2.2, SI). The phototransformation rate constants of SMX increased linearly (R2=0.947) with the concentration of wastewater. This trend is consistent with the assumption of a linear increase in concentration of photosensitizers (in this case all photoactive components of the wastewater). One should also consider a possible inhibiting effect by antioxidant components in the water, which would diminish upon dilution, but the net effect on the phototransformation rate constant could be in favor
of an increase with concentration, as observed for the SD in PLFA solutions. If hydroxyl radical was the main reactive species involved in the observed indirect phototransformation, one
would expect no decrease in rate constant with decreasing concentration of wastewater, because a decrease in photosensitizer concentration would be counterbalanced by a proportional
decrease in the concentration of scavengers, and consequently in first-order scavenging rate
constant, thus leaving the steady-state concentration of hydroxyl radical unchanged. A similar
experimental dilution series using river water B revealed no significant change in the rate
constant of SMX phototransformation, consistent with the conclusions from Figure 2.1 that
the dominant reaction pathway for SMX in river water is direct phototransformation.
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2.3.2 Effect of concentration and type of DOM
To investigate the effect of DOM on the phototransformation rate constants of SD and SMX,
buffered solutions with various concentrations of two well-characterized DOM extracts,
SRFA and PLFA, were irradiated using the solar simulator. These fulvic acids were selected
because they can be considered as representatives of two different types of aquatic DOM, the
first of mainly allochthonous character and the second of pure autochthonous character, and
therefore they should be able to reflect to a great extent the variability of effects to be expected from surface water DOM.
From Figure 2.3, two very distinct trends of SD phototransformation rate constants with respect to DOM concentration are observed for the two fulvic acids. Upon SRFA addition
(0.1!3.0 mgC L-1) the phototransformation rate constant of SD becomes on average slightly
higher than the rate of direct phototransformation (at 0 mgC L-1 of SRFA), with a "30% increase at low DOM concentration (0.1!0.2 mgC L-1) followed by a slight decrease at higher
concentrations. For PLFA a marked, non-linear increase in the phototransformation rate constant is observed with increasing DOM concentration. The enhancement of the rate with respect to direct phototransformation reaches a factor of "3.6 at [DOM]=1.9!2.5 mgC L-1. The
differential trends in phototransformation rate constants of SD in the presence of autochthonous versus allochthonous DOM are analogous to the results obtained for sulfadimethoxine in
various waters and DOM solutions (Guerard et al. 2009a, Guerard et al. 2009b). We suggest
that the higher inhibiting capacity of SRFA with respect to triplet-induced oxidation (Wenk
and Canonica 2012, Wenk et al. 2011), which correlates with its higher electron donating capacity (Aeschbacher et al. 2012), is responsible for the efficient suppression of the indirect
phototransformation of SD in the presence of SRFA. In the investigated concentration range
the role of PLFA as a photosensitizer prevails over its role as an inhibitor of SD
phototransformation.
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Figure 2.3. Solar simulator experiments: Dependence of the phototransformation rate constants of SD, SMX and TMP (inset), all at 1 µM initial concentration, on the concentration of
dissolved SRFA and PLFA in buffered aqueous solution (pH 8.0). Error bars indicate the 95%
confidence intervals obtained from linear regression.
In contrast to SD and in line with previous studies (see Introduction 2.1), the depletion rate
constant of SMX is almost independent of DOM concentration for both fulvic acids (Figure
2.3). The main transformation pathway of SMX is attributed to direct phototransformation
(0.048 h-1) and indirect phototransformation seems to play a minor role. Indeed, the average
increase of the phototransformation rate constant in the presence of PLFA (0.055 h-1) and
SRFA (0.057 h-1) is less than 20% relative to the direct phototransformation rate constant.
TMP was used as a reference compound to assess the photosensitizing capacity of DOM
(mainly by excited triplet sates of DOM), since TMP is mainly degraded by DOM-induced
phototransformation (Canonica et al. 1995, Faust and Hoigné 1987), and its triplet-induced
phototransformation is not inhibited by the presence of DOM (Canonica and Laubscher
2008). For TMP (inset of Figure 2.3) the phototransformation rate constant is, as expected,
directly proportional to DOM concentration for both fulvic acids, PLFA being a better photosensitizer than SRFA (when normalized to the carbon concentration). The behavior of TMP is
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in sharp contrast with that of SD and SMX, and stresses the importance of DOM-induced inhibition in the case of the phototransformation of SD.
2.3.3 Effect of river water composition on the phototransformation of sulfadiazine (SD)
and 2,4,6-trimethylphenol (TMP)
Phototransformation rate constants of SD and TMP (reference compound) were measured in
water samples that were collected during a one-day sampling campaign along the course of
the Thur River, from its source to 80 km downstream. Eight different sampling points were
chosen, to consider in particular the possible impact of effluents from municipal wastewater
treatment plants (see Experimental Section). Figure 2.4 shows that the concentration of DOM
in the Thur River increases from the source downward, and so does the rate constant for TMP
phototransformation (hatched bars). The pH of the river water samples also increases with
distance from the river source (Table S2.2, SI), however this change is believed to be of minor importance for the phototransformation kinetics of TMP and SD, since their speciation
remains basically unchanged in the pH range under consideration (7.9!8.7). The increase in
TMP phototransformation rate constant correlates well with the DOM concentration (R2=0.87)
(Figure S2.3, SI). In contrast, the phototransformation of SD does not seem to strongly depend on the DOM concentration in river water samples, i.e. in a concentration range of
0.4!2.5 mgC L-1. However, the phototransformation rate constants of SD are on average significantly higher (by a factor of "2.7) than in pure water, clearly indicating that indirect phototransformation takes place. These results for SD show an intermediate behavior with respect
to the phototransformation rate constants in the presence of PLFA and SRFA, respectively
(Figure 2.3). For the lowest DOM concentration (river source: 0.4 mgC L-1) the enhancement
in the phototransformation rate constant is significant and approaches the effect of PLFA,
however, at higher DOM concentrations the rate constants level off. A possible explanation is
that, with increasing distance from the source, the fraction of antioxidant moieties in DOM
increases. Probable sources of antioxidant moieties are runoff of agricultural areas, rich in allochthonous material, whose composition is expected to be more similar to that of SRFA, and
input from wastewater treatment plants, whose EfOM apparently has a higher antioxidant capacity than the DOM of river water (see discussion of the results for wastewaters A1 and A2,
Figure 2.1a).
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Figure 2.4. Solar simulator experiments ($>290 nm): Phototransformation rate constants of
SD and TMP (both at 1 mM initial concentration) in water samples taken along the course of
the Thur River. The DOM concentration is given in brackets as mgC L-1, while pH varies in
the range of 7.9!8.7 for the river water samples (Table S2.2, SI) and is 8.0 for the ultrapure
water solution. Error bars indicate the 95% confidence intervals obtained from linear regression.

2.4 Environmental implications
As shown in previous studies and in the present paper, the photochemical transformation of
sulfonamide antibiotics in surface waters and wastewaters is controlled by several processes,
which are illustrated in Scheme 2.1. A given sulfonamide antibiotic (SA) can undergo simultaneously direct phototransformation (process #1) and indirect (oxidative) phototransformation through excited triplet states of DOM/EfOM (process #2) or other reactive species (RS,
process #3). RS is a collective term to describe any reactive species other than
3

DOM*/3EfOM*, such as hydroxyl radical, singlet oxygen, or oxidizing radicals derived from

DOM/EfOM, and PS is the corresponding collective term to designate their precursors. Each
of these three processes leads to a group of final products termed SA1,phot, SA2,ox and SA3,ox,
respectively. For processes #2 and #3, DOM/EfOM can interfere in the route of product formation by reacting with transformation intermediates, SA’2 and SA’3 (process #4), leading to
re-formation of the parent sulfonamide, SA (in principle, interference with process #1 is also
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possible, but it has been neglected in the scheme to keep it simple). In process #4,
DOM/EfOM is assumed to function as an antioxidant (or electron donor) and thus reacts to
give DOMox/EfOMox. For some RS, e.g. hydroxyl radical, DOM/EfOM can be effective scavengers, which is represented by process #5.
Despite their markedly different photochemical behavior, the phototransformation of SD and
SMX can be explained in terms of Scheme 2.1. While the sunlight-induced transformation of
SMX is generally dominated by direct phototransformation (process #1), SD undergoes both
direct (process #1) and indirect phototransformation (processes #2 and #3), the latter being
favored in waters containing DOM with a low antioxidant capacity (weak back-reaction
through process #4). The photochemical fate of SD and SMX in surface waters is probably
typical for the two classes of sulfonamide antibiotics identified by Boreen and coworkers
(Boreen et al. 2004, 2005), namely the one containing a five-membered and six-membered
heterocyclic ring substituent, respectively. However, SMX was also shown to be potentially
affected by DOM/EfOM-induced photosensitized transformation, a process which may become important at increasing depth below the surface of a water body, and this effect is expected to concern the analogous compounds of the same sulfonamide class.
For both sulfonamides half-lives for conditions corresponding to the surface of a water body,
mid-latitude, clear-sky midday conditions and season intermediate between summer and fall
were in the range of 5!18 h. Considering the diurnal variation of sunlight intensity (including
night time, factor of "4), partial cloud cover (factor of "1.4) and reduction of sunlight intensity by the screening effect in a water depth of 1 m (factor of "3 for averaged half-life in a
well-mixed water layer), one comes up with estimated half-lives in the order of 3!13 d. In
rivers and creeks such half-lives may be further increased by the shadow caused by the presence of trees near the stream and water plants in the stream (Kari and Giger 1995).
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Scheme 2.1. Photochemical pathways for the transformation of a sulfonamide antibiotic (SA)
in surface waters and wastewaters. Abbreviations: DOMox/EfOMox are oxidized forms of
DOM/EfOM; PS are photoactive precursors and RS are their corresponding reactive species;
SA’2, SA’3 are transformation intermediates of SA; SA1,phot, SA2,ox and SA3,ox are final reaction products of SA. Dashed arrows indicate reaction pathways that may be operative, depending on the specific RS.

2.5 Conclusions
Sulfamethoxazole (SMX) and sulfadiazine (SD), as representatives of sulfonamide antibiotics,
were shown to undergo both direct and indirect phototransformation in river waters, solutions
of DOM extracts, and secondary effluents of wastewater treatment plants. The relative importance of direct and indirect phototransformation depends on the target compound, the type
and concentration of DOM, and the spectrum of light used to induce the photochemical reaction.
Under solar-simulated irradiation, direct phototransformation of SMX was largely predominant, and significant indirect phototransformation was only detected in a sample of a wastewater effluent. The reactive species responsible for this indirect pathway was possibly the hydroxyl radical, but its photochemical sources could not be identified with certainty. However,
46

Chapter 2

SMX was shown to also undergo DOM/EfOM-photosensitized transformation when UV-A
light from a medium-pressure mercury arc lamp was used for irradiations. This process might
become important with increasing depth in a water body.
In river waters, wastewater effluents and solutions of PLFA (an authochtonous aquatic DOM),
SD phototransformation occurred mainly by DOM/EfOM photosensitization at DOM concentrations >0.4 mgC L-1. However, in solutions of SRFA, an allochtonous DOM with strong antioxidant capacity, indirect phototransformation of SD appeared to be much less important
than direct phototransformation. SD constitutes an example of water contaminant whose photochemical fate is affected by both photosensitizing and antioxidant properties of
DOM/EfOM (Wenk and Canonica 2012, Wenk et al. 2011). Moreover, 2,4,6-trimethylphenol
(TMP) was employed as a useful reference compound to assess the photosensitizing strength
of DOM/EfOM, since its transformation is not affected by the presence of antioxidants
(Canonica and Laubscher 2008).
Phenol was successfully employed as a diagnostic compound to selectively inhibit the transformation of the sulfonamides photosensitized by DOM/EfOM (oxidation reaction attributed
to their excited triplet states). Since phenol also scavenges hydroxyl radical, the combined use
of a second hydroxyl radical scavenger, such as isopropanol, is recommended if the presence
of hydroxyl radical in the irradiated solution cannot be a priori excluded.
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Table S2.1. Supplementary water quality parameters of sampled river waters and
wastewaters. a
Water samples

Electrical
conductivity
(!S cm-1) at
20 °C

Total hardness

Chloride

Sulfate

(mM)

(mg L-1)

(mg L-1)

Spring water

145

0.84

<0.5

<5

River water A

375

2.20

5.9

5.7

River water B

501

2.67

22.3

11

Wastewater A1

921

3.09

94.8

38

Wastewater A2 b

187

< 0.2

0.8

-

Wastewater B

1041

3.57

137

46

Wastewater C

1150

3.58

137.3

45

Notes: a Complement to the parameters given in Table 2.1; b Wastewater A2 was derived
from wastewater A1 by electrodialysis treatment.

Text S2.1. Sampling points of the one-day field campaign
A one-day field campaign was conducted on May 24th, 2011 along the course of the Thur
River and water samples were taken at eight different locations between the source of the
river and the village of Niederneunforn (Figure S2.1). The sampling points were chosen to
assess the possible effects of wastewater effluents on the river water quality, particularly concerning the characteristics of dissolved organic matter (DOM). Thur River water was sampled
first close to the source to obtain a water with negligible anthropogenic effects. The second
sampling point was situated before the first inflow of a wastewater effluent. Afterwards, the
sampling took place before and after the input point of effluents from relevant wastewater
treatment plants. Water samples were taken from the middle of the river from existing bridges
using a well-rinsed plastic bucket attached to a rope. Sampled river water was stored in 2 L
glass bottles, which had been pre-rinsed with the sampled river water to decrease the risk of
contamination. Only source water was taken directly from the stream. Water temperature, pH
and conductivity were measured directly on site, other water quality parameters were determined in the laboratory. For a complete list see Table S2.2.
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Figure S2.1. Map of the Thur River watershed. Sampling points of the one-day field
campaign are marked with a crossed circle and numbered. Colored circles represent wastewater treatment plants with the following capacity (population equivalents): Orange circles:
<10,000; yellow circles: 10,000!50,000; red circles: >50,000.
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0.8

0.6

3

before Stein
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2
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8

Sampling

0.4

point #

1

Sampling

0

location

mgC L-1

DOC

km

conductivity

Electrical

403

339

299

271

231

221

187

145

at 20°C

!S cm-1

pH

8.69

8.50

8.39

8.39

8.32

8.29

8.14

7.85

Alkalinity

3.71

3.32

3.02

2.82

2.58

2.50

2.08

1.65

mM

hardness

Total

2.00

1.72

1.58

1.46

1.31

1.27

1.06

0.84

mM

Ammonium

16.8

12.1

14.1

11.5

<5.0

8.8

<5.0

7.3

!gN L-1

Chloride

25.6

15.0

10.5

7.7

1.7

1.0

0.6

<0.5

mg L-1

2.5

1.6

1.5

1.2

0.6

0.5

0.4

0.3

mgN L-1

Nitrate

Distance

56
23.3

13.8

7.5

5.9

2.4

1.4

<1

<1

µgN L-1

Nitrite

Table S2.2. Water quality parameters of samples collected during the one-day field campaign along the course of the Thur.

Sulfate

13

9

6

5

<5

<5

<5

<5

mg L-1
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Text S2.2. Actinometry: Photon fluence rate determination
For the solar simulator experiments, the UV photon fluence rate in the wavelength range of
300!400 nm was determined by chemical actinometry using the p-nitroanisole
(PNA)/pyridine (PYR) actinometer (Dulin & Mill, 1982) and applying the following formula
(analogously as in Canonica et al., 2008):
k p,PNA

E p0 (300 " 400nm) =

2.303 # $ PNA / PYR #

!

(S2.1)

400nm

' ( f p,% # & PNA,% )

% =300nm

where E p0 (300 " 400nm) is the photon fluence rate (units: einstein m-2 s-1) in the wavelength
range of 300–400 nm, kp,PNA is the experimentally determined pseudo-first-order rate constant
-1

!of PNA depletion (s ),

!PNA/PYR is the quantum yield of PNA depletion in the presence of

PYR, assumed to be wavelength-independent (for the employed [PYR]=600 µM,

!PNA/PYR=0.000544 mol einstein-1), fp, is the spectrum of the light present in the solar simula"

tor, based on spectroradiometric measurements (using a calibrated LI-1800 portable spectroradiometer (LI-COR, Lincoln Nebraska, USA), with a 8 nm bandwidth, fitted with a model
1800-10 detector head) and normalized to the chosen wavelength interval, i.e.,

400nm

# f p,"
" =300nm

= 1,

and #PNA, is the molar absorption coefficient of PNA at the wavelength " (m2 mol-1), deter"

mined using a spectrophotometer Uvikon 930 (Kontron Instruments). Table
S2.3 gives the
!
numerical values of fp, and #PNA, used for the calculations according to equation S2.1.
"

"
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Table S2.3. Spectral data used for the p-nitroanisole/pyridine actinometry.
" / nm

"

300
301
302
303
304
305
306
307
308
309
310
311
312
313
314
315
316
317
318
319
320
321
322
323
324
325
326
327
328
329
330
331
332
333
334
335
336
337
338
339
340
341
342
343
344
345
346
347
348
349
350
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fp,
0.0008
0.0009
0.0009
0.0010
0.0011
0.0013
0.0013
0.0014
0.0017
0.0017
0.0017
0.0020
0.0021
0.0025
0.0025
0.0027
0.0028
0.0031
0.0032
0.0033
0.0035
0.0037
0.0041
0.0040
0.0043
0.0043
0.0047
0.0046
0.0051
0.0050
0.0056
0.0056
0.0057
0.0062
0.0061
0.0063
0.0067
0.0069
0.0070
0.0072
0.0074
0.0076
0.0079
0.0077
0.0082
0.0084
0.0086
0.0087
0.0091
0.0091
0.0093

#PNA, /m2mol-1
859
878
897
914
930
945
959
973
985
996
1006
1015
1022
1027
1032
1035
1035
1035
1034
1031
1026
1020
1013
1004
995
981
970
956
941
925
907
889
869
850
830
810
789
768
746
723
700
677
654
632
609
587
565
544
522
502
481
"

" / nm

fp,
351
352
353
354
355
356
357
358
359
360
361
362
363
364
365
366
367
368
369
370
371
372
373
374
375
376
377
378
379
380
381
382
383
384
385
386
387
388
389
390
391
392
393
394
395
396
397
398
399
400

"

0.0093
0.0098
0.0099
0.0100
0.0102
0.0103
0.0105
0.0109
0.0108
0.0112
0.0110
0.0117
0.0115
0.0119
0.0119
0.0125
0.0128
0.0134
0.0136
0.0137
0.0139
0.0136
0.0136
0.0139
0.0141
0.0140
0.0147
0.0152
0.0154
0.0156
0.0162
0.0164
0.0164
0.0164
0.0160
0.0163
0.0166
0.0173
0.0177
0.0187
0.0188
0.0195
0.0204
0.0220
0.0241
0.0244
0.0250
0.0243
0.0229
0.0228

#PNA, /m2mol-1
461
440
419
400
381
362
344
326
308
291
274
260
245
231
217
204
191
179
167
156
146
136
126
117
109
100
93
86
80
74
66
59
54
49
45
41
37
34
31
28
26
23
21
19
18
15
14
13
11
10
"
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Text S2.3. Solar simulator experiments: Calculation of the steady state concentration of
the hydroxyl radical and comparison with experimental results
A. Calculation procedures
First, the formation rate of the hydroxyl radical was calculated considering the contributions
by both nitrate and nitrite according to the following equations.
rf(OH) = kp(NO3- or NO2-) ! c(NO3- or NO2-)

(S2.2)

rf(OH) is the rate (M s-1) and kp(NO3- or NO2-) is the pseudo-first-order rate constant (s-1), both for
the formation of the hydroxyl radical from nitrate or nitrite, and c(NO3- or NO2-) the measured
nitrate or nitrite concentration (M). kp(NO3- or NO2-) is given by:
kp(NO3- or NO2-) = 2.303 ! " (NO3- or NO2-) ! Ep° ! # fp$ ! %$(NO3- or NO2-)

(S2.3)

" (NO3- or NO2-) is the quantum yield of hydroxyl radical formation from nitrate or nitrite, Ep° is
the photon fluence rate and fp$ is the emission spectrum of the lamp, based on the photon flux
and normalized to the chosen wavelength range, and %$(NO3- or NO2-) is the spectral molar absorption coefficient of nitrate or nitrite. The quantum yield for nitrate was 0.009!0.017 (for T
= 22!25 °C) taken from Mack and Bolton (1999) and the quantum yield for nitrite was set to
0.038, considering a pH of about 8 and taking an average value for the wavelength range of
nitrite absorption under simulated solar light (Fischer and Warneck 1996). Considering the
range of uncertainty, which is given by these authors, the quantum yield for hydroxyl radical
production can vary by ±30%. Ep° was determined to be 135 µeinstein m-2 s-1
("=300!400 nm). fp$ was taken from manufacturer data and the molar absorption coefficient
was from published absorption spectra of nitrate (Gaffney et al. 1992) and nitrite (Fischer and
Warneck 1996).
We considered DOM, carbonate (alkalinity) and SD or SMX itself as hydroxyl radical scavengers. The total scavenging rate was determined by the sum of the product of the concentration of the respective scavenger and their second-order reaction rate constant for the reaction
with hydroxyl radical. The second-order rate constant for the reaction of DOM with the hydroxyl radical obtained by using different DOM extracts is in the range of 1.2!3.8#104 L
mgC-1 s-1 (Westerhoff et al. 2007).
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The apparent second-order rate constant at pH 8.0 for the reaction of bicarbonate/carbonate
with hydroxyl radical was calculated to be 9.8!106 M-1 s-1 (Katsoyiannis et al. 2011). Secondorder rate constants for the reaction of SD and SMX with the hydroxyl radical are 3.7#109 M1 -1

s (Boreen et al. 2005) and 5.5!109 M-1 s-1 (Huber et al. 2003), respectively.

The ratio of the total formation rate of the hydroxyl radical to the total scavenging rate gives
the steady state concentration of the hydroxyl radical [!OH]ss. The steady-state concentrations
of the hydroxyl radical and the pseudo-first-order reaction rate constants of SD and SMX (kSD
or SMX)

induced by hydroxyl radicals are listed in Table S2.3.

Hydroxyl radical photoformation from EfOM was calculated taking the range of carbonspecific values published by Dong and Rosario-Ortiz (2012): 1.5!2.4!10&7 MHO• MC&1 s&1.
Scaling to the present irradiation intensity conditions (135 vs. 220 µeinstein m-2 s-1) one obtains: 0.9!1.5!10&7 MHO• MC&1 s&1. Multiplying these values with the EfOM concentrations of
the wastewater effluents (see Table S2.4), the hydroxyl radical formation rates generated by
EfOM is obtained. The hydroxyl radical steady-state concentration is calculated by the same
procedure as described above where the ratio of the total formation rate of hydroxyl radicals
(from EfOM and nitrate/nitrite) is divided to the total scavenging rate.
The reduction of the hydroxyl radical steady-state concentration induced by the addition of
phenol to the different water samples is calculated by the ratio of the scavenging rate (by
DOM and carbonate for the respective water samples at their given DOM and carbonate concentration) to the scavenging rate total with including the scavenging rate of phenol. The
scavenging rate of hydroxyl radicals by phenol is calculated using the second-order reaction
rate constant of phenol with hydroxyl radicals (1.3!1010 M-1 s-1, average of three values from
(Buxton et al. 1988)) multiplied with the phenol concentration (10 µM).
B. Discussion of experimental results in relation to model calculations
The predicted steady-state concentration of hydroxyl radicals photoproduced from nitrate and
nitrite in wastewater B is in the range of 0.7!2.7!10-15 M (Table S2.4). Multiplying these values with the second-order rate constant for the reaction of SD with hydroxyl radical (3.7!109
M-1 s-1 (Boreen et al. 2005)), one obtains the hydroxyl radical-induced pseudo-first-order
transformation rate constant of SD (kSD = 2.6!9.8!10-6 s-1), which contributes 4.2!16.1% to
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the total SD phototransformation rate (6.11!10-5 s-1). This contribution is too low to explain
the drop in the rate constant observed upon addition of isopropanol. Such a difference can
possibly be ascribed to a lower concentration of measured nitrite than present in the irradiated
water, since irradiation and chemical analysis of nitrite were not performed simultaneously,
and nitrite is known to be quite unstable. It is generated as an intermediate product of the nitrification process, when ammonium occurs in wastewaters (Wunderlin et al. 2012). Therefore the concentration of nitrite may change over time due to the fact that the nitrification
process partly continues during storage, because the responsible bacterial strains are not completely removed by filtration. Other possible photochemical sources of hydroxyl radical are
DOM (Vaughan and Blough 1998; Page et al., 2011) and EfOM (Dong and Rosario-Ortiz
2012), however, from the hydroxyl radical production rate given in the last reference, one can
calculate global hydroxyl radical concentrations (including the contribution of nitrate, nitrite
and EfOM) in the range of 0.85!3.0!10-15 M for the present experimental conditions. This
leads to a maximum contribution of the hydroxyl radical to the total phototransformation rate
of $17.9%, which is still too low to explain the rate reduction upon isopropanol addition.
Nitrate and nitrite can hardly explain the production of hydroxyl radical indicated by the isopropanol addition in wastewater C, since their concentrations are significantly lower than
those for wastewater B (see the calculations for SD performed above). A contribution of
1.4!4.8% due to hydroxyl radicals generated by nitrate and nitrite was calculated for the total
phototransformation rate constant (Table S2.4). If one additionally considers the contribution
of EfOM to the hydroxyl radical production, one comes up with a total contribution of
4.2!9.8%, which is still much too low to explain the drop in rate constant caused by addition
of isopropanol.
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0.9–1.9

0.8–1.4

1.4–3.1

0.8–2.3

1.3–2.8

1.5–2.9

River water A

River water B

Wastewater A1

Wastewater A2

Wastewater B

Wastewater C

0.8–2.3

7.0–27

0.08–0.4

3.3–14

1.0–3.1

0.3–1.1

10-16 M

[! OH]ss(1) a

2.0!4.6

8.5! 30

1.9! 5.5

4.8!17

2.1!4.8

1.8!4.2

10-16 M

[! OH]ss(2) b

6.1

2.7

3.6

3.6

10-5 s-1

kSD

2.7

1.6

10-5 s-1

kSMX

1.4!4.8

4.2!16.1

0.1!0.5

3.4!13.8

7.8!11.4

0.3!1.1

%

with ! OH (1)

c

compound reacting

Fraction of target

4.2!9.8

5.1!17.9

2.6!7.4

5.0!17.3

7.8!17.9

1.8!4.3

%

with ! OH (2) d

compound reacting

Fraction of target

the reaction of hydroxyl radicals with SD or SMX are based on the values of [!OH]ss(2).

SD or SMX; c Percentage of the reaction of hydroxyl radicals with SD or SMX are based on the values of [!OH]ss(1); d Percentage of

SMX; b Calculations consider hydroxyl radical formation by nitrate/nitrite and EfOM and scavenging rate includes DOM, CO32- and

Notes: a Calculations consider hydroxyl radical formation by nitrate/nitrite and scavenging rate includes DOM, HCO3-/CO32- and SD or

105 s-1

rate constant

Total scavenging

Unit

concentration.

(SMX) and the percentage of SD or SMX transformation induced by hydroxyl radicals at a given steady-state hydroxyl radical

nitrate/nitrite/EfOM as a hydroxyl radical source, pseudo-first-order reaction rates of sulfadiazine (SD) and sulfamethoxazole

Table S2.4. Summary of calculated steady-state concentrations of hydroxyl radicals considering nitrate/nitrite as well as
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Figure S2.2. Phototransformation rate constants of sulfamethoxazole (SMX, 5 µM initial
concentration) in river water B and wastewater C at different dilutions with ultrapure water.
100% corresponds to pure river water (2.5 mgC L-1) and wastewater (5.8 mgC L-1). Irradiations were done in the solar simulator. Error bars indicate 95% confidence intervals (from
linear regression of the individual logarithmic kinetic plots).
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Figure S2.3. Correlation of the phototransformation rate constants of sulfadiazine (SD) and
2,4,6-trimethylphenol (TMP) (both 1 µM initial concentration) with DOM concentration for
water samples obtained along the course of the Thur River (see Figure 2.4). Error bars indicate 95% confidence intervals (from linear regression of the individual logarithmic kinetic
plots).
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Figure S2.4. Electronic absorption spectra of sulfadiazine (SD) and sulfamethoxazole (SMX)
measured in buffered aqueous solution (pH 8.0, 5 mM phosphate).

References
Boreen A. L., Arnold W. A. and McNeill K. (2005). Triplet-Sensitized Photodegradation of
Sulfa Drugs Containing Six-Membered heterocyclic Groups: Identification of an SO2 Extrusion Photoproduct. Environmental Science & Technology, 39: 3630-3638.
Boreen, A.L., Arnold, W.A. and McNeill, K. (2005). Triplet-sensitized photodegradation of
sulfa drugs containing six-membered heterocyclic groups: Identification of an SO2 extrusion
photoproduct. Environmental Science & Technology 39(10), 3630-3638.
Buxton, G.V., Greenstock, C.L., Helman, W.P. and Ross, A.B. (1988). Critical review of rate
constants for reactions of hydrated electrons, hydrogen atoms and hydroxyl radicals ('OH/'O) in aqueous solution. J. Phys. Chem. Ref. Data 17(2), 513-886.
Canonica, S., Meunier, L. and von Gunten, U. (2008). Phototransformation of selected pharmaceuticals during UV treatment of drinking water. Water Research 42(1-2), 121-128.
Dong M. M. and Rosario-Ortiz F. L. (2012). Photochemical Formation of Hydroxyl Radicals
from Effluent Organic Matter. Environmental Science & Technology, 46: 3788-3794.
Dulin, D. and Mill, T. (1982). Development and evaluation of sunlight actinometers. Environmental Science & Technology 16(11), 815-820.

65

Supplementary Information Chapter 2

Fischer M. and Warneck P. (1996). Photodecomposition of Nitrate and Undissociated Acid in
Aqueous Solution. Journal of Physical Chemistry, 100: 18749-18756.
Gaffney J. S., Marley N. and Cunningham M. M. (1992). Measurement of the Absorption
Constants for Nitrate in Water between 270 nm and 335 nm. Environmental Science & Technology, 26: 207-209.
Huber M. M., Canonica S., Park G.-Y. and von Gunten U. (2003). Oxidation of Pharmaceuticals during Ozonation and Advanced Oxidation Processes. Environmental Science & Technology, 37: 1016-1024.
Katsoyiannis I. A., Canonica S. and von Gunten U. (2011). Efficiency and Energy Requirements for the Transformation of Organic Micropollutants by Ozone, O3/H2O2 and UV/H2O2.
Water Research 45: 3811-3822.
Mack, J. and Bolton, J. R. (1999). Photochemistry of nitrite and nitrate in aqueous solution: a
review. Journal of Photochemistry and Photobiology A: Chemistry 128: 1-13.
Page, S.E., Arnold, W.A. and McNeill, K. (2011). Assessing the contribution of free hydroxyl
radical in organic matter-sensitized photohydroxylation reactions. Environmental Science &
Technology 45(7), 2818-2825.
Vaughan, P.P. and Blough, N.V. (1998). Photochemical formation of hydroxyl radical by
constituents of natural waters. Environmental Science & Technology 32(19), 2947-2953.
Wunderlin, P., Mohn, J., Joss, A., Emmenegger, L. and Siegrist, H. (2012). Mechanisms of
N2O production in biological wastewater treatment under nitrifying and denitrifying conditions. Water Research 46(4), 1027-1037.

66

Chapter 3
Degradation rates of benzotriazoles and benzothiazoles
under UV-C irradiation and the advanced oxidation
process UV/H2O2

Sabrina Bahnmüller, Urs von Gunten, Clara Loi, Kanthryn Linge and Silvio Canonica.
Water Research 2015, in press, accepted manuscript.

Chapter 3

Abstract
Benzotriazoles (BTs) and benzothiazoles (BTHs) are extensively used chemicals found in a
wide range of household and industrial products. They are chemically stable and are therefore
ubiquitous in the aquatic environment. The present study focuses on the potential of ultraviolet (UV) irradiation, alone or in combination with hydrogen peroxide (H2O2), to remove BTs
and BTHs from contaminated waters. Six compounds, three out of each chemical class, were
investigated using a low-pressure mercury lamp (main emission at 254 nm) as the radiation
source. Initially, the direct phototransformation kinetics and quantum yield in dilute aqueous
solution was studied over the pH range of 4!12. All BTs and BTHs, except for benzothiazole,
exhibited pH-dependent direct phototransformation rate constants and quantum yields in accordance to their acid!base speciation (7.1<pKa<8.9). The direct phototransformation quantum yields (9.0"10-4!3.0"10-2 mol einstein-1), as well as the photon fluence-based rate constants (1.2!48 m2 einstein-1) were quite low. This suggests that UV irradiation alone is not an
efficient method to remove BTs and BTHs from impacted waters. The second-order rate constants for the reaction of selected BTs and BTHs with the hydroxyl radical were also determined, and found to fall in the range of 5.1!10.8"109 M-1s-1, which is typical for aromatic
contaminants. Finally, the removal of BTs and BTHs was measured in wastewater and river
water during application of UV irradiation or the advanced oxidation process UV/H2O2. The
latter process provided an efficient removal, mostly due to the effect of the hydroxyl radical,
that was comparable to other aromatic aquatic contaminants, in terms of energy requirement
or treatment costs.

68

Chapter 3

3.1 Introduction
Benzotriazoles (BTs) and benzothiazoles (BTHs) are high production chemicals used in industrial and household products. Benzotriazoles are used as corrosion inhibitors in aircraft deicing/anti-acing fluids (Cancilla et al. 1998, Cancilla et al. 2003a, Cancilla et al. 2003b), as
dishwasher agents for silver protection (Janna et al. 2011), in cooling and hydraulic fluids and
as ultraviolet (UV) stabilizers (De Orsi et al. 2006). The basic chemical structure of BTs (Table 3.1) consists of a five-membered ring with three nitrogen atoms sharing a C!C bond with
a benzene ring. Benzotriazoles are characterized by a high water solubility, high polarity and
low sorption tendency, due to their low octanol-water partition coefficients (log KOW=1.23–
2.17) (Hart et al. 2004). Therefore they are expected to be very mobile in the aquatic environment. Furthermore, BTs are weak acids (pKa=7.5!8.8), which should be considered to
assess their chemical reactivity. In addition to their known chemical stability, BTs were considered to be resistant towards microbial transformation (Hem et al. 2003), but recent studies
have proposed that BTs are slowly degraded by microorganisms under aerobic conditions in
activated sludge (Huntscha et al. 2012, Liu et al. 2011).
Benzothiazoles are used as vulcanization accelerators in the manufacture of rubber products
and tires (Engels H.-W. 1993), as herbicides in agriculture (Hartley and Kidd 1987), as fungicides in the leather and lumber production (Bugby et al. 1990, Kennedy 1986) and as stabilizers in the photo industry (Wik and Dave 2009). The chemical structure of BTHs (Table 3.1)
consists of a 5-membered 1,3-thiazole ring attached to a benzene ring by a common C!C
bond. Benzothiazoles are less water soluble than BTs, though they also exhibit low octanolwater partition coefficients (log KOW=1.99!2.41) (Brownlee et al. 1992), suggesting that
BTHs are not prone to bioaccumulate or sorb to particles (Reddy and Quinn 1997). Consequently, once they have entered the aquatic environment, they will tend to stay in the aqueous
phase. It has been reported that BTHs are to some degree microbially degradable, but their
transformation rate is low (Reddy and Quinn 1997, Reemtsma et al. 1995).
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Table 3.1. Chemical structure and acid dissociation constants of the selected BTs
and BTHs.
Compound
1H-benzotriazole
(BT)
5-methyl-1H-benzotriazole
(5-MeBT)
5-chloro-1H-benzotriazole
(5-ClBT)
benzothiazole
(BTH)
2-mercaptobenzothiazole
(2-MBTH)
2-hydroxybenzothiazole
(2-OHBTH)

Structure

pKa a
8.3±0.2

Ref.
8.62b,
8.27c 8.37d

8.5±0.3

8.5e

7.7±0.1

8.5e

n.d.f

1.2g

7.1±0.1

8.9±0.3

6.95g, 6.7h,
7.2i, 7.69j
8.65j

a

Values and standard errors obtained from the linear regression method (Text S4.1, SI).
(Andreozzi et al. 1998); c (Wang et al. 2000); d (Yang et al. 2011); e (Hart et al. 2004); f not
determined, because outside of the studied pH range; g (Eicher and Hauptmann 2003); h
(Malouki et al. 2004); i (Brownlee et al. 1992); j (Andreozzi et al. 2001).
b

Benzotriazoles and BTHs are reported to be poorly eliminated by conventional wastewater
treatment processes (Kloepfer et al. 2005, Reemtsma et al. 2010, Weiss et al. 2006). Hence,
wastewater effluent discharge is one of their main pathways into the aquatic environment.
Additional sources of BTs include runoff due to the application of aircraft de-icing/anti-acing
fluids (Cancilla et al. 2003a) and, for BTHs, street runoff containing abrasion residues of tires
(Fries et al. 2011). As a result of their widespread application and their resistance towards
abiotic and partly biotic transformation, BTs and BTHs have been detected regularly in
wastewaters (Fries et al. 2011, Voutsa et al. 2006), surface waters (Giger et al. 2006, Kiss and

70

Chapter 3

Fries 2009, Loos et al. 2009), drinking waters (Janna et al. 2011), and recycled water for indirect potable reuse (Loi et al. 2013) in concentrations that range from low ng L-1 in natural
waters to up to 100 µg L-1 in wastewaters (Giger et al. 2006). In a European survey of polar
organic pollutants in municipal wastewaters (8 wastewater treatment plants in 4 countries),
BTs and BTHs have been identified among the 4 chemical classes occurring at the highest
concentrations (Reemtsma et al. 2006).
To date, there is a lack of toxicity data for BTs and BTHs and assessment of effects on
aquatic organisms and human health is a subject of ongoing research. However, acute and
chronic toxicity to aquatic organisms has been demonstrated for selected BTs (Cancilla et al.
2003b, Pillard et al. 2001, Seeland et al. 2012), and it has been suggested that 1Hbenzotriazole (BT) may be an endocrine disrupting compound (Kadar et al. 2010). To reduce
exposure and a potential risk for aquatic organisms and human health posed by BTs and
BTHs, water treatment processes for their efficient abatement are needed. In the context of
this study we consider UV-based processes, which have long been applied for the removal of
organic contaminants (Legrini et al. 1993), especially with UV light from low- and mediumpressure mercury lamps. Ultraviolet photolysis in combination with H2O2 has also been successfully applied in full-scale water treatment plants (Kruithof et al. 2007), and provides efficient removal for a large variety of organic water contaminants (Baeza and Knappe 2011,
Hofman-Caris et al. 2012, Wols et al. 2013). Treatment with UV light (specifically its UV-C
component, spanning a wavelength range of 200!280 nm) exploits the ability of compounds
to absorb light and subsequently undergo direct phototransformation leading to their degradation. Owing to the great variability in molar absorption coefficients and reaction quantum
yields, a limited number of compounds can be satisfactorily removed by this treatment, Nnitrosodimethylamine (NDMA) being a prominent example (Sharpless and Linden 2003). The
advanced oxidation process (AOP) UV/H2O2 takes advantage of the production of the hydroxyl radical, which is a highly oxidizing species that reacts efficiently and unselectively
with most organic contaminants. During the application of UV/H2O2, organic contaminants
may be degraded simultaneously by reaction with the hydroxyl radical generated from H2O2
photolysis and by direct and indirect phototransformation processes. Indirect phototransformation usually plays a secondary role and is induced through absorption of UV light by water
matrix components such as dissolved organic matter (DOM), nitrate or nitrite.
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Various studies have been devoted to the abatement of BTs and BTHs by AOPs, including
UV-based AOPs. Among the BTs, the best studied compound appears to be 1H-benzotriazole
(BT), which degrades rather slowly under UV-C irradiation, exhibiting a degradation rate
which decreases with increasing pH (Andreozzi et al. 1998, Hem et al. 2003, Liu et al. 2011).
The reactivity of BT with the hydroxyl radical was quantified (Karpel Vel Leitner and
Roshani 2010, Naik and Moorthy 1995) and found to be high, as expected for aromatic compounds. An interesting compilation of data available on BTHs has been provided in a recent
review (Antonopoulou et al. 2014). Three representatives of this class of compounds, namely
benzothiazole (BTH), 2-mercaptobenzothiazole (2-MBTH) and 2-hydroxy-benzothiazole (2OHBTH) were found to undergo efficient degradation under UV/H2O2, as a consequence of
their high reactivity with the hydroxyl radical (Andreozzi et al. 2001). However, the great
majority of these studies have been performed using contaminant concentrations that are
much higher than the concentration ranges found in real waters. In addition, many studies
have been performed using pure aqueous solutions. These two drawbacks render a transfer of
the obtained results to the treatment of real waters quite difficult.
The goal of this study is to provide a complete and consistent set of quantitative data on the
degradation of selected BTs and BTHs via UV photolysis and UV/H2O2. The photochemical
investigations included the determination of quantum yields and photon fluence based rate
constants, for low-pressure mercury lamp conditions (#=254 nm), for the phototransformation
of the six selected compounds over the pH range of 4!12. Second-order rate constants for the
reaction of the compounds with hydroxyl radical were determined by competition kinetics at
pH 7. The degradation in wastewater effluent and river water, both spiked with 1 µM of the
selected BTs/BTHs, by UV and UV/H2O2 were also investigated.

72

Chapter 3

3.2 Experimental section
3.2.1 Chemicals and solutions
1H-benzotriazole (BT; 99%), 5-methyl-1H-benzotriazole (5-MeBT; 98%), 5-chloro-1Hbenzotriazole (5-ClBT; 99%), benzothiazole (BTH; 96%), 2-mercaptobenzothiazole (2MBTH; 97%), 2-hydroxybenzothiazole (2-OHBTH; 98%), atrazine (98.9%), p-chlorobenzoic
acid (pCBA; 99%), p-nitroanisol (97%) and pyridine (99.8%) were purchased from SigmaAldrich (New South Wales, Australia or Zurich, Switzerland). Hydrogen peroxide solution
(H2O2; 35%), disodium hydrogen phosphate dihydrate (Na2HPO4.2H2O; !98.5%) and sodium
dihydrogen phosphate monohydrate (NaH2PO4.H2O; !99.0%) were from Fluka (Zurich,
Switzerland). Methanol (MeOH; ChromHR grade) and acetonitrile (ACN; ChromHR grade)
were from Acros Organics (New Jersey, USA). The ultrapure water used for HPLC eluents
and laboratory purposes (e.g. standard solutions) was produced by a “Barnstead Nanopure”
water purification system (Thermo Scientific).
Stock solutions for individual BTs (1 mM) and BTHs (0.1!1 mM) were prepared in ultrapure
water, and for BTHs a small amount of ACN (<1% vol/vol) was generally used as a cosolvent to ensure complete dissolution. However, for advanced oxidation experiments stock
solutions of BTHs were prepared in ultrapure water to avoid any hydroxyl radical scavenging
by co-solvents. Since the BTHs did not completely dissolve in ultrapure water due to their
limited solubility, prepared stock solutions were filtered and the concentration of the BTHs in
the stock solutions were determined by calibration against the standards prepared with ACN.
Phosphate buffer solutions (5 mM) were adjusted with a sodium hydroxide solution (NaOH;
160 g L-1) and/or phosphoric acid (H3PO4; 85%) when required to obtain the desired pH value
(4–12). The pH of all solutions and water samples was monitored by a Metrohm 632 pHmeter with a ThermoScientific Ross Ultra Orion 8115SC pH electrode (Hügli-labortec AG,
Switzerland). Stock solutions of H2O2 (50 mM), pCBA (40 "M) and atrazine (20 µM) were
prepared in ultrapure water. All solutions were stored at room temperature, except for H2O2
and pCBA solutions, which were stored at 4 ºC.
River water samples were collected from the Thur River (a tributary of the Rhine River located in North-Eastern Switzerland) and secondary wastewater samples were taken from the
Eawag wastewater pilot plant, which receives raw wastewater of mixed urban and industrial
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origin from the local wastewater treatment plant of the city of Dübendorf. All river and
wastewater samples were filtered via 0.45 "m pre-rinsed cellulose nitrate membranes and
stored in glass bottles at 4 ºC. Water quality parameters are listed in Table 3.2.
3.2.2 Analytical methods
Chemical analyses of the BTs, BTHs, pCBA and atrazine were performed with a Dionex Ultimate 3000 high performance liquid chromatography (HPLC) system (ThermoScientific,
Sunnyvale, CA, USA) using a multiple wavelength diode array absorbance detector. An
Eclipse XDB-C18 column (150 mm # 4.6 mm I.D., 5 "m; Agilent, NSW, Australia and Zurich, Switzerland) with an Eclipse XDB-C18 guard column (4 mm # 4 mm I.D., 5 "m) was
used for the separation. Detailed HPLC conditions for BTs and BTHs analysis are shown in
the Supplementary Information (SI), Table S3.1. Chromeleon 7.0 or 7.1 software was used to
process and quantify all data.
3.2.3 UV-visible absorption spectroscopy and determination of acid dissociation constants
A UVikon940 spectrophotometer (Kontron Instruments) was used to obtain absorption spectra in the wavelength range of 200–700 nm for all the BTs and BTHs at different pH-values
(pH 4–12). The pKa (=!logKa) of a target compound can be determined by multiple linear
regression of several absorption spectra over a defined wavelength range at different pHvalues (detailed description of pKa determination in Text S3.1, SI).

Table 3.2. Water quality parameters of the sampled wastewater and river water.
DOC

pH

(mgC L-1)
Wastewater

4.8

7.9

River water

2.5

8.3

a
b
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Alkalinity

Nitrate

Nitrite

a254 nm a

SUVA254 nmb

(mmol L-

(mgN L-1)

(µgN L-1)

(cm-1)

(L mgC-1 cm-1)

) 6.4

2.9

4.2

0.0614

0.0128

4.9

2.4

9.6

0.0214

0.0086

1

Decadic absorption coefficient of the filtered water measured at 254 nm.
Specific absorption coefficient: SUVA254 nm = a254 nm /DOC.
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3.2.4 Irradiation experiments
Irradiation experiments were performed in glass-stoppered quartz tubes (external diameter 18
mm, internal diameter 15 mm) using a merry-go-round photoreactor (MGRR) (DEMA 125,
Hans Mangels GmbH, Bornheim-Roisdorf, Germany). The respective lamp is centered in the
photoreactor surrounded by a quartz cooling jacket containing deionized water kept at
25.0±0.2 °C, wherein the sample tubes are placed (a detailed description of the set-up is given
in (Wegelin et al. 1994) and (Canonica et al. 1995)). For the study of the degradation kinetics
induced by UV-C light and the UV/H2O2 advanced oxidation process, a low-pressure mercury
lamp (LP Hg) Heraeus Noblelight model TNN 15/32 (nominal power 15 W), emitting essentially monochromatic light at 254 nm, was employed. Determination of the reactivity of the
hydroxyl radical with the studied BTs and BTHs was conducted using a Heraeus Noblelight
model TQ 718 medium-pressure mercury (MP Hg) lamp and a UVW-55 glass band-pass filter
in the cooling jacket as described elsewhere (Huber et al. 2003).
Experimental solutions contained 1 µM of a single BT or BTH and, for the UV/H2O2 experiments, 1 µM of pCBA to quantify hydroxyl radical concentration. For experiments undertaken to obtain measurements of quantum yields for direct phototransformation and rate constants for hydroxyl radical reactions, the aqueous solutions to be irradiated were buffered with
5 mM phosphate buffer. No pH change was detected after irradiation. Filtered (0.45 µm) river
water and wastewater samples were not further treated prior to advanced oxidation experiments. Spiking of the stock solutions (of BTs or BTHs, pCBA and H2O2) did not cause any
substantial dilution (<2%) of the real water samples. During irradiations 400 "L of solution
were withdrawn from each tube at six equidistant time intervals. Pseudo-first-order photoobs
transformation rate constants, kTC
(s-1), for a given target compound (TC) were obtained by

linear regression of its natural logarithmic relative residual concentration over irradiation time
t, according to the following
relationship:
!
" [TC ] %
obs
t
ln$
' = (kTC t
# [TC ]0 &

!

(3.1)

To determine the reactivity of BTs and BTHs with the hydroxyl radical, competition kinetics
experiments were carried out. A TC (a BT or BTH, 1 µM) and pCBA (reference compound, 1
µM), were irradiated in ultrapure water at pH 7.0 according to the procedure described in
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(Huber et al. 2003). As a photochemical hydroxyl radical source, 5.0 mM hydrogen peroxide
was spiked in each tube. Experiments were done in triplicate. The second-order rate constant
for the reaction of a TC with the hydroxyl radical, kOH,TC, was calculated by equation 3.2.
" [TC ]
t
ln$$
[TC
]
t0
#

!

%
" [ pCBA]
t
'' = ln$$
[
pCBA]
t0
&
#

% " k
%
'' ( $$ OH ,TC ''
& # kOH , pCBA &

(3.2)

" [TC ] %
" [ pCBA]
t '
t
$$
ln
vs.
'
# [TC ]t 0 &
# [ pCBA]t 0

Linear regression of ln$$

%
'' yielded the ratio of the rate constants as the
&

line slope, from which kOH,TC was obtained using kOH,pCBA = 5.0 109 M-1s-1 (Buxton et al.
!
!
1988). For advanced
oxidation
experiments H2O2 was added to yield a final concentration of

5.0 mg L-1 (147 µM) in the solutions to be irradiated. Assuming hydroxyl radical formation
pathways other than from the photolysis of added hydrogen peroxide to be negligible, the
steady-state concentration of hydroxyl radicals, [OH]ss, were determined using 1 µM pCBA,
which was spiked to the river water or wastewater samples as a probe compound. To account
for direct photolysis and other transformation pathways of pCBA not amenable to hydrogen
peroxide photolysis, the pseudo-first-order transformation rate constants of pCBA in the presobs
obs
ence and absence of hydrogen peroxide, k pCBA
(UV / H 2O2 ) and k pCBA
(UV ) respectively (both

determined according to eq. 3.1), was employed to calculate [OH]ss by equation 3.3.
•

[ OH ]ss =

!

obs
obs
k pCBA
(UV / H 2O2 ) " k pCBA
(UV )

kOH, pCBA

!

!

(3.3)

The photon fluence rate under LP Hg lamp irradiation was determined daily by chemical actinometry according to (Canonica et al. 2008) using aqueous atrazine (5 µM solution buffered
at pH=7 with 5 mM phosphate), with a quantum yield of 0.046 mol einstein-1 (Hessler et al.
1993) and a molar absorption coefficient of 3860 M-1 cm-1 at 254 nm (Nick et al. 1992). Photon fluence rate values were in the range of 10!16 µeinstein m-2 s-1 for the direct photolysis
experiments, and 67!84 µeinstein m-2 s-1 for the AOP series of experiments. The difference is
due to the use of an old and a new lamp, respectively, for these two experimental series. The
concentration of any BT or BTH in solutions amended with H2O2 were stable outside of the
photoreactor, except for 2-MBTH, for which an 8% and 12% and reduction were observed
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within 60 min at room temperature for the river water and the wastewater solutions, respectively. The corresponding rate constants were corrected for this thermal reaction.

3.3 Results and discussion
3.3.1 Electronic absorption spectra and dissociation constants
Considering that most of the selected BTs and BTHs exhibit a pH-dependent acid-base speciation, electronic absorption spectra of these compounds were measured in the pH range of
4!12 (Figures S3.1!S3.6, SI). The deprotonated species of all BTs (pH=12) exhibit a first
absorption band with a maximum at wavelengths between 273 and 280 nm. Upon protonation,
the band broadens and shows two maxima or a maximum and a shoulder, with the low-energy
feature located approximately at the same wavelength as the maximum of the deprotonated
species and the second feature appearing at shorter wavelengths (255!265 nm). A second,
stronger absorption band with a maximum at <210 nm for the deprotonated species shifts to
lower wavelengths (outside of the experimental wavelength range) upon protonation. Absorption characteristics among BTHs are more diverse. BTH, which does not undergo deprotonation in the studied pH range, has three bands in its pH-independent absorption spectrum, with
maxima lying at 284, 251 and <220 nm, respectively. The spectrum of 2-MBTH exhibits two
main bands, with maxima at 309 and 233 nm, respectively, for the deprotonated species.
These maxima shift to 321 and 230 nm, respectively, upon protonation. The spectrum of the
neutral form of 2-OHBTH (low pH) is similar to that of BTH, with maxima of the three bands
lying at 286, 242 and <220 nm, respectively. All three bands exhibit a red-shift upon deprotonation, with maxima for the deprotonated form at 295, 258 and $223 nm, respectively.
Except for BTH, all absorption spectra of the selected BTs and BTHs exhibit a remarkable pH
dependence, which can be exploited to determine the pKa of these compounds (for a detailed
description of the methodology, see Text S3.1, SI). The determined pKa values are shown in
Table 3.1 together with available literature values. For BT and 5-MeBT there is a good
agreement with literature data. For 5-ClBT, the determined pKa value of 7.7 is significantly
lower than a previously reported value (8.5). The value determined in the present study is
consistent with a reduction of pKa upon substitution of the aromatic ring with an electron77
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withdrawing chloro substituent, according to Hammett theory (Hansch et al. 1991). The pKa
of 2-MBTH was determined to be 7.1, which corresponds to the average of the literature values.
In the context of the present study, the molar absorption coefficients for the wavelength of
app
254 nm ( " 254
nm ) are of utmost importance for the quantification of phototransformation rates
app
and quantum yields. The pH dependence of " 254
nm for both BTs and BTHs, which is the result

of! the described band shifts in the electronic absorption spectra, is illustrated in Figures 3.1 (b,
app
d, f) and 3.2 (b, d, f), respectively. For
! all BTs, " 254 nm decreases with increasing pH by a factor
app
of <1.8, while 2-MBTH and 2-OHBTH show an increase in " 254
nm with pH by a factor of <2.2.

As already pointed out, the absorption coefficient
for BTH is independent of pH.
!
!
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Figure 3.1. Direct phototransformation of benzotriazoles: Apparent photon fluence-based rate
app
constants ( kEdp,app
, left panels: a, c, e), molar absorption coefficients ( " 254
0
nm , right panels: b, d, f)
p

and quantum yields ( " dp,app
254 nm , right panels: b, d, f) as a function of pH. The continuous lines
!
! panels: a, c, e) represent the fractions of deprotonated species,
(left
the dotted lines are best fit

functions determined
as described in the text.
!
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Figure 3.2. Direct phototransformation of benzothiazoles: Apparent photon fluence-based
app
rate constants ( kEdp,app
, left panels: a, c, e), molar absorption coefficients ( " 254
0
nm , right panels: b,
p

d, f) and quantum yields ( " dp,app
254 nm , right panels: b, d, f) as a function of pH. The continuous
! panels: a, c, e) represent the fractions of deprotonated!species, the dotted lines are
lines (left

best fit functions determined
as described in the text.
!
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3.3.2 Direct phototransformation kinetics
As described in Section 3.2.4, the decrease in TC concentration as a function of irradiation
time during UV-C treatment could be described by first-order kinetics, enabling calculation of
pseudo-first-order phototransformation rate constants for all selected BTs and BTHs. Such
rate constants depend on irradiation intensity, which typically varies during a series of irradiation experiments. To avoid dependence on experimental conditions and allow comparison
with other studies, the results of phototransformation kinetic experiments are given here as
apparent photon fluence-based rate constants (see also (Canonica et al. 2008)), defined as:
k Edp,app
=
0
p

k dp,app
E p0

(3.4)

where the superscript “dp” stays for “direct phototransformation” and the superscript “app”
!

indicates that the rate constant may contain the contribution of more than one species of the
TC, E p0 (einstein m-2 s-1) is the photon fluence rate, determined by chemical actinometry. The
determined kEdp,app
for BTs and BTHs in the pH range of 4 to 12 are illustrated in Figures 3.1
0
p

!

app
and 3.2, respectively, together with the aforementioned " 254
nm and the direct phototransforma-

tion!quantum yields , which were calculated using the following equation:
!

" dp,app
254 nm =

!

k Edp,app
0
p
app
2.303# 245nm

(3.5)

There is a common trend in the depletion kinetics of BT, 5-MeBT, 5-ClBT and 2-OHBTH,
which is characterized by a decrease of kEdp,app
with increasing pH and an inflection point in
0
p

correspondence of the pKa of each compound (see the speciation curves in Figures 3.1 and
3.2). This means that for these compounds
the molecular form, which dominates at pH below
!
the pKa, is more photoreactive than the deprotonated form. The quantum yields follow the
same trend, except for 5-ClBT, which exhibits a slightly higher quantum yield above the pKa.
2-MBTH follows somehow an inverse trend with respect to these three compounds, since
k Edp,app
0
p

markedly increases with increasing pH. For BTH, which does not exhibit a pKa in the

app
dp,app
studied pH range, kEdp,app
, " 254
0
nm and " 254 nm are constant.
p

!
!

!

!
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For a quantitative analysis of the pH dependence of the various photochemical parameters we
apply a model which assumes a constant phototransformation quantum yield for each acidbase species of the target compound (TC). For the mathematical treatment we refer to a preapp
vious study (Canonica et al. 2008). Briefly, kEdp,app
and " 254
0
nm were fitted separately to equap

tions 3.6 and 3.7, respectively:
#
&
kEdp,app
= kEdp0 ,1 + % kEdp0 ,2 " kEdp0 ,1 () 2
0
$ p
p
p
p '

(

!

!

(3.6)

)

(3.7)

app
" 254
nm = " 254 nm,1 + " 254 nm,2 # " 254 nm,1 $ 2

!
!

with the fitting parameters kEdp0 ,1 and kEdp0 ,2 indicating the photon fluence-based direct photop

p

transformation rate constants for the molecular and deprotonated form of the TC, respectively,
and the fitting parameters
"!
!
254 nm,1 and " 254 nm,2 defined analogously. The fraction of deprotonated form present at a given pH (!2) is calculated using equation 3.8.
"2 =

!

!

1

!

(3.8)

1+10 pK a # pH

After these fit parameters had been determined, the quantum yields for the molecular (i=1)
and deprotonated species (i=2) were determined using equation 3.9.

" dp
254 nm,i

!

=

k Edp0 ,i

(3.9)

p

2.303# $ 245nm,i

All best-fit parameters are presented in Table 3.3, while the dashed lines in Figure 3.1 and 3.2
represent the best-fit functions. Fits of kEdp,app
data to equation 3.6 are satisfactory, supporting
0
p

the validity of the model. The quantum yields values obtained for BT, 0.016±0.002 and
0.0026±0.0005 mol einstein-1 for
! the molecular and deprotonated form, respectively, compare
fairly well with the corresponding values of 0.0239 and 0.00215, obtained at the pH values of
3.0 and 11.0, respectively, in a photolysis study (Andreozzi et al. 1998). Quantum yields from
another study (Benitez et al. 2013) follow the same speciation trend but are higher (by a factor
of $2 at low pH and by a factor of $4 at high pH) than in this and the aforementioned study.
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For 2-MBTH, data above pH 8 is consistent with the deprotonated form exhibiting a constant
quantum yield, and the calculated value of

(0.028±0.014 mol einstein-1) is compara-

ble to 0.02, the value determined in a previous study at the wavelength of 313 nm (Malouki et
al. 2004). However at low pH the quantum yield continues to decrease with decreasing pH,
indicating that

is pH-dependent. Such a pH dependence might result from the acid-

base speciation of excited-state species or from acid-catalyzed deactivation of phototransformation intermediates.
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545 ± 28e

1.2 ± 0.2e

9.3 ± 4.5

2.6 ± 0.1

BTH

2-MBTH

2-OHBTH

375 ± 1

538 ± 5
0.0030 ± 0.0001

0.008 ± 0.004

0.00096 ± 0.00015f

0.014 ± 0.001

0.013 ± 0.002

0.016 ± 0.002

(mol einstein-1)

c

0.72 ± 0.05

51 ± 25

n.a.d

11.2 ± 2.9

3.9 ± 1.1

2.7 ± 0.4

(m2 einstein-1)

c

815 ± 4

803 ± 16

n.a.

293 ± 4

344 ± 30

450 ± 59

(m2 mol-1)

c

0.00038 ± 0.00003

0.028 ± 0.014

n.a.

0.017 ± 0.004

0.0049 ± 0.0015

0.0026 ± 0.0005

(mol einstein-1)c

c

b

All uncertainties represent 95% confidence intervals.
Uncertainties calculated by linear regression analysis unless noted otherwise.
c
Uncertainties determined by linear regression analysis and application of the Gaussian error propagation rule unless noted otherwise.
d
n.a.: not applicable.
e
Average/uncertainty of 7 values measured over the pH range of 4!12.
f
Uncertainty calculated by application of the Gaussian error propagation rule.

a

507 ± 3

16.3 ± 1.2

5-ClBT

523 ± 15

15.9 ± 2.6

5-MeBT

614 ± 19

(m2 mol-1)

22.7 ± 2.5

(m2 einstein-1)

b

BT

Compound

b

Table 3.3. Kinetic parameters for the direct phototransformation of the selected benzotriazoles and benzothiazoles. a
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3.3.3 Reactivity of benzotriazoles and benzothiazoles with hydroxyl radical
Second-order rate constants for the reaction of TCs with the hydroxyl radical are listed in Table 3.4. The constants for the BTs determined in this study are in the range of 8.3!10.8#109
M-1 s-1, which is typical for aromatic compounds (Buxton et al. 1988, Haag and Yao 1992,
Huber et al. 2003). For BT, the rate constant is in satisfactory agreement with literature values.
The constant for BTH is in the same range as for the BTs, while 2-OHBTH exhibits the lowest reactivity among all investigated TCs ($5.1#109 M-1 s-1). Both are somewhat higher than
available literature data (Table 3.4). No second-order reaction rate constant could be determined for 2-MBTH due to its fast direct phototransformation under the employed irradiation
conditions. Overall, the results indicate a high reactivity of the BTs and BTHs with the hydroxyl radical, suggesting that AOPs could be effective tools to abate these compounds from
drinking water and wastewater.

Table 3.4. Second-order rate constants for the reaction of the selected benzotriazoles and benzothiazoles with the hydroxyl radical at pH 7.0.
kOH,TC (109 M-1 s-1)

Target compound (TC)
This study

Literature values
14.2 (pH 8.45)a, 10.7 (pH 6.25)a;

BT

8.34 ± 0.37

5-MeBT

8.71 ± 0.12

-

5-ClBT

10.77 ± 0.26

-

BTH

8.61 ± 0.23

3.85c

2-MBTH

n.d.d

4.27c

2-OHBTH

5.08 ± 0.44

3.97c

9.0 (pH 10.5)b, 7.6 (pH 5.8)b

a

(Karpel Vel Leitner and Roshani 2010).
(Naik and Moorthy 1995).
c
(Andreozzi et al. 2001).
d
n.d.: not determined.
b

85

Chapter 3

3.3.4 Removal of benzotriazoles and benzothiazoles by the UV/H2O2 process
The AOP UV/H2O2 was applied to treat river water and wastewater samples spiked with a
low concentration (1 µM) of a single BT or BTH. The removal of the studied compounds under UV/H2O2 was always faster than under UV irradiation alone, and followed pseudo-firstorder kinetics (Figures S3.7 and S3.8, SI). The corresponding pseudo-first-order transformation rate constants according to equation 1 were converted to photon fluence-based rate constants, kEAOP
(transformation by the UV/H2O2 process) and kUV
(transformation by UV alone,
0
E p0
p
without addition of H2O2, in river water and wastewater samples), analogously to the direct
!phototransformation

rate constants (equation 3.4).!Photon fluence rates determined by acti-

nometry were corrected with a light screening factor (0.973 for river water and 0.925 for
wastewater calculated according to (Wenk and Canonica 2012)) to consider the fact that UVC light is partially absorbed by water matrix components, mainly by dissolved organic matter.
The photon fluence-based rate constants are compiled in Table 3.5. For all TCs kEAOP
values
0
p
are significantly higher (3!9 times) than kUV
values, clearly implying that the reaction with
E p0
hydroxyl radicals formed by photolysis of H2O2 dominates the removal of! the TCs in the se" kUV
lected waters and at the employed!H2O2 concentration (see kEAOP
and the percentage val0
E p0
p

ues in Table 3.5). For each BT and BTH, the kEAOP
values for river water are consistently
0
p
!
higher than those for wastewater, which may be ascribed
to the higher hydroxyl radical scav-

enging rate of the wastewater. Neglecting
! hydroxyl radical formation under UV alone, which
may occur from photoactive precursors such as nitrate and/or nitrite, and DOM/EfOM, the
following equations hold for the UV/H2O2-induced degradation for a given TC:
k EAOP
(TC) = kUV
(TC) + kOH ,TC
0
E0

[OH ]ss
E p0

(3.10)

!

k EAOP
(TC) " kUV
(TC) = kOH ,TC
0
E0

[OH ]ss
E p0

(3.11)

!

" kUV
A comparison of the rate constants for the hydroxyl radical-induced reaction, kEAOP
, for
0
E p0
p

p

p

p

p

the seven compounds listed in Table 3.5 yields, on average a 35% higher value for river water
than for wastewater. Since the AOP experiment were run with the addition
! of pCBA as a reference compound for the hydroxyl radical reaction (see last line in Table 3.5), equation 3.11,
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after transformation to equation 3.12, provides an alternative method to estimate the secondorder rate constant for the reaction of TC with hydroxyl radical.

kOH,TC =

!

k EAOP
(TC) " kUV
(TC)
0
E0
p

p

k EAOP
(pCBA) " kUV
0
E p0
p

(pCBA)

kOH , pCBA

(3.12)

Application of equation 3.12 to the data in Table 3.5 provides the kOH,TC values listed in Table
S3.2, SI. Compared to values determined by competition kinetics in buffered pure water (Table 3.4), kTC,OH values in river water or wastewater are between 15 and 42% lower for BTH
and the three selected BTs, and 22% higher for 2-OHBTH. These deviations might arise from
side-reactions
occurring in the very complex chemical system represented by the real waters
!
treated with UV/H2O2. The value for 2-MBTH, for which a direct comparison cannot be made
because of the missing competition kinetics value, appears to be unrealistically high, and exceeds the literature value from (Andreozzi et al. 2001) by a factor of 6. In view of the observed reaction of 2-MBTH with H2O2 in the dark (see Section 3.2.4), the reaction of photoexcited 2-MBTH with H2O2, leading to an increased quantum yield of direct phototransformation, seems to be a plausible explanation for this enhanced reactivity. Alternatively, carbonate
radical formed by the reaction of hydroxyl radical with bicarbonate and carbonate present in
the real waters (Canonica et al. 2005) could also contribute to the acceleration of 2-MBTH
transformation.
The UV reactivity of the target compounds in the absence of H2O2 by comparing kUV
(Table
E p0
3.5) with direct phototransformation rate constants calculated for the pH in the real waters
(see Table S3.3, SI). For the BTs, except for a few lower values measured! in the real waters,
the calculated direct phototransformation constants reproduce the kUV
values relatively well,
E p0
which indicates a limited effect of the water matrix on phototransformation reactions. In contrast, for the BTHs the kUV
values are significantly higher! than calculated direct phototransE p0
formation values, which is probably due to indirect phototransformation reactions or the enhancement of direct
phototransformation by water matrix components. However, in the con!
text of the AOP treatment these effects of UV radiation alone are of limited importance, since
the transformation of all studied BTs and BTHs is dominated by the reaction with the hydroxyl radical (see %-values in Table 3.5).
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212.7 ± 6.4
41.2 ± 3.3
36.2 ± 2.1

2-MBTH

2-OHBTH

pCBA

c

b

8.7 ± 1.1

8.5 ± 5.2

69.8 ± 2.1

4.4 ± 2.3

13.5 ± 2.6

6.2 ± 5.1

11.2± 1.3
!

p

kUV
E0
p

c

27 (76%)

33 (79%)

143 (67%)

25 (85%)

33 (73%)

39 (86%)

30 (73%) !

p

k EAOP
" kUV
0
E0
p

43.3 ± 1.4

51.4 ± 7.3

250 ± 8.4

42.5 ± 5.1

58.1 ± 2.6

61.2 ± 2.6

47.9 ± 1.7 !

k EAOP
0

8.6 ± 2.3

7.1 ± 5.5

81.9 ± 2.7

4.7± 2.4

10.7 ± 1.7

9.2 ± 1.5

6.5 ± 1.1
!

p

kUV
E0

River water

!

p

c

35 (80%)

44 (86%)

169 (67%)

38 (89%)

47 (82%)

52 (85%)

41 (87%)

p

k EAOP
" kUV
0
E0

Percentage of hydroxyl radical-induced transformation in parentheses, calculated as (kEAOP
.
" kUV
) / k EAOP
0
0
E p0
p
P

Irradiation at 254 nm.
The errors indicate 95% confidence intervals obtained from linear regression.

29.0 ± 2.5

BTH

a

46.6 ± 3.0

5-ClBT

41.9 ± 1.7!
45.6 ± 1.7

!

p

k EAOP
0

5-MeBT

BT

pound (TC)

Target com-

Wastewater

and the UV treatment for the studied wastewater and river water. a, b

Table 3.5. Photon fluence-based rate constants (m2 einstein-1) of the UV/H2O2 process ([H2O2]=5 mg L-1)

Chapter 3

Chapter 3

3.3.5 Assessment of the energy requirement for abatement of BTs and BTHs by UV and
UV/H2O2
As the UV and UV/H2O2 processes are just two possible options among many other water
purification methods, one important aspect to for full-scale implementation concerns the energy consumption (and indirectly the costs) of these processes. As an end-point to perform the
calculation we use here Hr,90%, the fluence needed to remove 90% of each TC at zero optical
density, to be consistent with another recent study (Katsoyiannis et al. 2011) and in analogy
with the IUPAC recommendations about figures of merit of AOPs (Bolton et al. 2001), for the
case of low TC concentration. The value of Hr,90% is compound-specific and depends on the
extent of hydroxyl radical scavenging by the water matrix. It can be calculated from the photon fluence-based rate constants given in Table 3.5, kEAOP
(transformation by the UV/H2O2
0
p
process) and kUV
(transformation by solely UV treatment), using eq. 3.13.
E p0
!

2.302
0
H r,90%
=
" (4.71"10 5 J einstein #1)
! k AOP
E0

(3.13)

p

!

where the term in parentheses is the appropriate photon-to-energy conversion factor for

"=254 nm, and kEAOP
has to be replaced with kUV
for the corresponding calculations for trans0
E p0
p
formation by UV treatment. The Hr,90% values in Figure 3 show that the fluence required for a
90% abatement
of BTs and BTHs !
with treatment using UV light alone are up to 7 times
!
higher compared to UV/H2O2 treatment. Compared to all other BTs and BTHs, 2-MBTH
needs a much lower Hr,90% because of its much higher reactivity (see Section 3.3.4). The
Hr,90%-values for the UV/H2O2 process are up to 100 times higher than the conventional UV
doses used for drinking water disinfection (German and Austrian legislation prescribes a UV
dose of 400 J m-2), but they are typical for the removal of organic micropollutants in the production of drinking water (Kruithof et al. 2002, Kruithof et al. 2007).
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Figure 3.3. Required UV fluence to achieve a 90% removal (Hr.90%) of selected benzotriazoles and benzothiazoles for treatment with UV and UV/H2O2 ([H2O2] = 5 mg L-1) of the
studied wastewater and river water.

The energy consumption for micropollutant removal by the UV/H2O2 process depends on
several factors such as the reactor design (path length, lamp), applied amount of H2O2 (energy
for H2O2 production), properties of water matrix, in particular its hydroxyl radical scavenging
capacity, and the chemical properties of the target micropollutants (Katsoyiannis et al. 2011).
To simplify the assessment of energy consumption, calculations are made for a limited selection of cases considered in a previous study (Katsoyiannis et al. 2011), using pCBA as a reference compound in view of its good representativity for all BTs and BTHs except for 2MBTH (see Table 3.5). For an optical path length of 5 cm, a 90% removal of BTs and BTHs
would be achieved with an energy of 0.23 kWh m-3 for a surface water with 1.3 mg C L-1 and
with 0.82 kWh m-3 for a wastewater with 3.9 mg C L-1. In an alternative approach, the energy
consumption calculations according to Katsoyiannis et al. were applied to the present data for
BTH, which requires the highest treatment energy among the studied BTs and BTHs. For a 5
cm optical path length in a hypothetical photoreactor and an added H2O2 concentration of 5
mg L-1, energy values of 0.59 and 1.02 kWh m-3 were calculated for the treatment of river
water and wastewater, respectively. These energy consumption values are in the same range
as the requirement of 0.54 kWh m-3 evaluated for a drinking water plant operated with
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UV/H2O2 treatment (6 mg L-1 of H2O2) to achieve >60% degradation of various organic pollutants (Kruithof and Martijn 2013). The higher reactivity of 2-MBTH compared to the other
studied compounds reduces the energy consumption by a factor of $4.

3.4 Conclusions
•

All studied benzotriazoles (BTs) and benzothiazoles (BTHs) are photoreactive under
UV-C light (#=254 nm) and exhibit (except for BTH) pH-dependent direct phototransformation rates in the pH range of 4%12, in accordance to their deprotonation
equilibria (pKa values in the range of 7.1%8.8). For all BTs and 2hydroxybenzothiazole, the molecular form is more photoreactive than the corresponding deprotonated form, while 2-mercaptobenzothiazole exhibits the reverse behavior.

•

Direct phototransformation quantum yields were found to vary from $1#10-3 to
$3#10-2 mol einstein-1, which renders their degradation by UV treatment without additives quite inefficient.

•

The reactivities of BTs and BTHs with the hydroxyl radical were determined to be
high, with second-order rate constants in the range of 5.1!10.8#109 M-1 s-1.

•

The application of the AOP UV/H2O2 to the treatment of a river water and a wastewater demonstrated an efficient removal for both contaminant classes (BTs, BTHs).

•

BTs and BTHs in waters treated with UV/H2O2 are mainly transformed by reaction
with the hydroxyl radical.
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Table S3.1. Liquid chromatography conditions for the separation of BTs, BTHs and other
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Text S3.1. Determination of dissociation constants (pKa)
Solutions of a single compound (concentrations in the range of 20–100 !M) were made by
spiking a stock solution of an individual BT or BTH in a phosphate buffer solution (5 mM) of
varying pH (4–12). The concentration of the compounds was kept constant within individual
pH series. Absorption spectra (Figures S3.1"S3.6) were measured in quartz cuvettes of 1.0
cm optical path length and corrected by subtracting the absorption spectrum of the
corresponding buffer solution. Data evaluation was restricted to a range of contiguous
wavelengths exhibiting an absorbance <1.0 in order to avoid non-linear effects. Such
wavelength ranges are given in the captions of the mentioned figures. For each compound,
except BTH, which does not exhibit an acid!base speciation in the studied pH range, the
spectra at pH 4.0 and pH 12.0 were assumed to correspond to the spectra of the pure
molecular form (in vector notation A1) and deprotonated form (in vector notation A2) of the
compound, respectively. Each absorption spectrum for pH values other than 4.0 and 12.0 (in
vector notation ApH) was analyzed by multiple linear regression (using the Microsoft® Excel®
2010 Analysis Tool), and represented as a linear combination of the spectra of the pure
molecular and deprotonated forms, according to equation S3.1.
ApH = "1A1 + " 2 A2 + b1

(S3.1)

Where a1 and a2 are the slope parameters from the multiple linear regression, b is the intercept
!

and 1 the unit vector. The parameter b accounts for deviations from the ideal model (e.g.
presence of impurities), and was always found to be very small. The fit parameters a1 and a2
were used to determine the fraction of deprotonated species, !2 (used in equations 3.6"3.8 of
Chapter 3), as follows:
"2 =

"2
"1 + " 2

(S3.2)

Finally, equation 3.8 (Chapter 3) was transformed to equation S3.3, which can directly be
!

used to calculate the pKa from pH and !2.
$ " '
log& 2 ) = pH # pK a
%1 # " 2 (

(S3.3)

!
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$ " '
2
)
%1 # " 2 (

The pKa was calculated from the slope A and intercept B of a linear regression with log&

as y-variable and pH as x-variable: pK a = "B / A . This method gave consistent results with a
!
second method, consisting in calculating the pKa as the average of the values
for each pH

(except 4.0 and 12.0) obtained
! from the following equation:
$ # '
pK a = pH " log& 2 )
%1 " # 2 (

(S3.4)

!

Figure S3.1. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of BT. Wavelength range used for the pKa determination: 230"310 nm.
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Figure S3.2. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of 5-MeBT. Wavelength range used for the pKa determination: 230"310 nm.

Figure S3.3. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of 5-ClBT. Wavelength range used for the pKa determination: 230"310 nm.
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Figure S3.4. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of BTH.

Figure S3.5. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of 2-MBTH. Wavelength range used for the pKa determination: 270"350 nm.
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Figure S3.6. Electronic Absorption Spectra and pH-dependent molar absorption coefficient
of 2-OHBTH. Wavelength range used for the pKa determination: 230"310 nm.

Figure S3.7. Depletion of BT, 5-MeBT and 5-ClBT induced by UV/H2O2.
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Figure S3.8. Depletion of BTH, 2-MBTH and 2-OHBTH induced by UV/H2O2.

Table S3.2. Second-order rate constants for the reaction of selected BTs
and BTHs with hydroxyl radical (kOH,TC) calculated for wastewater and
river water. a
Target

Wastewater

River water

Average

BT

5.6±0.6

5.9±0.5

5.7±0.4

5-MeBT

7.2±1.2

7.4±0.7

7.3±0.7

5-ClBT

6.1±0.9

6.7±0.7

6.4±0.6

BTH

4.6±0.7

5.4±0.9

5.0±0.6

2-MBTH

26.5±2.6

24.1±2.2

25.3±1.8

2-OHBTH

6.1±1.3

6.3±1.4

6.2±1.0

compound (TC)

a

Calculated using equation 3.12 (Chapter 3), units: 109 M-1s-1. Errors indicate
95% confidence intervals obtained by Gaussian error propagation.
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Table S3.3. Calculated photon fluence-based direct phototransformation
rate constants a (" = 254 nm) for wastewater and river water.
Target

Wastewater

River water

Experimentalb

compound (TC)

(pH 8.3)

(pH 7.9)

(pH 8.0 buffer)

BT

12.7

17.0

14.1 ± 1.8

5-MeBT

11.2

13.5

10.0 ± 1.0

5-ClBT

12.2

13.1

12.2 ± 1.3

BTH

1.2

1.2

1.2 ± 0.1

2-MBTH

48.2

44.8

52.0 ± 11.4

2-OHBTH

2.3

2.5

2.6 ± 0.4

a

k Edp,app
0

(m2 einstein-1) calculated using equation 3.6 (Chapter 3) and the

p

parameters of Table 5 (main paper);

b

Experimentally determined kEdp,app
for
0
p

!

comparison, errors indicate 95% confidence intervals obtained from linear
regression.
!

107

!

Chapter 4
Sunlight-induced transformation of benzotriazoles and
benzothiazoles in surface waters and wastewater effluents
with particular focus on 1H-benzotriazole and
2-mercaptobenzothiazole

Chapter 4

Abstract
Benzotriazoles (BTs) and benzothiazoles (BTHs) belong to the most abundant chemical contaminants found in wastewater effluents and in the aquatic environment. The photochemical
fate of these relatively recalcitrant compounds in surface waters is still poorly understood.
Simulated sunlight was used to assess the transformation half-lives of three BTs (1Hbenzotriazole, 5-methyl-1H-benzotriazole and 5-chloro-1H-benzotriazole) and three BTHs
(benzothiazole, 2-hydroxybenzothiazole, 2-mercaptobenzothiazole). The slight photoreactivity of the BTs in pure water is somewhat increased in wastewater effluents (half-lives on the
order of weeks), indicating a possible additional indirect phototransformation. The photoreactivity of the BTHs is even smaller than for the BTs, with the exception of 2mercaptobenzothiazole, which degrades within days in both pure water and wastewater. A
more detailed investigation on sunlight-induced transformation processes was done for 1Hbenzotriazole (BT) and 2-mercaptobenzothiazole (2-MBTH). The sunlight-induced transformation of BT is dominated by indirect photochemical reactions, which are probably induced
by excited triplet states of effluent organic matter and further photooxidants, such as hydroxyl
radical. For 2-MBTH direct phototransformation was the main process, and organic matter
was found to enhance, but also decrease phototransformation rate constants. The latter effect
probably occurs when the organic matter has high antioxidant capacity.
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4.1 Introduction
Sunlight-induced transformation of micropollutants can be an important natural abatement
process in aquatic environments, especially for those compounds that are known to be resistant against hydrolysis reactions, biodegradation and sorption. In such cases the characterization of the photochemical fate of micropollutants in the aquatic environment is highly relevant.
The ubiquitously detected and high production volume industrial chemicals benzotriazoles
(BTs) and benzothiazoles (BTHs) seem to belong to this category of contaminants, having
low tendency to hydrolysis and sorption (Hart et al. 2004, Reddy and Quinn 1997). The fact
that BTs and BTHs occur in all aqueous compartments (groundwater, drinking water, surface
water, wastewater) at high concentrations (Reemtsma et al. 2006, Schymanski et al. 2014)
attests their high mobility and persistence. However, the effect of biotransformation on BTs
and BTHs is still not completely clarified and intensely under debate. The concentration of
BTs in sewage is slightly reduced by conventional wastewater treatment (biologicalmechanical steps), which is ascribed to biodegradation (Voutsa et al. 2006). The use of a
membrane bioreactor (MBR) showed that BTs are partially removed by biotransformation,
but the extent of removal is compound-specific. Biotransformation removed only 14% of 4tolyltriazole (4-methyl-1H-benzotriazole, 4-MeBT), while for both 1H-benzotriazole (BT)
and 5-tolyltriazole (5-methyl-1H-benzotriazole, 5-MeBT) an increased removal of 61% was
observed (Weiss et al. 2006). This effect was also confirmed by a recent study presenting biodegradation half-lives with 1.0 day for BT, 8.5 days for 4-MeBT, and 0.9 days for 5-MeBT in
activated sludge (Huntscha et al. 2014). To date there is unfortunately no method to use these
data to assess biodegradation rates in natural waters, but in view of the reduced removal rates
of these compounds in conventional wastewater treatment plants (De Wever et al. 2001,
Gruden et al. 2001, Liu et al. 2011a, Reemtsma et al. 1995), biodegradation rates in typical
surface waters are guessed to be quite low. The removal efficiencies of BTs and BTHs were
found to be higher in constructed wetlands than in conventional wastewater treatment plants
(Matamoros et al. 2010). The authors proposed that the slightly increased removal is due to a
combination of phototransformation, enhanced biodegradation and plant uptake (Castro et al.
2003).
In a recent study (Bahnmüller et al. 2014b) BTs and BTHs were found to be photoreactive
under UV-C light, confirming the results of previous studies (Andreozzi et al. 2001,
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Andreozzi et al. 1998, Hem et al. 2003, Liu et al. 2011b), but the low phototranformation
quantum yields (0.001–0.02 mol einstein-1) impaired the implementation of UV irradiation
treatment alone as an efficient abatement method. Nevertheless, the UV/H2O2 advanced oxidation process was found to be a valid treatment option.
Some information is also available regarding the photochemical behavior of BTs and BTHs
induced by sunlight. Under artificial sunlight, the abatement of BT in pure water at pH-values
of 3, 7 and 10 was determined to be <5% after 10 days (Liu et al. 2011b), indicating that the
direct phototransformation of BT is very slow. However, vertical profiles of BT concentration
measured in Swiss lakes suggested a possible impact of photochemical processes on the
aquatic fate of BT (Giger et al. 2006). We are not aware of any analogous studies on other
BTs. Among the BTHs, the phototransformation of 2-mercaptobenzothiazole (2-MBTH) and
2-(thiocyanomethylthio)benzothiazole (2-TCMTBH) under sunlight was investigated and
quantum yields of 0.01 and 0.002, respectively, were determined (Brownlee et al. 1992). The
same study proposed that 2-MBTH is the major phototransformation product of 2-TCMTBH,
while BTH and 2-OHBTH are the major photoproducts for 2-MBTH. The formation of these
two photoproducts from 2-MBTH was confirmed by Malouki and co-workers (Malouki et al.
2004), who determined, under genuine sunlight, phototransformation half-lives for 2-MBTH
of 250 min in pure water and 65 min in a lake water. Further they found that the phototransformation of 2-MBTH to BTH is promoted in natural waters compared to 2-MBTH transformation in pure water. The formation of the photoproduct 2-OHBTH is low in pure water and
is negligible in natural waters.
The goal of this study is to investigate the photochemical fate of three selected benzotriazoles,
namely BT, 5-MeBT and 5-chloro-1H-benzotriazole (5-ClBT), and three benzothiazoles,
namely BTH, 2-MBTH and 2-OHBTH. In a first step solutions of the selected compounds in
buffered pure water and wastewater were irradiated under simulated solar light to estimate
their photoreactivity and the relative importance of the direct and indirect phototransformation pathways. Furthermore, one compound out of each class, namely BT and 2-MBTH, were
investigated in more detail to evaluate the effect of DOM type and concentration on the sunlight-induced transformation processes.
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4.2 Experimental section
4.2.1 Chemicals and solutions
Details about chemicals, the preparation of stock solutions and buffer solutions are available
elsewhere (Bahnmüller et al. 2014b). As DOM reference material, Pony Lake fulvic acid
(PLFA), an autochthonous material derived from purely algal activity, and Suwannee River
fulvic acid (SRFA), a mainly allochthonous material, were used. The origin of river water
samples is given in detail elsewhere (Bahnmüller et al. 2014b). Samples of secondary wastewater effluents were taken from two wastewaters treatment plants (WWTP), both receiving
the same raw wastewater of mixed urban and industrial composition from the city of Dübendorf, Switzerland. WWTP Neugut is a full-scale plant located in Neugut, Dübendorf, which
has been equipped recently with an ozone reactor for advanced wastewater treatment subsequent to conventional treatment. Three different sampling points were chosen for this plant:
directly after the conventional treatment (wastewater A1), after ozonation (wastewater A2)
and after ozonation with subsequent sandfiltration (wastewater A3). Before the ozonation
treatment step was installed, samples (wastewater B) were taken after complete conventional
treatment, which included a sandfilter as a last treatment step. Wastewater B1 was further
treated by electrodialysis to remove ions, termed as wastewater B2. WWTP Eawag is owned
and operated by Eawag as a pilot-scale plant with conventional treatment techniques, but
without a final sand filter. All water samples were immediately filtered with 0.45 !m prerinsed cellulose nitrate membranes into glass bottles, and stored in the dark at 4 ºC. Water
samples were not further treated for the irradiation experiments. Basic water quality parameters of all water samples are listed in Table 4.1.
4.2.2 Analytical methods
Chemical analyses of the BTs and BTHs were performed with a Dionex Ultimate 3000 high
performance liquid chromatography (HPLC) system (ThermoScientific, Sunnyvale, CA, USA)
using a multiple wavelength diode array absorbance detector. An Eclipse XDB-C18 column
(150 mm " 4.6 mm I.D., 5 !m; Agilent, NSW, Australia and Zurich, Switzerland) with an
Eclipse XDB-C18 guard column (4 mm " 4 mm I.D., 5 !m) was used for the separation. Detailed chromatographic conditions are given elsewhere (Bahnmüller et al. 2014b).
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Table 4.1. Water quality parameter of sampled river waters and wastewater effluents.
DOC

pH

(mgC L-1)

Alkalinity

Nitrate

Nitrite

(mmol L-1)

(mgN L-1)

(µgN L-1)

Spring water

<0.4

7.9

1.65

0.3

<0.25

River water A

2.6

8.4

4.27

2.7

19.5

River water B

3.3

8.3

5.76

3.6

39.8

Wastewater A1

a

6.7

7.9

6.21

12.3

3.6

Wastewater A2

a

6.5

7.9

6.22

12.2

2.5

Wastewater A3

a

6.3

7.9

6.21

11.2

1.6

Wastewater B1 a

7.0

7.9

6.21

13.9
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Wastewater B2 a,c

7.0

7.6

1.18

<0.25

1.7

Wastewater Cb

8.4

8.0

7.40

4.4

540

Wastewater Db

6.2

8.3

6.89

6.2

509

a

From WWTP Dübendorf.
From WWTP Eawag.
c
Electrodialysed.
b

4.2.3 Degradation experiments
Irradiation experiments were performed using a solar simulator (Heraeus model Suntest CPS+)
equipped with a xenon lamp (1500W) emitting wavelength within 300 nm to 800 nm. To reduce the contribution of direct phototransformation to the total phototransformation, a DEMA
125 merry-go-round photoreactor (Hans Mangels GmbH, Bornheim-Roisdorf, Germany)
equipped with a Heraeus Noblelight TQ 718 medium-pressure mercury lamp (MP Hg lamp)
was used. The procedures adopted for the use of both irradiation options are described in detail elsewhere (Bahnmüller et al. 2014a). For irradiations lasting longer than one day, the solar
simulator was switched off overnight and the sample tubes were kept in place (in the water
bath under the solar simulator, located in a darkroom). Concentrations of the target compounds were checked the next day before samples were irradiated again. All compounds, except 2-MBTH, were irradiated for 2–3 days in a row with an average daily irradiation time of
8 hours. Solutions spiked with 2-MBTH were irradiated in total for 30 min. Single target
compounds were spiked at a concentration of 1 µM in tubes filled in total with 16 mL water
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solutions (either buffered ultrapure water, river water, wastewater or DOM solution) with
negligible dilution (<2%) of water matrix components. Pseudo-first-order phototransformation rate constants, kobs (h-1), were obtained by linear regression of the natural logarithmic
residual concentration of each target compound versus irradiation time t. For all irradiation
experiments, the effect of light screening could be neglected and actinometry was performed
as described elsewhere (Bahnmüller et al. 2014a).

4.3 Results and discussion
4.3.1 Phototransformation kinetics of benzotriazoles (1H-benzotriazole, 5-methyl-1Hbenzotriazole, 5-chloro-1H-benzotriazole) under simulated sunlight
The transformation of the selected target compounds induced by simulated sunlight is depicted in Figure 4.1. For these experiments, the photon fluence rate in the wavelength range
of 300!400 nm was determined to be 128 µE m-2 s-1 (±15%) by chemical actinometry (for
calculation details, see (Bahnmüller et al. 2014a)). The decline of BT, 5-MeBT and 5-ClBT
fits to first-order kinetics in buffered ultrapure water (pH 8) and wastewater C. In ultrapure
water, the concentration of BT, 5-MeBT and 5-ClBT after 3 days of irradiation decreased by
13%, 23% and 50%, respectively. The absorption of simulated sunlight by the three BTs is
minimal and occurs only in a small wavelength range around #300 nm (Figure S4.1, in Supplementary Information, SI). In addition quantum yields for the direct phototransformation,
available for UV-C ("=254 nm) irradiation (Bahnmüller et al. 2014b) are very low (2.6"10-3–
1.7"10-2 mol Einstein-1). Assuming that these quantum yield values can be applied for the
solar UV range, both small sunlight absorption and quantum yields explain why the phototransformation of the BTs is very slow. The depletion of all BTs is considerably increased in
wastewater effluent C (Figure 4.1) suggesting that indirect photochemical reactions accelerate
the light-induced transformation of BTs. Another set of irradiation experiments was done using UV-A light (wavelength >320 nm) to exclude direct photolysis and to test the amenability
to undergo indirect phototransformation. Results show clearly that no direct phototransformation was observed in ultrapure water for all three BTs under UV-A irradiation meaning that
observed depletion was subject to indirect phototransformation for wastewater C (Table S4.1,
SI).
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Figure 4.1. Depletion of benzotriazoles under simulated solar light. Solid lines and outline
symbols represents data obtained in ultrapure water (pH 8). Dashed lines and non-filled symbols represent data obtained in wastewater C.

Figure 4.2. Depletion of benzothiazoles under simulated solar light. Solid lines and outline
symbols represents data obtained in ultrapure water (pH 8). Dashed lines and non-filled symbols represent data obtained in wastewater C, except for 2-MBTH where data are obtained in
wastewater A.
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4.3.2 Phototransformation kinetics of benzothiazoles (benzothiazole, 2-hydroxybenzothiazole, 2-mercaptobenzothiazole) under simulated sunlight
The selected BTHs show a very diverse photochemical reactivity under simulated sunlight
(Figure 4.2). BTH and 2-OHBTH remain basically unaffected by 24 hour of irradiation in
ultrapure water and wastewater. A 35 hours irradiation of BTH in PLFA and SRFA solution
(at pH 8) did not induce any depletion (data not shown). Opposite to these two compounds, 2MBTH transformation is very fast under sunlight, the extent of transformation after 0.5 h
reaching 40% for ultrapure water and 60% for wastewater. The difference in the ability to
undergo direct phototransformation among BTHs can be mainly explained by their spectral
molar absorption coefficient and quantum yield. While BTH and 2-OHBTH show almost no
absorption above 290 nm, 2-MBTH exhibits a high absorption coefficient at 310 nm
($310nm=1881 m2). In another experimental series using UV-A light (%<320 nm) a loss of BTH
and 2-OHBTH was measured in wastewater effluent hinting that these compounds indeed
undergo indirect phototransformation (Table S4.1, SI), possibly by reaction with photogenerated hydroxyl radical (see the high second-order rate constants for this reaction found in
(Bahnmüller et al. 2014b). The missing transformation in the solar simulator experiments
could be ascribed to several factors, such as the nitrite degradation in wastewater effluents
(detailed discussion in (Bahnmüller et al. 2014a) or effects of water matrix components on
transformation process (detailed discussion (Bahnmüller et al. 2014b)).
4.3.3 Phototransformation rates of 1H-benzotriazole in various waters
BT was selected for a detailed kinetic study because it can be considered as the main representative for the benzotriazoles in terms of application volume. The photochemical transformation of BT induced by simulated sunlight in several surface waters and wastewater was
investigated, and corresponding rate constants are displayed in Figure 4.3. These data were
obtained at a photon fluence rate of 138 µE m-2 s-1 (±15%) for water samples with PLFA,
SRFA, river water A, wastewater A1 and A3. Irradiation experiments for river water B,
wastewater B, C and D had a photon fluence of 128 µE m-2 s-1 (±15%). A previous study
(Bahnmüller et al. 2014b) demonstrated that the UV-C-induced direct transformation of BT
depends on its speciation (pKa=8.3) with the neutral form of BT being more photoreactive
than the deprotonated form (proportion of deprotonated form of BT in studied water samples
are given in (Table S4.2, SI). Since direct photolysis is a minor transformation pathway under
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sunlight, the speciation of BT is considered here especially in relation to its possible influence
on indirect phototranformation.
In aqueous solution containing PLFA and SRFA (2.5 mgC L-1), an increase in phototransformation rate constants by 20% and 40%, respectively, was observed compared to ultrapure
water. BT transformation in river waters A and B is accelerated by a factor of #3 with respect
to ultrapure water. Such an acceleration is much higher than the one observed for the fulvic
acid solutions having similar DOM concentration and indicates that water matrix components
other than DOM may play an important role. In all wastewater effluents phototransformation
rate constants were faster than in ultrapure water. Phototransformation determined in wastewater effluents from WWTP Neugut showed reaction rate constants in the range of 0.015–
0.020 h-1, whereas wastewater effluents from WWTP Eawag exhibit a two times faster reaction rates ranging from 0.034 to 0.037 h-1. This indicates that the applied technique to treat
wastewater possibly affects the water quality (pH, EfOM concentration and composition as
well as photoactive ions) and consequently the photochemical activity of wastewater effluents.
Wastewater A3, which is treated by ozone with subsequent sand filtration, caused a marginal
reduction of BT phototransformation indicating that ozonation did not change the photochemical activity of the wastewater with respect of BT transformation.

Figure 4.3. Sunlight-induced phototransformation rate constants of 1H-benzotriazole in various waters. In ultrapure water and aqueous solution containing SRFA or PFLA pH was adjusted to a value of 8. DOM concentration (mgC L-1) is given in brackets.
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Wastewater B2 was treated by electrodialysis to remove ions (electronic conductivity decreased from 992 to 187 µS cm-1) to test the effect of photoactive ions such as nitrate and nitrite on BT transformation. The phototransformation rate constant is reduced by almost 50%
upon electrodialysis of the wastewater. These results support the assumption that photooxidants most likely hydroxyl radical derived from photolysis of nitrate and nitrite, significantly
contribute to BT transformation. The much higher BT depletion in wastewater C and D might
be ascribed to hydroxyl radical produced by nitrite, and probably further unidentified reactive
species derived from EfOM photoexcitation, as postulated elsewhere (Bahnmüller et al.
2014a). Phototransformation rate constants appear to depend on DOM/EfOM type and other
water matrix components rather than DOM concentration. However, irradiation experiments
using UV-A light (%>320 nm) to further reduce the rate of direct phototransformation showed
that BT depletion was affected by DOM concentration (Figure S4.2, SI). The depletion rate
constant increased with increasing DOM concentration, but was independent of DOM type
(PLFA versus SRFA) similar to sunlight-induced reaction rates.

Figure 4.4. Sunlight-induced phototransformation rate constants of 2-mercaptobenzothiazole
in various waters. In ultrapure water and aqueous solution containing SRFA or PFLA. The pH
was adjusted to a value of 8. DOM concentration (mgC L-1) is given in brackets.
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4.3.4 Phototransformation rates of 2-mercaptobenzothiazole in various waters and fulvic
acid solutions
2-MBTH is the most photoreactive compound among all studied BTs and BTHs. Its phototransformation rate constants under simulated sunlight are three orders of magnitude higher
than those for BT. Figure 4.4 illustrates the results of various irradiation experiments conducted at a photon fluence rate (300!400 nm) of 138 µE m-2 s-1 (±15%). The increase in rate
constant going from ultrapure water to the PLFA solution, river waters and wastewaters is on
average #30%, implying that direct phototransformation should be the dominant transformation pathway. The rate constants seem to be independent of DOM concentration and type for
these waters. However, the spring water and the SRFA solution show another behavior. For
the spring water, the DOM concentration is probably too low to induce a measurable increase
in rate constant. SRFA (2.5 mgC L-1) reduces the rate constant by 26%, and acts thus primarily as an inhibitor of the phototransformation. In view of the negligible light screening of
DOM in the present study, we propose that antioxidant moieties of SRFA may interfere in the
direct phototransformation of 2-MBTH in an analogous way as has been characterized for
some indirect photoreactions induced by oxidizing excited triplet states (Bahnmüller et al.
2014a, Canonica and Laubscher 2008, Wenk and Canonica 2012, Wenk et al. 2011) and as
also shown for the direct phototransformation of tryptophan (Janssen et al. 2014).
Similarly as for the recent study on the UV-C-induced phototransformation of benzothiazoles
(Bahnmüller et al. 2014b), a detailed study of the pH dependent phototransformation of 2MBTH was performed using the solar simulator (Figure 4.5). Further, the pH-dependency of
the direct phototransformation rate constants were fitted for the respective species of 2MBTH shown as dashed line in Figure 4.5 (mathematical treatment see (Bahnmüller et al.
2014b). 2-MBTH occurs mainly in its molecular form at pH values lower than its pKa of 7.1.
The direct phototransformation rate constant (from pure water experiments) becomes very
small at the lowest pH of 4, pointing to the low photoreactivity of the molecular form. At
higher pH the deprotonated form of MBTH is predominant and the rate constants reach an
approximately constant value of #1.5 h-1 above pH 8. Addition of PLFA increases the rate
constants by approximately the same amount (#0.25 h-1) at any studied pH in the range of
4!10, demonstrating that the indirect phototransformation rate constant does not depend on
the speciation of 2-MBTH. To investigate the effect of DOM concentration and type on 2120
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MBTH transformations in more detail, experiments were conducted under UV-A irradiation
at two different pH values (pH 4 aimed to suppress direct phototransformation). Figure S4.3
in SI displays the rate constants obtained from this experimental series. For pH 8, PLFA accelerates the phototransformation of 2-MBTH more strongly than SRFA, and the inhibitory
character of SRFA could explain this reduced sensitization. Trends are similar at pH 4, with a
slightly reduced photosensitization effect of PLFA with respect to pH 8.

Figure 4.5. Effect of pH on the phototransformation of 2-mercaptobenzothiazole in the presence and absence of PLFA. Irradiations were performed using the solar simulator (%>290 nm).
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4.3.5 Environmental Implications
Phototransformation rate constants are taken as the basis to calculated phototransformation
half-lives for BTs and BTHs (see Table 4.2). The light intensity provided by solar simulator
to the irradiated samples corresponds approximately to the intensity of terrestrial sunlight for
an intermediate season between summer and fall, and under midday, mid-latitude and clearsky conditions. To obtain half-lives representing conditions found in surface waters (defined
as t1/2,E), the half-lives from solar simulator experiments were multiplied by approximate factors to account for the diurnal variation of sunlight intensity (including night time, factor of
#4), partial cloud cover (factor of #1.4) and reduction of sunlight intensity by the screening
effect in a water depth of 1 m (factor of #3 for averaged half-life in a well-mixed water layer).
Other factors such as shady riverine vegetation are not included. Phototransformation halflives t1/2,E are listed in Table 4.2. Half-lives t1/2,E for direct phototransformation are 93 days
for BT, 49 days for 5-MeBT and 18 days for 5-ClBT. These values suggest that BT and 5MeBT are recalcitrant towards direct phototransformation under sunlight. In surface waters,
the phototransformation half-lives are most probably only considerably reduced by a high
content of wastewater effluent. The direct phototransformation half-lives of BT and 5-MeBT
concur with the classification of a persistent chemical by the European Chemical Agency.
They defined a chemical as persistent when the half-life is greater than 40 days in fresh waters. 5-ClBT is more subject to direct and indirect phototransformation and for this compounds it is more likely that photochemical processes play a role as a natural elimination
pathway. BTH and 2-OHBTH show very high phototransformation half-lives t1/2,E in pure
water and 100% wastewater effluent pointing out that these compounds persist sunlightinduced transformation. Among all studied compounds, 2-MBTH degrades very fast in various waters (see Table 4.3) with half-lives t1/2,E varying from 7-12 hours. However, the sunlight-induced transformation of 2-MBTH produces in the photochemical stable transformation
products BTH and 2-OHBTH. Our findings support the general assumption that BT, 5-MeBT,
BTH and 2-OHBTH are slowly degraded under sunlight, which concurs with their ubiquitous
occurrence in all aquatic compartments and with their highest concentrations found in natural
waters and wastewater effluents (Kloepfer et al. 2005, Reemtsma et al. 2006, Schymanski et
al. 2014).
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Table 4.2. Sunlight-induced half-lives t1/2,E of BTs and BTHs for environment relevant conditions. a
t1/2,E
Compound

Pure water

[days]
Wastewater C

1H-Benzotriazole

93 ± 3

23.8 ± 0.7

5-Methyl-1H-benzotriazole

49 ± 1

13.3 ± 0.7

5-Chloro-1H-benzotriazole

17.5 ± 0.7

10.5 ± 1.4

> 113

> 157

2-Mercaptobenzothiazole

0.347± 0.014

0.024 ± 0.004

2-Hydroxybenzothiazole

n.d.b

> 695

Benzothiazole

a

According to t1/2,E = ln(2)/kobs multiplied by factors to consider the diurnal
variation of sunlight intensity (by factor 4), partial cloud cover (by factor 1.4)
and light screening effect in water depth of 1 m (factor 3).
b
n.d.: not determined.

Table 4.3. Sunlight-induced half-lives t1/2,E for 1H-benzotriazole and 2mercaptobenzothiazole in various waters. a
1H-Benzotriazole

2-Mercapto-benzothiazole

t1/2,E

t1/2,E

[days]

[h]

ultrapure water

93 ± 3

8.8 ± 0.4

PLFA

77 ± 2

7.3 ± 0.3

SRFA

64 ± 1

11.9 ± 0.5

river water A

31.9 ± 0.6

6.7 ± 0.3

wastewater A1

23.8 ± 0.2

6.7 ± 0.3

wastewater B2

57 ± 1

n.d.b

wastewater D

14.1 ± 0.1

n.d.b

a

According to t1/2,E = ln(2)/kobs multiplied by factors to consider the diurnal
variation of sunlight intensity (by factor 4), partial cloud cover (by factor 1.4)
and light screening effect in water depth of 1 m (factor 3). b n.d.: not determined.
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4.4 Conclusions
•

The selected benzotriazoles (1H-benzotriazole, 5-methyl-1H-benzotriazole, 5-chloro1H-benzotriazole) undergo direct phototransformation, but this process is rather slow
under environmental conditions. Abatement of BTs is increased in 100% wastewater
effluents indicationg that indirect photochemical reactions promote BTs degradation.
However, calculated half-lives suggest that these compounds are quite recalcitrant towards sunlight-induced photochemical transformation processes.

•

Benzothiazole (BTH) and 2-hydroxybenzothiazole (2-OHBTH) do not show any photoreactivity in ultrapure water and in wastewater effluents under simulated solar irradiation. Our results demonstrate their persistency towards photochemical reactions,
which helps to explain why BTHs are found most often with highest concentrations in
sampled waters in various studies.

•

The sunlight-induced transformation of 1H-benzotriazole (BT) seems to consist of a
minor portion of direct and a higher portion of indirect phototransformation. For the
latter transformation process, the main photooxidant could not be clarified, but results
indicate that DOM, EfOM and photoactive ions promote BT depletion.

•

2-mercaptobenzothiazole (2-MBTH) is the most photoreactive compound among the
studied BTs and BTHs with short half-lives of less than a day. Direct phototransformation is the dominant transformation pathway. 2-MBTH phototransformation is
slightly enhanced in the presence of DOM.
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Sunlight-induced transformation of benzotriazoles and
benzothiazoles in surface waters and wastewater effluents
with particular focus on 1H-benzotriazole and
2-mercaptobenzothiazole
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Figure S4.1. pH dependence of the electronic absorption spectra of 1H-benzotriazole (a) and
2-mercaptobenzothiazole (b) in the wavelength range relevant to sunlight-induced
photoreactions. The emission spectrum of the solar simulator is also shown.

Table S4.1. Half-lives of the BTs and BTHs irradiated with UV-A (!>320
nm). a
compound
1H-benzotriazole
(BT)
5-methyl-1H-benzotriazole
(5-MeBT)
5-chloro-1H-benzotriazole
(5-ClBT)
benzothiazole
(BTH)
2-mercaptobenzothiazole
(2-MBTH)
2-hydroxybenzothiazole
(2-OHBTH)
a

130

half-lives (h)
pure water

wastewater C

0.0146 ± 0.0003

0.10 ± 0.01

0.0147 ± 0.0007

0.11 ± 0.01

0.00084 ± 0.0009

0.10 ± 0.01

0.0136 ± 0.0010

0.09 ± 0.02

0.80 ± 0.10

2.44 ± 0.55

-

0.05 ± 0.02

No actinometry was done for this irradiation series.
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Figure S4.2. Effect of DOM concentration and type on phototransformation of 1Hbenzotriazole at pH 8.0 irradiated with UV-A light (!>320 nm).

Figure S4.3. Effect of pH, DOM concentration and type on phototransformation of 2mercaptobenzothiazole irradiated with UV-A light (!>320 nm).
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Table S4.2. Calculated proportion of the deprotonated species of BT and 2MBTH in dependence of pH and determined pKa.
Proportion of deprotonated species [%]
pKa

132

pH
7.6

7.9

8.0

8.3

BT

8.3

16

28

33

50

2-MBTH

7.1

75

85

88

93
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General conclusions

Chapter 5

Sunlight-induced transformations are of great importance as a natural abatement process for
many aquatic contaminants. This doctoral thesis aimed at determining light-induced reaction
rate constants of sulfonamide antibiotics, benzotriazoles and benzothiazoles in surface waters
and wastewaters to assess their photochemical fate in the aquatic environment and during
technical photooxidation processes. Model compounds and systems were used to identify the
responsible transformation pathways considering that dissolved organic matter (DOM) can
act as a promoter and inhibitor in transformation processes, and that various photooxidants/radicals resulting from photosensitization can contribute to the micropollutant transformation.
In the first part of this doctoral thesis, sulfadiazine (SD) and sulfamethoxazole (SMX) were
chosen for a more detailed investigation on sunlight-induced transformation, because a previous doctoral thesis revealed that DOM, especially if having terrestrial origin (e.g., Suwannee
River fulvic acid, SRFA), and phenols are able to inhibit the triplet-induced oxidation of selected sulfonamides. In this study the effect of DOM concentration on SD phototransformation was investigated demonstrating that terrestrial DOM mainly inhibits the triplet-induced
oxidation of SD, which is almost independent of SRFA concentration. In contrast, DOM derived purely from algal and microbial activity (Pony Lake fulvic acid, PLFA) mainly promotes SD phototransformation, with the inhibiting character emerging only at higher PLFA
concentration (>2 mgC L-1). The model antioxidant phenol had been previously proposed as
an indicator of the triplet-induced oxidation pathway and to assess the inhibition capacity of
DOM in water samples. In the present thesis, phenol was applied for these purposes to river
water and wastewater samples under simulated sunlight, and in various cases a clear reduction
in phototransformation rate constants of SD was observed upon addition of phenol, demonstrating the triplet-induced pathway. However, phenol can also act as a scavenger of hydroxyl
radical, and when this reactive species contributes significantly to the phototransformation, a
reduction in rate constant is also observed which might be misinterpreted as an indication of
the triplet-induced pathway. The use of isopropanol, a classical hydroxyl radical scavenger, in
a separate experiment helped to reveal the presence of this radical. In future studies, an additional test with the simultaneous use of phenol and isopropanol may be envisaged to allow to
optimally disentangle the effects of hydroxyl radical and inhibition of triplet-induced oxidation.
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Phenol has been applied to date as a model inhibitor only for a limited number of contaminants, mostly anilines and sulfonamides. In the frame of this work a further aromatic compound, 2-mercaptobenzothiazole (2-MBTH), was tested. No reduction of phototransformation
rate constant of 2-MBTH was observed upon the addition of phenol to solutions containing
DOM reference material (PLFA or SRFA). This implicates that triplet-induced transformations of DOM reference material was not inhibited by the model antioxidant phenol. However,
the phototransfromation of 2-MBTH was significantly faster in PLFA solution than in SRFA
solution, which suggested that inhibition by DOM with high antioxidant capacity might indeed be operative. A possible explanation could be that in the case of 2-MBTH, phenol is not
a sufficiently strong antioxidant to reduce transformation intermediates of 2-MBTH. The use
of alternative phenolic antioxidant might help to resolve this open question. In general, the
search for optimal antioxidants as indicators of triplet-induced oxidation could be a relevant
topic of future research.
In regard to how antioxidants affect direct phototransformation of micropollutants, not much
information is available. In this study it was found that direct phototransformation rate constants of 2-MBTH were significantly reduced in the presence of SRFA, and also direct phototransformation of SD was reduced in the presence of phenol, which suggest that direct phototransformations processes can be affected by antioxidants. To get a better understanding of
which parameters influence direct phototransformation could be the object of further research.
The photosensitizing capacities of DOM/EfOM was evaluated by using 2,4,6-trimethylphenol
(TMP) as a reference compound, since phototransformation of TMP is not inhibited by DOM
and does not undergo direct phototransformation. In the photochemical study of sulfonamides,
the phototransformation rate constant of TMP in sampled surface waters increased almost
proportionally with DOM concentration. The rate constants for sulfadiazine had a much
weaker dependence on DOM concentration, and the difference to the behavior of TMP clearly
indicated the inhibitive properties of DOM in this case. Thus, the application of TMP can be a
suitable complement to the use of scavengers and other indicator compounds to unravel the
mechanisms of indirect phototransformations in the aquatic environment.
In the study about the photochemical fate of benzotriazoles (BTs) and benzothiazoles (BTHs)
in sunlit surface waters, reaction rate constants were quantified highlighting that these compounds (except for 2-MBTH) are quite recalcitrant towards sunlight-induced processes, with
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consequently long residence times in surface waters. An additional focus in this doctoral thesis was set to investigate the abatement of BTs and BTHs by UV-based methods, which are
used in water treatment to reduce the impact of contaminated wastewater effluents on surface
waters. The abatement of BTs and BTHs by the UV/H2O2 process showed to be efficient,
while the application of UV-irradiation alone was rather inefficient. For the conditions used in
the latter application, a detailed study about the effect of the pH dependency on direct phototransformation was performed. The direct phototransformation rate constants were found to
depend on the speciation of the individual compound, but transformation trends were quite
diverse within the chemical classes of BTs and BTHs, which is not understood based on mere
kinetic analysis. More detailed investigations of the reaction mechanisms including computational chemistry methods would be required to understand such trends and predict the phototransformation quantum yields for each species.
Overall, this doctoral thesis illustrated that light-induced transformation of an aquatic contaminant depends on its physicochemical properties determining its reactivity towards photochemical and radical processes, the type and concentration of DOM, available photooxidants
(e.g. hydroxyl radical) and the spectrum of light. Therefore, aquatic photochemistry in surface
waters and wastewaters can be quite complex for selected micropollutants. More research
could be helpful to get a deeper understanding of transformation mechanism and influencing
parameters.
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