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Abstract
Life cycle assessment (LCA) is increasingly used to assess the total environmental impacts
(‘cradle to grave’) associated with a product or process but its results often suffer from large
uncertainties owing to either incomplete inventories or underdeveloped impact assessment
methods. For example, although human driven habitat change to meet consumption demands
has the highest impact of all drivers of biodiversity loss for most ecosystems, the available
LCA methods quantifying land use biodiversity impacts of consumer products are in nascent
stage of development. Similarly, the potential human health impacts of toxic emissions from
indoor products are rarely addressed in LCA. Both these shortcomings are particularly
relevant when it comes to the assessment of forestry and wood products, which were the
thematic focus of this dissertation.
This aim of this dissertation is to develop improved methods to quantify local, regional and
global biodiversity loss due to land occupation and land use change as well as methods to
include offgassed emissions occurring during the use phase of indoor wooden products.
Another aim was to apply the new methods in case studies related to the wood value chain, as
well as agricultural production to derive relevant conclusions for these cases.
In a first step, the local characterization factors (CFs) for assessing forest land-use related
biodiversity loss were derived through categorical meta-analysis by reviewing 287 published
studies containing 1008 pairwise comparisons of local species richness in managed and
unmanaged forests. Results show that forest management types can be ranked, from best (low
CF) to worse (high CF), as follows: selection and retention systems, reduced impact logging,
conventional selective logging, clear-cutting, agroforestry, timber plantation, fuelwood and
pulp plantations.
As the local CFs do not inform regarding irreversible extinctions caused by land use, regional
and global CFs were also derived, using Countryside species-area relationship. In comparison
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to previous approaches, improved ecological models, species habitat range and threat
information were used in the assessment.
The new methods were applied to various case studies. First, the land use biodiversity impacts
of 1 kg of bioethanol produced using six different feed stocks in different parts of the world
are compared. It was found that sugarcane cultivation in Brazil resulted in higher global
species extinctions as compared to maize from the USA or sugar beet from France.
Next, the new characterization factors were combined with high resolution spatial maps
(inventory) of global crops, pasture and managed forests. The results reveal hotspots of land
use driven biodiversity loss at a global scale as well as their particular drivers (agriculture or
pasture or forestry). Moreover, the biodiversity impacts per kg of each of the 160 global crops
from 250 countries are compared. Finally, the land use driven species extinctions embodied in
international supply chains were assessed for the case of Swiss food consumption,
demonstrating that imported impacts are 25-500 times larger than the impacts due to domestic
agricultural land occupation. Cocoa, coffee and palm oil imports from Central America and
SE Asia were identified as responsible for majority of imported impacts. The biodiversity
impacts of 1 m3 of roundwood produced from natural managed and planted forests in 250
countries were also compared, concluding that wood from tropical areas had a particularly
large impact, due to low timber yield in general and a large presence of vulnerable species.
In addition to assessing biodiversity impacts from land use, another gap in the LCA of the
wood value chain was addressed and a new methodology was developed to incorporate
human health impacts due to volatile organic compounds emitted from indoor wood products.
The mass of each pollutant emitted into indoor compartment over the service life of common
wooden products was modeled by statistically analyzing data from published chamber testing
studies. The existing inventories of common indoor wood products which hitherto do not
include these use phase emission data, were updated. The results show that the use-phase
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human-toxicity impacts may be higher than those occurring during the rest of the product’s
life cycle and, hence, should not be neglected in LCA.
Finally, a discussion on the liaison of results with international agreements and goals, such as
the Aichi 2020 targets is carried out. Furthermore, the scientific achievements of the thesis are
summarized, including improved globally operational impact assessment methodologies for
land use and new insights on the hotspots of land use driven biodiversity loss, which can be
useful for producing country to design mitigating measures. On the consumption side,
reducing the volume of imported trade commodities that cause high species loss and raising
consumers’ awareness of the biodiversity damage caused by the products they buy can go a
long way in reducing the existing rate of biodiversity loss. The findings provide further
evidence to the theory of ‘ecological unequal exchange’ and recommends that the impacts
‘hidden’ in imported products must be included in any national accounting and sustainability
assessments.
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Zusammenfassung
Ökobilanzen (LCA) werden zunehmend verwendet, um die gesamten Umweltauswirkungen
("von der Wiege bis zur Bahre") zu bewerten, die ein Produkt oder Verfahren verursacht. Die
Ergebnisse sind allerdings oft mit grossen Unsicherheiten behaftet aufgrund unvollständiger
Inventare oder unterentwickelter Methoden zur Folgeabschätzung. Obwohl beispielsweise die
anthropogen bedingten Landnutzungsänderungen zur Deckung der menschlichen Bedürfnisse
in den meisten Ökosystemen die wichtigsten treibenden Faktoren für Biodiversitätsverluste
darstellen, sind die entsprechenden Ökobilanz-Bewertungsmethoden noch im Anfangsstadium
ihrer

Entwicklung.

Ebenso

werden

die

möglichen

gesundheitlichen

Folgen

der

Schadstoffemissionen von Produkten in Innenräumen selten in Ökobilanzen berücksichtigt.
Die beiden genannten Mängel sind besonders relevant, wenn es um die Beurteilung der
Forstwirtschaft und ihrer Holzprodukte geht. Diese beiden Themenbereiche bilden den
Schwerpunkt dieser Dissertation.
Das Ziel dieser Arbeit ist es, verbesserte Verfahren zu entwickeln, um lokale, regionale und
globale Biodiversitätsverluste durch Landbesetzungen und Landnutzungsänderungen zu
quantifizieren,

sowie

die

während

der

Nutzungsphase

von

Indoor-Holzprodukten

auftretendenEmissionen zu berücksichtigen. Desweiteren sollen die neuen Methoden in
Fallstudien angewendet

werden, um relevante Schlussfolgerungen für die Holz-

Wertschöpfungskette sowie die landwirtschaftliche Produktion abzuleiten
In einem ersten Schritt wurden die lokalen Charakterisierungsfaktoren (CF) für die Bewertung
des waldflächennutzungsbezogenen Biodiversitätsverlustes abgeleitet durch eine kategorische
Meta-Analyse mit Prüfung von 287 veröffentlichten Studien, welche 1008 paarweise
Vergleiche des lokalen Artenreichtums in verwalteten und nicht verwalteten Wäldern machen.
Ergebnisse zeigen, dass die Waldbewirtschaftungs-Typen wie folgt rangiert werden können
vom besten (niedrige CF) zum schlechtesten (hohe CF): Auswahl- und Rückhaltesysteme,
5

Holzschlag

mit

reduzierten

Auswirkungen,

konventioneller

selektiver

Holzschlag,

Kahlschlag, Agroforstwirtschaft, Holzplantage, Brennholz und Zellstoffplantagen.
Da die lokalen CF nichts aussagenüber die Ausrottung von arten durch Landnutzung, wurden
durch ländliche Art-Areal-Beziehungen zusätzlich regionale und globale CF abgeleitet. Im
Vergleich zu früheren Ansätzen wurden verbesserte ökologische Modelle, erweiterte
artspezifische Habitatbereiche und differenziertere Informationen über Bedrohungsfaktoren
verwendet.
Die neuen Methoden wurden in verschiedenen Fallstudien angewendet. Als erstes wurden die
Biodiversitäts-Einflüsse von Landnutzungsänderungen, welche mit der Produktion von einem
Kilo Bioethanol verbunden sind, untersucht, indem
verschiedenen

Teilen

der

Welt

verglichen

wurden.

sechs verschiedene Kulturen in
Die

Resultate

zeigen,

dass

Zuckerrohranbau in Brasilien zu einem höheren globale Artensterben führt als Mais aus den
USA oder Zuckerrüben aus Frankreich.
Als nächstes wurden die neuen Charakterisierungsfaktoren mit hochaufgelösten räumlichen
Karten (Inventar) von globalen Kulturen, Weiden und Wirtschaftswäldern kombiniert. Die
Ergebnisse zeigen Hotspots von Biodiversitätsverlusten auf globaler Ebene, getrieben durch
Landnutzungsänderungen, sowie deren Ursachen (Landwirtschaft, Weidehaltung oder
Forstwirtschaft). Darüber hinaus wurden die Biodiversitäts-Auswirkungen von jedem der 160
globalen Kulturen in 250 Ländern pro kg Ertrag verglichen. Schließlich wurde das
landnutzungsbedingte Artensterben von internationalen Lieferketten zur Deckung des
Schweizer Nahrungsmittelkonsums untersucht. Es zeigte sich, dass die Einflüsse von
importierten Waren 25 bis 500-mal größer sind als die Auswirkungen der Inlandproduktion.
Kakao, Kaffee und Palmölimporte aus Zentralamerika und Südostasien wurden als
hauptverantwortlich für die importierten Auswirkungen identifiziert. Ausserdem wurden die
Biodiversität-Auswirkungen von 1 m3 Rundholz aus naturnah bewirtschafteten Wäldern
6

einerseits und aus angepflanzten Wäldern andererseits in 250 Ländern verglichen mit der
Schlussfolgerung, dass Holz aus tropischen Gebieten eine besonders große Wirkung hatte,
sowohl wegen der geringen Holzausbeute als auch wegen einer großen Anwesenheit von
gefährdeten Arten.
Neben der Beurteilung der Biodiversität-Auswirkungen von Landnutzung wurde eine weitere
Lücke in Ökobilanzen von Holzwertschöpfungsketten angegangen und eine neue Methodik
entwickelt, um den Einfluss von flüchtigen organischen Verbindungen aus Holz-Produkten
auf die menschliche Gesundheit zu untersuchen. Die Masse der jeweiligen Schadstoffe, die
über die Lebensdauer von einer Auswahl gebräuchlicher Holzprodukte emittiert werden,
wurde

durch

statistische

Kammerversuchen

Analyse

modelliert.

Die

von

Daten

bestehenden

aus

veröffentlichten

Inventare

von

Studien

Holzprodukten

mit
in

Innenräumen, welche bisher keine Emissionsdaten für die Nutzungsphase enthielten, wurden
aktualisiert. Die Ergebnisse zeigen, dass die Human-Toxizität während der Nutzungsphase
höher sein kann als diejenige während des übrigen Produktlebenszyklus und erstere daher in
Ökobilanzen nicht vernachlässigt werden sollte.
Schließlich wird die Verknüpfung von Ergebnissen mit internationalen Vereinbarungen und
Zielen wie z.B. den Zielen „Aichi 2020“ diskutiert. Darüber hinaus werden die
wissenschaftlichen

Erkenntnisse

der

Arbeit

zusammengefasst,

einschließlich

der

Verbesserung der globalen operativen Bewertungsmethoden über die Landnutzung und der
neuen Erkenntnisse über die Hotspots landnutzungsbedingter Biodiversitätsverluste, welche
für produzierende Länder Hinweise für Massnahmen zur Senkung der Biodiversitätsverluste
liefern können. Auf Konsumentenseite können die Verringerung der Importe von Produkten,
welche grosse Biodiversitätsverluste verursachen, sowie Konsumentensensibilisierung
bezüglich der verursachten Schäden individueller Produkte wirksame Massnahmen sein, um
die Biodiversitätsverluste in Zukunft zu verringern. Desweiteren liefern die Ergebnisse
7

Hinweise für die Theorie des "ungleichen ökologischen Austausches". Es wird empfohlen, die
„versteckten“

Umweltauswirkungen

von

importierten

Produkten

in

allen

volkswirtschaftlichen Gesamtrechnungen und Nachhaltigkeitsbewertungen einzubeziehen.
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Chapter 1

Introduction
1.1 Research Context
This dissertation was conducted within the framework of Swiss National Science foundation’s
Research Programme called “Resource Wood” (Bernhard et al. 2012). For Switzerland wood
is one of the most important domestically produced natural resource and currently underused.
It presents Switzerland with an opportunity to decrease the reliance on material resources and
fossil fuels imported from other countries and increase the use of its renewable sources. With
the NRP 66, the federal council aims to find ways, how wood as a material, chemical or
energy source can be used intelligently over its entire life cycle in ways which are
economically profitable and environmentally benign. The focus is on a better availability as
well as a sustainable use and management of wood. It was decided that the Life cycle
assessment (LCA) approach will be used to assess the environmental impact of wood value
chains to help authorities and other decision makers in defining strategies of sustainable use
of wood in Switzerland.
In the case of wood products, the existing LCA studies suffer from several major gaps that
render their assessment incomplete or unreliable. Firstly, although wood harvesting might
result in significant biodiversity loss due to habitat degradation, the existing methods do not
yet assess the impact of different forestry management intensity. Secondly, existing method
for Life Cycle Impact Assessment (LCIA) do not take into account the human health damage
from indoor emissions of volatile organic compounds (VOCs), such as formaldehyde, during
the wood product’s use phase. Failure to account for above two impacts may lead to severe
underestimation or misjudgment of the wood product’s total environmental burden.
11

This dissertation was designed to develop improved methods to assess land use impacts on
biodiversity and indoor emission impacts on human health. The developed methods can be
applied to products other than wood also and will help to increase the completeness and
accurateness of LCAs. For instance, the LCIA method for land use can be used by LCA
practitioners to assess important impacts of forestry, agriculture and other land-based
products, which so far have been neglected or assessed sub optimally. Moreover, the new
methods can be combined with trade data or multi-region input output (MRIO) analyses to
estimate the embodied environmental impacts in global supply chains.

1.2 State of the art
1.2.1 Land use impact on biodiversity within LCA
Biodiversity includes genetic diversity (e.g. different varieties of crops and the variation
between individuals), species diversity (different species in the world, from mushrooms to
mammals), and ecosystem diversity (different species assemblages of each ecosystem and
their relations to the environment) (Proenca & Pereira 2010). The diversity of species is still
not known precisely and estimates of global species richness range from 3 million to 100
million species. The species distribution around the world is not homogeneous, with some
regions more diverse than others (Proenca & Pereira 2010).
Ceballos et al. 2015 showed that the average rate of vertebrate species loss over the last
century is up to 100 times higher than the background rate. The IUCN red list shows that 322
species of vertebrates have gone extinct since 1500, and approximately 41% of amphibians,
26% of mammals, and 13% of birds are currently threatened (IUCN 2014). For plants species,
~30% are considered threatened. From an abundance point of view, a 28% decline in number
of individuals of vertebrates in the past four decades has been observed (Dirzo et al. 2014).
Loss of species, abundance and habitat range for terrestrial invertebrates is as severe as among
vertebrates. Less than 1% of the 1.4 million invertebrate species have been described till now.
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Of the described species, ~40% are threatened (IUCN 2014). There are concerns that we
might be losing species even before they are discovered (Lees et al. 2015).
Biodiversity contributes to many ecosystem services which can be broadly divided into four
types: provisioning, regulatory, supporting and cultural services (MEA, 2005). Hooper et al.
2012 showed that 20% loss of local species can substantially disrupt biodiversity mediated
ecosystem function and services and thus negatively affect human well-being. Each
component of biodiversity, such as species richness, abundance, composition, or species
interactions, plays a role in ecosystem services. Studies show that loss of small vertebrates
often leads to multitrophic cascades, affecting plant biomass and herbivore abundance (Dirzo
et al. 2014). Cumulatively, these cascades can significantly affect other ecological functions
including food production. Biodiversity loss also has economic implications. For example,
pest control by naturally occurring native biological predators help save ~$5 billion annually
through avoided pesticides in the United States alone (Losey & Vaughan 2006).
The Millennium Ecosystem Assessment (MEA, 2005) identified five main drivers of
terrestrial biodiversity loss – pollution, climate change, habitat change, invasive species and
overexploitation of resources. Over the past century, human driven habitat change to meet
consumption demands has the highest impact of all other drivers for most ecosystems. For
many agricultural and forestry products large swathes of biodiversity rich habitats have been
cleared, to make space for production areas. Quantifying these land use biodiversity impacts
of consumer products and informing end users is an important step towards achieving
sustainable consumption patterns.
Methodologies such as life cycle assessment (LCA) are increasingly been used to assess the
total environmental impacts (‘cradle to grave’) associated with a product or process (Hellweg
& Mila i Canals 2014). Within LCA, once an inventory of energy/material inputs and
environmental interventions associated with all the phases of a product’s life is compiled, the
13

potential environmental impacts are quantified using fate, exposure and effect modeling.
Other approaches that assess a particular environmental impact of product/processes exist
such as carbon, water or ecological footprint analysis (Wiedmann et al. 2011). However to
understand the true magnitude of damage caused, multiple environmental impact categories
need to be considered, something which LCA aims for. Currently, the LCA of products suffer
from large uncertainties owing to either incomplete inventories or underdeveloped impact
assessment methods. Significant scientific effort is required to improve the accuracy and
credibility of LCA results (Souza et al. 2015).
The land use impacts on biodiversity can be very region specific. For example, the occupation
of 1 ha of cropland in a biodiversity poor region in Europe has a much lower ecological
impact compared to the occupation of similar cropland in a hot spot of biodiversity in
countries in Latin America, south east Asia etc. Within life cycle assessment (LCA), the land
use biodiversity impacts are calculated by multiplying inventory (i.e. land area needed for
production) with characterization factors (CFs, i.e. the factors indicating biodiversity damage
caused by unit area of a particular land use in a particular region). Characterization factors
(CFs) is a common term used within LCA, i.e. the factors indicating biodiversity damage
caused by unit area of a particular land use in a particular region. The CFs are multiplied with
land use flow associated with a product to quantify its impact (Mila i Canals et al. 2007). One
of the advantage of using LCA over traditional conservation assessments is that it provides a
link between the biodiversity damage and final product (e.g per kg wheat, per m3 timber etc.).
Also with a complete LCA, the contributions of different life cycle stages to the total
biodiversity impact of a product can be evaluated.
Under the UNEP/SETAC Life Cycle initiative to assess land occupation and land use change
(also called transformation) impacts on biodiversity and ecosystem services, a new multi-level
classification of land use inventories is presented (Koellner et al. 2013a). It consists of four
14

levels of detail ranging from very general global land cover classes (e.g. agriculture) to more
refined categories (e.g. permanent crops, irrigated, intensive). Regionalization is based on five
levels, distinguishing between biomes, climatic regions, ecoregions and finally indicating the
exact geo-referenced information of land use.
On the impact assessment side, many methods were proposed in last decade mostly based on
species diversity differences between natural and disturbed states. However, most of them
lacked global coverage and they were based on datasets from specific world regions or taxa
(de Schryver et al. 2010, Koellner & Scholz 2008, Schmidt 2008, Vogtlander et al. 2004,
Matsuda et al. 2003, Weidema & Lindeijer 2001, Lindeijer 2000). Thus the application of
these methods was limited and uncertainties high. For example, the existing impact
assessment methods such as ReCiPe (Goedkoop et al. 2008) that has been operationalized
LCA software (e.g. Simapro) and broadly used by LCA practitioners, are based on vascular
plants datasets from Europe only. These methods explicitly or implicitly assume that one
taxonomic group can be used as an indicator for species diversity of the whole region in
general. Many studies have shown that such correlations are weak or non-existent (Wolters et
al. 2006), especially if rare and endangered species are the focus (Grenyer et al. 2006).
Other proposed methods use expert judgement and subjectively assign values to different land
use types through an ordinal score based on prevailing vegetation/naturalness (Brentrup et al.
2002, Coelho & Michelson 2014, Burke et al. 2008), habitat structure (Jeanneret et al. 2014),
intensity of land use (Urban et al. 2012) or the indicators known to be important for
biodiversity (Michelson 2008).
Curran et al. 2010 identified six conceptual shortcomings of how land use biodiversity
impacts are modeled within LCA:
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1). Lacking considerations of the scale of impacts: Traditional methods within LCA such as
ReCiPe (Goedkoop et al. 2008), express biodiversity loss in the units potentially disappeared
fraction (PDF) irrespective of the fact whether the loss is local, regional or global.
2). Limited taxonomic coverage: Most methods quantify impacts on one or few taxa (vascular
plants in case of ReCiPe).
3). Limited geographic coverage: Background data by most models to calculate
characterization factors comes from a particular region (e.g. Europe in case of ReCiPe) and
thus extrapolating the results to other regions is questionable.
4). Poor implementation of non-linearity and irreversibility of impacts: Non-linear and
irreversible effects including critical thresholds, tipping points are rarely accounted for by
most methods.
5. Limited focus of indicators: Most methods are based on compositional indicators often
assessing changes in species richness only and not considering genetic, species or ecosystem
level indicators.
6. Missing drivers of biodiversity loss: Methods covering impacts of invasive species and
overexploitation of species are missing from LCA.
The past two years, however, have seen a suite of new globally applicable methods proposed
by LCA researchers that address some of these shortcomings. de Baan et al. 2013a compiled
the relative local reduction of species richness on different types of human-modified land
(e.g., permanent crops, urban areas) compared to undisturbed areas on biome level and
provided local occupation CFs for 14 global biomes. de Baan et al. 2013b used the above
local CFs to calculate regional species richness due to land use based on species-area
relationships, taking into account the sensitivity of taxa to land use matrix (Koh & Ghazoul
2010). The method provides regional land occupation and transformation CFs to calculate the
16

potential regional loss of species of five taxa within 804 WWF terrestrial ecoregions (Olson et
al., 2001) due to four major land use types (agriculture, pasture, urban and managed forest).
For land transformation, permanent CFs were also provided indicating the irreversible, global
loss of endemic species.
de Baan et al. 2013a, 2013b addressed first four of the six shortcomings listed above to some
extent by providing separate CFs for local, regional and global biodiversity loss; considering
multiple taxa; using global data for calculating CFs per biome or ecoregion; using speciesarea relationship to address non-linear effects and quantifying global extinctions for
addressing irreversibility. Souza et al. 2013 partially addressed the fifth shortcoming by
providing CFs based on non-compositional indicator of biodiversity (functional diversity) but
the spatial resolution remained coarse (biome level) and the background data was from
Americas only. Still newer methods have appeared dealing with or incorporating high
resolution habitat suitability models to assess mammal species occurrence in disturbed and
reference state (de Baan et al. 2015). The last shortcoming still exists and the methods
modeling impacts of invasive species and overexploitation of species are missing from LCA
(see section 1.3 for further gaps and challenges).

1.2.2 Indoor emissions impacts on human health in LCA
Many life cycle assessment (LCA) studies have been conducted on wood products comparing
them to alternative materials or those evaluating wooden buildings (Gustavsson et al. 2010).
Rivela et al. 2006, 2007 calculated life cycle impacts of particleboard and medium density
fibreboard; Nebel et al. 2006, Paulsen 2003 and Günther & Langowski 1997 carried out LCA
of floor coverings. Werner & Richter 2007 evaluated life cycle impacts of wooden building
materials such as windows, doors, furniture, railway sleepers, utility poles etc. compared to
functionally equivalent products made of conventional materials. Most of these studies
account for the emissions occurring during raw material extraction, production, transportation
17

and final disposal phases and some account for use phase heating/cooling/maintenance energy
requirement. However none of them include use-phase offgassed emissions in their inventory.
Once the indoor emissions are known, the framework proposed by Hellweg et al. 2009 can be
applied for the assessment of indoor exposure impacts by nesting the indoor model into the
environmental fate, exposure and toxicity model USEtox (Rosenbaum et al. 2008) which
hitherto only assesses the outdoor emissions in a multimedia environment.
Indoor exposure health effects are traditionally neglected in the LCA of products despite the
fact that the indoor intake fraction (ratio of mass of pollutant inhaled to the mass emitted) is
several magnitude of order higher than ambient intake fraction (Wenger et al. 2012). Only a
few studies such as done by Meijer et al. 2005 or Skaar & Jorgensen 2012 calculated the
human health damage due to indoor emissions from building materials and concluded that
human health impacts caused by indoor exposure to pollutants emitted by building materials
and furniture can be significant and may exceed effects from the production and disposal
stages combined. For the products such as refrigerator, cars or buildings, it has already been
recognized that use phase has the highest impact owing to energy demand and long service
life time. However the significance of use phase in the life cycle of VOC emitting indoor
products has rarely been studied.

1.2.3 Biodiversity impacts of global forestry, agricultural products and
international trade
Many studies have assessed the land use impacts of individual crops or food items from
particular countries. For example, Mattsson et al., 2000 assessed Swedish rapeseed, Brazilian
soybean and Malaysian palm oil, and de Baan et al. 2015 assessed tea, coffee, tobacco from
East Africa. Pfister et al. 2011 assessed the land-use related impacts of global agriculture but
they quantify land stress relying on net primary production as a proxy of biodiversity loss and
did not consider the biodiversity harbored by occupied land. Similarly, for forest land use,
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studies have focused on individual countries, e.g. for Norway (Michelsen 2008) or Ghana
(Eshun et al., 2011).
The increasing globalization of the world economy means that production and consumption
are often spatially separated, with resource extraction, agriculture production, mining,
deforestation, redistribution, product manufacturing, industrial processing, consumption and
disposal happening in different parts of the world. Despite this seemingly increased
connectivity between different world regions, bonds between end consumers and the
ecosystem or people at the origin of production are almost non-existent (Kissinger & Rees
2010). Environmental sustainability of any region or country should not be judged solely on
prevalent practices domestically but the ecosystem damages caused by its consuming
population abroad through imported products must also be taken into account. To achieve
sustainable consumption patterns, the total environmental impacts embodied in the global
supply chains need to estimated and communicated to policy makers and consumers.
Significant advances have been made to document flow of materials and services across
borders with multi-region input output (MRIO) analyses emerging as particularly popular due
to its comprehensiveness and versatility (Wiedmann et al. 2011). In order to assess
transnational impacts of traded goods and services, MRIO models need to be linked with
globally applicable robust environmental impact assessment methods. Regarding the
biodiversity loss embodied in global trade of goods and services, Lenzen et al. 2012 recently
proposed a novel approach. They assessed the species threats caused by production of
different commodities and combined with multi-region input output tables, evaluated the trade
of these threats within countries. Their results showed that economic activity and consumer
demand is driving the global biodiversity loss. It was found that while domestic production in
industrialized countries in North America, Europe poses little threat to biodiversity, these
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countries are main importers of threats that occur outside their borders, mainly in tropical
developing countries.

1.3 Challenges and Research gaps
Despite the significant advances made towards assessing land use biodiversity impacts within
LCA, several research gaps and scope for improvement remains (Souza et al. 2015). First, the
local CFs provided by de Baan 2013a were compiled from rather old GLOBIO3 (Alkemade et
al. 2009) and Swiss BDM (BDM 2004) databases and they need an update. Second, the
regional and global CFs of de Baan et al. 2013b consider only four broad land use types
(managed forests, agriculture, pasture, and urban) and do not differentiate between land use
management intensity within these classes. Third, they applied the Matrix SAR model, which
provides unrealistic results (100% species loss) for regions where all natural habitat has been
converted. Fourth, while Verones et al. 2013 combined regional wetland species loss due to
water use with the vulnerability score of each wetland, a similar approach to assess land use
impacts is lacking.
The vulnerability score (VS) takes into account the uniqueness of a particular region, i.e. if
land use associated with a product is in a region hosting exclusive, range-restricted and
endemic species that are not found anywhere else, then the biodiversity impacts can be
considered higher than if the land use had occurred in region hosting common, widespread
species. The VS also account for the fact that land use in a region hosting many threatened
species is more damaging to global biodiversity than a region with species of least concern.
Data on species habitat range or the threat level of different taxa such as birds, mammals,
amphibians, and reptiles has been compiled by international agencies such as international
union for conservation of nature (IUCN 2014) or through national/local efforts. However this
data has not yet been imported or systematically analyzed for their integration in land use
biodiversity impact assessment in LCA context.
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As mentioned in section 1.2.3 above, most studies have analyzed land use biodiversity
impacts for individual crops or forestry regimes. An explicit assessment of biodiversity loss of
all crops, pastures and forestry from all countries is lacking. In order to assess the impacts of
different land use types on biodiversity with global coverage, spatially differentiated land use
inventory data need to be combined with regionalized characterization factors (Mutel et al.,
2011). Current global studies of agricultural products only assess biodiversity with very
simplified indicators (e.g. Pfister et al. 2011 using NPP). A global study highlighting
geographical hotspots of land-related biodiversity loss and their drivers is needed. Also,
alternative methods need to be developed to assess the impacts embodied in international
supply chains. Such analysis will test the robustness of results obtained by Lenzen et al. 2012.
Regarding the LCA of indoor materials, one of the major research gaps is lack of methods to
quantify emissions that occur during their service life and the consequent impacts on human
health. Because measuring emissions is an expensive task and the use phase of many products
may last for decades, the existing life cycle inventories (LCI) of indoor products lack these
use phase emissions. Although many chamber testing studies (Alevantis 2003, Won et al.
2005) have been conducted in last two decades to estimate emission factors of various
products, these values have not yet been imported into popular LCI databases such as
Ecoinvent (Weidema et al. 2013)

1.4

Research aims

The overall goal of the dissertation is to improve methods and derive new characterization
factors (CFs) to enable a more accurate environmental assessment of the wood value chain, as
well as other products and processes, and to apply these methods to relevant case studies. In
particular, improved methods to assess local, regional and global biodiversity loss due to land
use and land use change shall be developed and their use shall be demonstrated with the
example of global forestry, agriculture and pasture. The dissertation also aims to address
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human toxicity impacts due to offgassed emissions from indoor wood products. The newly
developed impact assessment methods shall complement classical methods for other
environmental impacts (e.g. climate change) to provide an appropriate basis for the
assessment of forestry and other land-use related activities.
The dissertation comprises of two parts. The scope of the first part is to provide improved
regionalized impact assessment methodology to estimate the damage to biodiversity caused
by land use and land use change flows associated with a product’s life cycle. The newly
developed method will then be applied to assess the land use biodiversity impacts of global
crop and wood production. The new characterization factors could be linked with
international trade data to facilitate the assessment of biodiversity impacts embodied in them.
The scope of second part of the dissertation is to provide new method for quantitatively
assessing the indoor pollution health impacts caused during the use phase of commonly used
indoor products. This part aims to answer following specific research questions: What are the
most common volatile organic compounds (VOCs) emitted from indoor wood products, in
what quantity and how harmful they are? Do existing inventories of the indoor products need
to be updated to include these emissions, if yes, how? How to quantify and integrate the use
phase human health impacts associated with VOC emitting indoor products into their LCA?
How important are these use phase impacts relative to impacts associated with production and
disposal phases of a product?

1.5 Organization and approach of the dissertation
The dissertation is organized as follows:
Chapter 2 assesses the impacts of different forest management regimes on local species
richness of multiple taxa through a global meta-analysis of around 300 published studies. For
forest land use, several studies have shown that the biodiversity impact depends upon the
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management regime and intensity (e.g. Gibson et al. 2011) with some management practices
leading to large biodiversity loss (e.g. monoculture plantations or clear-cut), while others have
negligible effect (e.g. reduced impact logging). The local CFs compiled by de Baan et al.
2013a are of limited value in this regard as they aggregated all management regimes under
one category ‘used forest.’ Using latest published data, the results of this meta-analysis will
not only improve the local CFs for forest land use impact assessment, but will also reduce the
uncertainty in the regional CFs of de Baan et al. 2013b.
Chapter 3 uses the estimates of local CFs derived from meta-analysis in chapter 2 as a proxy
for species’ affinity to forest land use types. Local CFs for other land use types were compiled
from literature review. Regional CFs for 804 terrestrial ecoregions and five taxa were
quantified using Countryside species-area relationship model (Pereira et al. 2014). The
regional CFs provided by de Baan et al. 2013b were extended to six land use types instead of
previous four by differentiating between annual, permanent crops and extensive, intensive
forestry. Finally, the regional CFs are combined with species-specific vulnerability scores
(IUCN 2014) to quantify global CFs for different land use types in different parts of the world
for use in LCA.
Chapter 4 then applies the newly calculated global characterization factors in Chapter 3,
combined with high-resolution (5 arc minute) spatial inventory data to quantify biodiversity
loss due to agriculture, pasture and forest land use types for each of the 250 countries. For
agriculture land use, the impacts are quantified for 160 global crops. As case-studies,
biodiversity impacts per m3 of round wood and per kg of each crop from all countries were
compared. Finally, the biodiversity impacts of Swiss food imports were estimated by
combining trade data with crop specific impacts per unit mass and compared to domestic food
production. The chapter thus demonstrates a new approach to trace biodiversity impacts
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embodied in global supply chains and provides an alternative to the methods used by Lenzen
et al. 2012.
Chapter 5 addresses another gap in the life cycle assessment of the wood value chain and
presents a new methodology to incorporate human health impacts due to volatile organic
compounds emitted from indoor wood products. For several indoor wood products, the mass
of each pollutant emitted into indoor compartment over their service life was modeled by
statistically analyzing data from chamber testing studies published in the past three decades.
The existing inventories of these products which hitherto do not include these use phase
emission data, were updated. Indoor exposure and toxicity models are then employed to
estimate additional human health impacts from these emissions.
Chapter 6 summarizes the findings of the entire dissertation and provides scientific and
practical relevance of the results. The chapter addresses the new aspects of the dissertation
and links them to current global biodiversity issues and ends with suggesting the future
trajectories where research effort can be put to quantify impacts embodied in the global
supply chains in order to communicate the hidden environmental impacts more transparently
to policy makers and the end users of the products.
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ABSTRACT
Forests managed for timber have an important role to play in conserving global biodiversity
because strictly protected areas where all extractive activities are prohibited are simply
insufficient to achieve global biodiversity conservation goals. We evaluated the most common
timber production systems worldwide in terms of their impact on local species richness by
conducting a categorical meta-analysis. We reviewed 287 published studies containing 1008
pairwise comparisons of species richness in managed and unmanaged forests and derived
management, taxon, and continent specific effect sizes. We show that in terms of local species
richness loss, forest management types can be ranked, from best to worse, as follows:
selection and retention systems, reduced impact logging, conventional selective logging,
clear-cutting, agroforestry, timber plantation, fuelwood and pulp plantations. Using our
results, we calculated the number of species lost per million$ income generated in 10 equally
sized, hypothetical wood-producing Forest Management Units (FMU) from around the globe.
We conclude that it would be erroneous to dismiss or prioritize timber production regimes,
based solely on their ranking of alpha diversity impacts. One has to consider the impacts on
biodiversity at a larger scale and in combination with a quantitative economic assessment of
different forest land use options.
2.1

INTRODUCTION

Each year, wood valued over US$100 billion is removed from forests globally, mainly
accounted for by industrial roundwood, but also fuelwood.1 Around 10 million people are
employed in the forestry sector and the livelihoods of many more depend on forests.1 At the
same time, it is now clear that forests managed for timber have to play an important role in
conserving global biodiversity, as strictly protected areas, where all extractive activities are
prohibited, are simply insufficient to achieve global biodiversity conservation goals. 2,3
Preserving forest biodiversity without harming economic interests is a big challenge for
nations with forests. Local biodiversity loss due to timber extraction activities can disrupt the
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long-term resilience of forests, which may in turn cascade into an impoverished delivery of
ecosystems services, ultimately affecting also human well-being.4,5
With increasingly globalized trade, there is a growing choice of timber products from various
tropical and temperate tree species.6 Apart from aesthetic, financial and functional
preferences, a small but growing group of customers is also increasingly aware of, and
interested in the environmental impact associated with wood products from around the globe.7
The increasing globalization of timber trade also means that the environmental impacts often
occur far from the place of consumption.8 Informing consumers about the biodiversity
impacts “hidden” in the wood products could be an important step toward achieving
sustainable consumption patterns.
The most commonly mentioned impacts of the timber industry is forest degradation.9,10
Extracting timber or other products changes the tree age structure, composition of tree species
and vertical stratification, thereby affecting local temperature, light, moisture, soil, and litter
conditions. This results in changes or complete removal of microhabitats (such as dead wood,
cavities, root plates or mature trees) that host forest biodiversity.11 The magnitude of impact
on species diversity depends on several factors. Firstly, forestry is carried out in different
climatic zones with different native biodiversity, food web structures and ecosystem
properties. Therefore forestry impacts have a large geographical variability. Secondly, within
the same region, different taxonomic groups may respond in different ways to forestry
operations due to variation in, for example, body size, mobility, and diet.12,13 Furthermore,
some types of management may have larger influences on forest species than others, due to
differences in habitat structure and continuity, or microclimatic conditions after the harvest.
At an extreme end of the management intensity range is clear-cutting, which results in
temporary deforestation of a previously forested area. Low intensity, Reduced Impact
Logging (RIL), is an example of harvest practice at the other end of the timber production
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management spectrum. Under RIL, only a few, carefully selected individual trees are
extracted from each hectare of the forest, according to a harvest plan and guidelines designed
to minimize the impact of logging on the forest.14 A quantitative understanding of the impacts
of different forest management regimes on biodiversity in different regions of the world is
crucial to any efforts to reconcile biodiversity conservation and economic interests.
Management types
We chose the most common timber producing forest management regimes to assess the
response of species richness to them. Some management types that we considered could be
further divided into finer categories and others merged into broader ones, or considered as
techniques within another management category. For example, selective logging can be
carried out in a natural forest, as well as in timber plantations. We have striven to achieve a
good balance between data availability and information loss from excessive generalization.
Clear-cut (temperate and boreal)
Clear-cutting is historically the most common example of even-aged silviculture practice in
temperate and boreal biomes.15 It is technically easy to execute, as the entire stand overstorey
is removed in one harvest. Clear-cutting has been criticized for simplifying forest structure
and reducing biological diversity, leading to homogeneous forests.16 Many countries are now
abandoning this practice. The reduction of clear-cut areas is also a part of regulations and
standards under many forest certification schemes.17 We only consider clear-cutting of natural
managed forests, rather than of plantations.
Retention (temperate and boreal)
In recent decades, silvicultural practices that combine timber harvesting and biodiversity
preservation have been promoted.18 This has led to other variations of even-aged silviculture,
in which individuals (dispersed retention) or groups of trees (aggregated retention) are left onsite to maintain structural diversity (such as patch-cut or green tree retention systems), supply
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seeds for the next crop (seed tree retention) or to protect the regenerating understorey
(shelterwood system).15-18 Ideally, this category would be subdivided in the future, to assess
the impact of individual retention practices.
Selection systems (temperate and boreal)
Uneven-aged siliviculture (also called selection harvesting) has been applied as an alternative
to clear-cutting.19 Uneven-aged harvests are designed to remove individual mature trees
(single-tree selection), groups of mature trees (group-selection) or a combination of the two to
create small openings scattered throughout the stand. This results in heterogeneous stand
structures similar to natural forests, which are assumed to be less damaging to forest
biodiversity than traditional clear-cuts.19 Selection systems must not be confused with
selective logging which is primarily practiced in tropics.
Conventional selective logging (tropical)
Selective logging constitutes the removal of the largest, highest quality trees from a tropical
forest stand, leaving the remaining vegetation standing.20 The term selective logging
encompasses a very broad range of interventions, varying in, for example, the intensity of
extraction (ranging from < 5m3ha-1 to almost 200 m3ha-1), the use of bulldozers or cables to
extract timber, legality, and ground disturbance.21 On the one hand, high intensity selective
logging can disturb as much as 30–40% of the area (through extensive skid trails and log
landings), and damage 40–70% of remaining unlogged trees.22 On the other hand, in areas
with low density of commercially valuable trees, such operations can have a relatively low
impact on the remaining forest stand.23
Reduced impact selective logging (tropical)
Reduced Impact Logging (RIL) has emerged as an alternative to conventional selective
logging in an attempt to manage tropical forests for timber in a more sustainable way.14 RIL
has been conceived to achieve a sustainable level of harvest, but also to improve sustainability
in terms of biodiversity and ecosystem services. RIL is based on minimizing the changes to
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forest structure through reducing logging intensities, implementing directional felling, better
skid trail and road planning, and carrying out silvicultural measures that would promote
regeneration. The lowest intensity RIL operations can be compared to the natural mortality
and disturbances in a forest that is not exploited.24 Despite the popularity of the concept
amongst conservation scientists and practitioners, RIL, as a part of sustainable forest
management, has been taken up by far fewer Forest Management Units than initially hoped.14
The uptake has been slow due to the limited price premium offered for wood produced under
RIL, the high cost of implementing RIL, and the lower allowable cutting volumes.25
Timber plantations
Timber plantations are becoming increasingly popular in some regions as an alternative to
producing timber from natural forests.26 Whereas some timber species are relatively easily
grown in plantations, others have a very low survival rate in plantations (e.g. mahogany,
rosewood). There are likely important differences, in terms of biodiversity, between
monoculture and mixed timber plantations, plantations of native vs. exotic species, and in the
way timber is harvested (clear-cutting, selective logging). However, there is currently
insufficient number of studies to distinguish between these effects.
Plantations for fuelwood and pulp
A large proportion of plantations are monocultures of fast growing, low-density wood species,
such as Pinus spp. or Eucalyptus spp., used for fuel, or the pulp and paper industry, notably
Acacia mangium. These plantations also often consist of exotic species. We consider these
plantations as a separate category, because they are typically harvested on a much shorter time
cycle than for timber plantations. We include this and the following non-timber producing
management categories to provide a comparison with the above timber producing
management types.
Non-timber plantations
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Industrial clearing of tropical forests for non-timber plantations (most importantly palm oil
but also rubber, plantain) has been a key driver of biodiversity loss in tropical countries.27 For
example, at least 55 per cent of the expansion of oil palm between 1990 and 2005 in Malaysia
and Indonesia occurred at the expense of rainforest.28 Monoculture rubber plantations are now
the most rapidly expanding tree crop in South-East Asia, due to an increasing global demand.
Current area of rubber plantations is equivalent to 57% of oil palm area globally, with more
than 2 million hectares established during last decade.29 Often, tropical forest is first logged to
extract commercially valuable species, and subsequently converted to these non-timber
plantations after some years.
Agroforestry
Agroforestry maintains a structural diversity that imitates the native forest better than
conventional pastures, crops, and monoculture plantations.30 In agroforestry systems,
perennial tree crops such as coconut, rubber, coffee or cacao replace the original forest
understorey but some canopy trees are left for shade. Timber from agroforestry systems is
rarely sold on international markets, therefore we do not include this management type in our
case studies, but include it in the meta-analysis to contextualize other management types.
There are many different ways in which agroforestry can be implemented (such as
agrosilvopastoral systems, row planting, or companion cropping), and this may also have
different effects on biodiversity.31 Due to limited data availability, we group all agroforestry
types together.
Slash & burn
Also referred to as swidden or shifting agriculture, slash-and-burn describes an agricultural
system in which forest is periodically cleared and burnt to create fields for crops such as rice,
cassava, and papaya. After several years of production, the fields are left fallow, and forest
typically regenerates to some extent. Whereas slash-and-burn management rarely contributes
timber to international markets, it does provide wood for local subsistence.32
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Objective & Scope
We conduct a global categorical meta-analysis to quantify the response of local species
richness of multiple taxa to 10 forest management regimes. We use log response ratio
(logarithm of the ratio of species richness in managed to unmanaged forest) as a measure of
effect size.33 Existing meta-analyses on the subject are either restricted to a region (e.g.
Europe
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, the tropics34), taxon (e.g. plants35), management type (e.g. selective logging23), or

consider forestry as one big land use type without accounting for differences in management
types36. We first derive management, taxa-, and continent-specific effect sizes.
Second, we use these proportional local species richness loss estimates to calculate the
regional species loss through Countryside species-area relationship37 in 10 hypothetical
wood-producing Forest Management Units (FMU) from around the globe, each 5000 ha in
size but operating with a different management type, harvesting intensity, timber species and
production costs. To obtain the total revenue (in million$) in each FMU, we used the
harvesting intensity (m3/ha) and price of timber species ($/m3). We calculated net income by
subtracting the production costs from total revenue. Finally, by dividing the fraction of
regional species loss with net income, we illustrate biodiversity-economic trade-offs in these
FMUs.
2.2

RESULTS

We compiled 1008 species richness comparisons of managed and unmanaged forests from a
total of 287 studies, and used these in the unweighted38 meta-analysis (see Supplementary
spreadsheet online). The overall effect size showed that forest management leads to a 29%
reduction in species richness (95% CI =26 to 32%; Supplementary Table S1).
Management type
We grouped the compiled dataset into 10 management categories and calculated the effect
size for each group. Three out of six timber producing management regimes significantly
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decreased species richness (Figure 2.1). Out of these, timber plantations had the highest
impact, followed by clear-cutting, while conventional selective logging in tropical forests had
the least impact. The other three management types - Selection and Retention systems and
Reduced Impact Logging in the tropics did not alter species richness significantly (Figure
2.1).
Out of the non-timber producing management regimes that we considered, agroforestry was
least detrimental to species richness, reducing the biodiversity on average less than the worst
timber producing regime (timber plantations). Fuel wood plantations had a very similar
impact on species richness as timber plantations. Non-timber tree plantations, referring mostly
to oil palm and rubber, and Slash-and-burn, reduced species richness more than the other
types of management systems considered (Figure 2.1; Supplementary Table S1).
Management type  Taxa
We calculated the effect size for each combination of management type and taxonomic group
(Figure 2.1). For most management types (except RIL, selection and selective logging), the
mean effect sizes differed significantly across taxa (P<0.001, ANOVA test) meaning that taxa
respond differently to a particular management type (Supplementary Table S2). The nontimber producing forest management types reduced bird richness more seriously than when
richness of all taxa was considered together (Figure 2.1). In contrast to the case when all taxa
were considered together, clear-cuts (<10 years old) were worse in terms of bird species
richness than timber plantations. Only two timber-producing management categories,
retention and timber plantations, caused a significant decrease in species numbers for
arthropods (Figure 2.1). Both clear-cutting and conventional selective logging decreased
arthropod species richness somewhat, but not significantly. Equally, non-timber producing
management regimes had less severe impacts on arthropods. Agroforestry and fuel plantations
did not decrease arthropod species richness significantly. All timber producing regimes
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maintained high plant species richness, except timber plantations, which performed similarly
to agroforests.
There was a paucity of studies on mammals, amphibians, fungi and lichens for most
management types. Mammalian richness was significantly decreased by conventional
selective logging, slash & burn, and non-timber plantations. Retention systems and
agroforests did not lower the mammalian species richness. Amphibians were on average not
significantly affected by conventional logging and the spread of responses was very wide.
Fungal diversity was significantly lower under both retention forestry and clear-cutting, and
lichen diversity did not change significantly under any management regime for which data
was available.
Management type  Region
Next, we grouped management types according to region (continent). Not all forest
management types are practiced in all regions, however, some management regimes showed
significant inter-regional variation. For agroforestry, clear-cut, selective logging, timber
plantations and plantations for fuelwood, the mean effect sizes differed significantly across
continents (P<0.001, ANOVA test) meaning that these management types affect the species
richness differently across continents (Supplementary Table S3). Timber plantations in Africa
maintained on average higher species richness than those in other continents. Other timber
producing management regimes did not show a vast difference in impacts in different
continents. For example, clear-cutting in North America had a very similar effect on species
richness as in Europe. Fuel plantations performed similarly on all continents with tropical
forests (Africa, Asia, and South America). Non-timber plantations had lower species richness
in Africa, Asia, and Central America, when compared with South America. Equally,
agroforestry in South America caused smaller species losses than in Africa, Asia, and Central
America.
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Management type  Region  Taxa
We further sub-divided the above management type  region groups according to the taxon.
Majority of effect sizes for this three-way combination could not be calculated or were nonsignificant owing to missing or low number of comparisons available (Supplementary Table
S4). However for most combinations of management type and continent, statistically
significant differences were found among the mean effect size of taxa (P<0.001, ANOVA
test), implying that a taxonomic group of a given continent responds differently to the
different management types.
Biodiversity-economic trade-offs
The 10 hypothetical 5000 ha FMUs differed substantially in the fraction of regional species
lost, total income generated and the ratio thereof (Figure 2.2). When the FMUs were ranked
according to fraction of species lost per US$ (highest to lowest), Tectonia grandis plantations
in Guatemala caused the highest fraction of species lost (15.7%) and also the highest
reduction in species richness per million$. Selective conventional logging of Shorea logs in
Malaysia’s dipterocarp forests caused a lower fraction of species lost (7.1%) but still
performed the second worst, primarily owing to relatively low yields per hectare of this
particular species (14.36 m3/ha). The FMUs producing Acacia mangium fuel wood in
plantations in Malaysia (causing 15.4% species loss and generating 40.18 million$) and Pinus
sylvestris sawnwood through clear cutting in Sweden (causing 7.9% species loss and
generating 22.31 million$) resulted in a similar fraction of species lost per million $. This is
interesting because although the Acacia mangium has higher market price (102$/m3) and yield
(202 m3/ha) than Pinus sylvestris (52.68 $/m3 and 121 m3/ha), >60% of its revenue is lost as
production costs as compared to just 30% in case of the latter. Similarly, although the FMU
with clear cutting of Thuja plicata in Canada causes a higher fraction of species loss (7.6%)
than Pinus sylvestric FMU in Sweden that operates with much more biodiversity benign
shelterwood retention (5.5% species loss), it generates the highest net income of all case
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studies (179.6 million$) and thus results in lower species loss per million$. No species loss
occurred in the case studies corresponding to Reduced Impact Logging of Acoumea
klaineiana in Gabon and selection system cutting of Thuja plicata in Canada (Figure 2.1).
When adjusted for logging intensity, conventional selective logging of Acoumea klaineiana in
Gabon and Swietenia macrophylla in Brazil also caused almost no change in species richness
(Supplementary Table S5).
2.3

DISCUSSION

All types of management change some properties of forest, such as tree age structure,
microclimate, or soil conditions. It is unrealistic to expect any type of forestry to have no
impact on forest biodiversity. We demonstrated that these impacts vary substantially between
forest management types. Through case studies, we illustrated that producing the same
economic worth of wood in different ways may result in substantially different biodiversity
loss.
We found that in terms of relative species loss at plot level, ways to produce timber can be
ranked from best to worse as follows: selection and retention systems in temperate and boreal
regions, reduced impact selective logging (RIL) followed by conventional selective logging in
tropical regions, clear-cutting in temperate regions, and timber plantations (Figure 2.1).
Management regimes not focusing on timber production are in general more harmful to
species richness than timber producing regimes. A notable exception is agroforestry, which is
associated with lower species loss than timber plantations. Timber and fuel wood plantations
reduce species richness more than other timber-producing regimes, however, we emphasize
that the comparisons we present are all with natural forest. Indeed, plantations, when
established in degraded areas, may contribute to restoration and alleviation of pressure on the
remaining natural forests.
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Management regimes that mimic small-scale disturbance and natural gap-phase dynamics,
such as selection harvest, retention, and RIL, result in increased environmental heterogeneity
compared to clear cutting, timber plantations or high intensity conventional logging.18,39
Maintaining the forest structure more similar to the pre-logging condition likely results in a
lower direct mortality, and also in a faster recovery of animal and plant populations.
Selection and retention systems appear to be similarly good at maintaining high species
richness in managed forests. The retention trees, areas, and unharvested portions of selections
systems provide late successional structures that are more likely to maintain high diversity.
Retained trees also enhance habitat connectivity over the landscape and supply refuges for
species after harvest.40 However, the effect of each of these management types can vary with
the proportion of trees retained, and the time since harvest.15
Conventional selective logging reduces species richness more than RIL (Figure 2.1).
However, in the case of trees, this may be due to the lower logging intensities typically
associated with RIL.41 In the case of fauna, which is also strongly influenced by logging
intensity, RIL has nevertheless been found to have a smaller impact on biodiversity even after
taking logging intensity into account.42,43
Interestingly, we found difference between timber, fuel wood, and non-timber plantations
(mainly oil-palm and rubber). Whereas plant species richness was similar, fuel wood
plantations were poorer in bird species than timber plantations. Birds may prefer to nest in
timber plantations, as fuel wood plantations are typically harvested more frequently, perhaps
not allowing the trees to grow to sufficient sizes suitable for nesting.
Slash-and-burn agriculture in the tropics was found to have higher impacts on species richness
than clear-cutting in temperate regions, even though both systems are based on removing all
trees from small forest patches. This could be due to the additional effect of burning or the
temporary presence of agricultural crops, which could affect the soil and slow down
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regeneration.44 Additionally, tropical forests have a higher proportion of forest specialist
species, that may be more sensitive to the removal of forest patches, habitat change and edge
effects.45 However, to truly understand the effect of slash-and-burn agriculture, biodiversity
would have to be studied at a broader scale. Certain swidden agricultural systems can provide
landscape level biodiversity benefits and be important components of a ‘conservationagriculture matrix’.32
Finally, agroforestry was found to be positioned between timber and non-timber producing
regimes in terms of species richness (Figure 2.1). Biodiversity within agroforestry systems is
enhanced when there is high diversity of native trees in the canopy, low chemical inputs are
used and the understory clearing is not intense.46
The variability in the response of different taxonomic groups to forest management is likely
both due to variations in biophysical and life history traits, and due to local context of forestry
interventions.43,47 For example, primates with slow reproduction, small body size, and low
ecological flexibility show a more marked decline after forest disturbance.47 Bird populations
are negatively affected by reduction in tree cavities for nesting, absence of leaf-litter
microfauna and foraging sites in the logged forest.48 Equally, the amount of dead wood, large
logs and snags of different decay stages post-logging determine the survival of many taxa.11
We expect that insectivores do better in fuel wood plantations, due to the high abundance of
arthropods (Figure 2.1) but not frugivorous who need fleshy fruit trees for survival.
Plants showed mixed response to logging. Many studies reported an increase in species
richness following logging, which may be a result of early successional colonizers with a
negative effect on the late successional shade tolerant species.35 Similarly, bryophytes might
respond differently to forest management than vascular plants.11 More data is needed to tease
out such differences. Mammal diversity appeared to benefit from forest disturbance (Figure
2.1). This disparity might be because of high tolerance of certain mammal species to degraded
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forests49, particularly among bats and small forest floor mammals. Indeed, out of a total of 91
comparisons of mammals compiled in this study, 82 were for either small mammals or bats.
When we evaluated the timber producing management regimes in terms of species loss per
unit income from wood products in our selection of case studies, their rankings changed. For
example, while the meta-analysis revealed that conventional selective logging is less harmful
to species richness than timber plantations or clear-cutting, the production of Shorea spp. logs
in Malaysia through conventional selective logging resulted in highest fraction of species lost
per million $ of income generated.
Clearly, our case studies cannot be used to generalize outcomes for the selected timber
producing management regimes and countries. We made simplifying assumptions on area
surrounding logging concession (matrix), timber prices, production costs, and spatial extent of
timber species within FMUs, all of which have high variability both in space and time. For
selective logging regimes, the revenues might be higher if the profits from subsequent
conversion to another land use type, such as oil palm or rubber plantation are also included.
Further, we assumed that all FMUs are replacing natural forests, while in practice forests
previously managed through selective logging might have been switched to, for example,
RIL.
As our case-studies are hypothetical, we evaluated the outcomes as a fraction of species lost
divided by net income generated. However, from an absolute species loss perspective, a 50%
temporary extirpation of species in a Swedish concession, where original species richness is
relatively meagre and endemic species almost non-existent, may be considered less serious
than even a 5% species loss in a hyper-diverse tropical rain forest. Therefore, a more realistic
expression of the biodiversity-economic trade-off would be absolute species lost/million$.
We initially compiled some 350 studies from the literature review but over 150 studies,
containing >300 pairwise comparisons of species richness had to be excluded because they
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did not report summary statistics necessary for a meta-analysis, such as standard deviation or
sample size. In the selected dataset we found major data gaps owing to which, effect sizes for
several three-way combination of management type, taxa and region could not be calculated
(Supplementary Table S3). We also did not take into account the surrounding habitat types, as
these were not always reported by the studies.45
We used local species richness (alpha diversity) as a proxy for biodiversity changes due to
different types of forest management. An increase in species richness, such as we found in
selection and retention systems, and under reduced impact logging, does not necessarily
signify enhanced biodiversity value: rare forest interior species could still be lost under these
management types, and replaced with generalist, common, or even invasive species.15,23
Indicator that compare such compositional changes in the community, e.g., Sørensen’s
similarity index50 is more sensitive to land use impacts than relative species richness, but also
more prone to pseudoreplication.51 However, a reduction in species richness, such as in other
systems, can be safely interpreted as a negative impact. Finally, actual species loss is likely
higher in tropical managed regions than reported here, owing to widespread prevalence of
illegal logging52 and hunting53, which may not have been captured in our meta-analysis.
It would be erroneous to dismiss or prioritize timber production regimes, based solely on their
ranking of alpha diversity impacts. First, one has to consider that the impacts on biodiversity
at a larger scale and within the context of heterogeneous landscapes may be different than
plot-scale effects. For calculating such impacts at regional scale, we used Countryside
species-area relationship (SAR). However to facilitate the use of Countryside SAR, data on
different species’ affinity to various land use types on a global scale is needed.54 The
calculated local responses derived from our meta-analysis help fill such gaps.
Second, timber production systems should be judged also in the context of their economic
productivity. The combined quantitative assessment of economic and biodiversity
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consequences of land use change that we carried out can help inform the debate on whether it
is better to convert large extents of natural forests to relatively biodiversity benign regimes
(e.g. RIL) or to convert smaller extents of the forests to intensive production systems, such as
timber plantations (i.e. land sharing vs. land sparing55-57). Similar analyses are also needed to
help design appropriate payments for biodiversity schemes58, 59 and are increasingly relevant
for decision makers in countries planning to expand productive areas into natural landscape in
near future.
2.4

MATERIALS AND METHODS

Data collection
We searched for research articles using the ISI Web of Science database (keywords in
Supplementary information). From this list, we retained those studies that reported species
richness comparisons between a managed forest and an unmanaged forest (i.e. forests that had
little or no human disturbance) of an equivalent size or equivalent sampling effort in the same
region. For each comparison, we recorded the location, management type, taxon and, when
available, standard deviation and sample size. Studies that sampled in forests with a
disturbance additional to logging, such as hunting, livestock grazing, mining, burning, etc.,
were excluded. For clear-cut and slash-and-burn management types, we only retained studies
that measured species richness within 10 years of the intervention, as time has a large
influence on the recovery of biodiversity.44
Data Treatment and Effect Size Calculations
For each comparison, we tabulated the observed mean species richness (X) for both managed
(subscript E) and unmanaged groups (subscript C). We calculated the response ratio (

R  XE / XC ) for each comparison and took its natural logarithm L  ln R  ln  X E / X C  , as
a measure of effect size for the meta-analysis owing to its favorable statistical properties.33
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Traditional meta-analyses weight the individual effect sizes by the inverse of the effect size
variance as the studies with higher replication and lower variance are considered more precise
and weighted more heavily.33 However it has been shown that ecological field studies
comparing biodiversity in logged and unlogged forests are rife with pseudoreplication (see
Ramage et al.51 and Halme et al. 60). Using pseudoreplicated studies in meta-analysis typically
inflates the effect sizes because the artificially low variation among replicates is due to
interdependent samples of the same species pool (Halme et al.60). Moreover, weighted metaanalysis requires standard deviation and sample size for each comparison which is not
reported by many field studies. Recent studies have advocated using unweighted metaanalyses to avoid under/over estimation of effect sizes and to include data from more
studies.38 For these reasons, we performed unweighted, fixed effects meta-analyses for this
study. For comparison purposes the results from variance-weighted, random effects models
using a reduced dataset are reported in the Supplementary Table S6.
We carried out a categorical meta-analysis to test for the effect of three factors - region
(continent), taxon and management type, on the magnitude of change in species richness
between unmanaged and managed forests. We calculated the mean effect size L j and its
standard error (Sj) for the entire data set, for each subgroup j of the above three variables, for
the two-level combination of these three variables (management type  region and
management type  taxon) and finally for their three-way combination (management type 
region  taxon).33
The confidence interval (CI) for L j is given by:

CI  L j t /2k

1
 j 

*S j

(2.1)

where t is the two-tailed value from the Student’s t-distribution at the critical level  and k j
is the number of pairwise comparisons in the j th group. The mean effect size for each group (
48

L j ) is considered to be statistically significant if its 95% confidence interval does not bracket
zero.38 For the purpose of interpretation we present the results as back-transformed response
ratios R . We also assessed if statistically significant differences exist between the mean
effect sizes for the groups through one-way analysis of variance (ANOVA).
Species loss and economic trade-offs
From published literature, we compiled 10 case studies, illustrating the different timber
producing management regimes and world regions considered in our meta-analysis (sources
listed in supplementary Table S5). For each case, we extracted the following variables:
country, management type, timber species, mean monetary value at the international market
of species (US$/m3), production costs (as % of species monetary value) and the typical yield
per hectare for the management type associated with the production of the timber species in
that country (m3/ha). To estimate the biodiversity cost of timber production in each case, we
began with a hypothetical 10,000-ha of existing natural forest in a particular country out of
which 5,000-ha has been allocated to a commercial logging firm as concession (hereafter
referred to as forest management unit, FMU). We then estimated the fraction of original
species lost ( flost ) using the Countryside species-area relationship (SAR) model: 37

flost

S
 lost  1 
Sorg

where

 Anew  h  Amang


Aorg







z

(2.2)

Slost is the species lost after forest management intervention; Sorg is the original

number of species in the natural forest area; Aorg is the original natural forest area with no
habitat change; Amang is the managed forest area ( 5, 000 ha ); Anew is the remaining natural
area (= Aorg - Amang  5,000 ha ); the exponent z is a constant indicating the rate of change in
the number of species per unit area, which we set to be 0.25, as an overall mean for all taxa
and continents; and h is a measure of affinity of a taxa to the altered habitat (0 < h < 1). We
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derived h values for each management regime from our meta-analysis, as h  R1/ z , here R is
the response ratio for each continent-specific management type for all taxa combined (see
Pereira et al.37 for details). For response ratios greater than 1, we assumed that no species loss
would occur, and we set h as 1. For selective logging case studies, we further adjusted h
values by taking logging intensity into account. We did this by using an average coefficient,
combined for mammals, birds, invertebrates and amphibians, from Burivalova et al.23 who
examined the impact of selective logging intensity on species richness.
The net income in US$ (I = total revenue - production costs) from wood extraction in each
FMU was calculated as follows:

I  i 1( Pi  Ci )  Yi  Ai
n

(2.3)

where Pi , Ci , Yi and Ai are the market price ($/m3), production cost ($/m3), yield (m3/ha) and
area (ha) respectively of a timber species i , and n is total number of timber species available
for extraction within the FMU.
As the forest manager or the State is interested in minimizing species loss while maximizing
the profit, we divided the fraction of species lost due to a particular management type in the
FMU (eq. 2.2) with the net income from it (eq. 2.3), giving the fraction of species lost per
million $ for each FMU. All FMUs were finally ranked according to their fraction of species
lost per million$ from worst (highest fraction) to best. For simplification, we assumed that
each FMU contained a single timber species (consequently Ai = 5000 ha in Equation 2.3
above). See Supplementary Table S5 for detailed calculations and data sources used.
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Figure 2.1: Changes in species richness of different species groups in response to different
forest management regimes. Points represent mean response ratios R and lines 95%
confidence intervals. The top left panel shows responses for all taxa combined, and
subsequent panels show responses of seven taxonomic groups separately. Management
regimes where timber production is the main goal are showed in black while non-timber
regimes in blue. Horizontal red line signifies no change in species richness. An asterisk
designates response ratios based on five or fewer comparisons. Numbers on x-axis are no. of
pairwise comparisons. See also Supplementary Table S2 online.
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Figure 2.2: Biodiversity-economic trade offs for each 5000 hectare hypothetical forest
management unit (FMU). Fraction of regional species lost (equation 2) when half of the
original 10,000 ha of natural forest is subjected to a forest management, is calculated using
Countryside species-area relationship utilizing effect sizes from meta-analysis. Net income (I,
equation 3) from extracted timber is calculated from species- specific price, yield and
production costs. See also Supplementary Table S5 online.
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ABSTRACT
Habitat degradation and subsequent biodiversity damage often takes place far away from the
place of consumption due to globalization and increasing international trade. Informing
consumers and policy makers about the biodiversity impacts “hidden” in the life cycle of
imported products is an important step toward achieving sustainable consumption patterns.
Spatially explicit methods are needed in Life Cycle Assessment (LCA) to accurately quantify
biodiversity impacts of products and processes. We use the Countryside species area
relationship (SAR) to quantify regional species loss due to land occupation and
transformation for five taxa and six land use types in 804 terrestrial ecoregions. Further, we
calculate vulnerability scores for each ecoregion based on the fraction of each species’
geographic range (endemic richness) hosted by the ecoregion and the IUCN assigned threat
level of each species. Vulnerability scores are multiplied with SAR predicted regional species
loss to estimate potential global extinctions per unit of land use. As a case study, we assess the
land use biodiversity impacts of 1 kg of bioethanol produced using six different feed stocks in
different parts of the world. Results show that the regions with highest biodiversity impacts
differed markedly when including the vulnerability of species.
3.1

INTRODUCTION

There is an increasing demand for environmental information about the products and services
provided in the global market. Life cycle assessment (LCA) is a comprehensive method for
assessing environmental impacts caused by products, services and processes.1 Although land
use is a main driver of global biodiversity loss2, methods to quantify impacts of land use on
biodiversity within LCA are still in early stages of development. For forestry and agriculture
based products, neglecting these impacts can result in significant underestimation of their total
environmental impacts. Even simple products like milk can imply globally distributed land
use impacts through production of the concentrate feed for cows in various world regions 3.
Also for many products, such as biofuels, LCA studies have traditionally focused on
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greenhouse gas emissions as the only indicator, while neglecting the impact on biodiversity
due to the land use and land use change during the cultivation of feedstock.4-6
Biodiversity loss has been studied at different spatial scales – local, regional and global.
While avoiding global species extinctions is important to preserve the evolutionary and
genetic diversity of life on earth, preventing local and regional biodiversity loss is also
important for long-term, resilient delivery of ecosystems services and thus to human wellbeing.7-9
The estimates of local biodiversity loss are typically obtained from plot-scale biodiversity
monitoring surveys comparing diversity metrics (such as species richness or abundance)
between the disturbed site (e.g. agricultural, urban land) and the natural, undisturbed habitat
(reference site) of the same region.10-12 Such spatial comparisons assume that human pressures
have caused the biodiversity differences between otherwise similar sites.13For predicting
regional and global biodiversity loss due to land use, the models describing species-area
relationships (SARs) have often been employed.14-17
The classic SAR model18 is the most commonly used model to describe species–area curves. It
defines species richness as a power function, S = cAz, where S is the number of species, A is
the area, and c and z are parameters depending, respectively, on the taxonomic group and
region under study, and on the sampling regime and sampling scale.19 However, the classic
model may fail to capture biodiversity change and has been recently criticized for over20 or
underestimating21 extinctions. Another limitation is that the classic SAR model assumes that
all natural areas converted to human-dominated areas, such as agriculture and forestry,
become completely hostile to biodiversity.22 There is a growing recognition that species often
face habitat change instead of habitat loss, i.e. many species are not constrained only to their
native habitat, and human-modified habitats (i.e. the land use matrix) can also play an
important role in hosting biodiversity.23,

24

Moreover, the classic SAR model also fails to
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capture the individual differences in species’ responses to land-use changes. As reported in
several studies,25-27 some species are highly sensitive to habitat loss and only occur in native
habitats, while other species show partial or total tolerance to human-modified habitats, and
still other species even benefit from the conditions found in human-modified habitats.
Models that account for habitat heterogeneity have been proposed to assess patterns of species
richness in multi-habitat landscapes. The Matrix SAR model28 is one such example where the
matrix effects (i.e., the habitat provided by human-modified land) are incorporated into the
SAR and account for taxon-specific responses to each component of a heterogeneous
landscape. However, the Matrix SAR model predicts 100% species loss if no natural habitat
remains within a region, which might be unrealistic for some species. An alternative to the
Matrix SAR is the Countryside SAR model29, which accounts for the differential use of
habitats by species and predicts that species adapted to human-modified habitats also survive
in the absence of natural habitat. Pereira et al.30 showed that for predicting tropical bird
extinctions, the countryside SAR model outperforms both the Matrix and classic SARs. While
the classic SAR has already been used for land use impact assessment within LCA,31-33 the
use of SARs that account for habitat heterogeneity and taxa sensitivity is only recently
gaining attention. de Baan et al.34 proposed a spatially explicit approach to predict regional
species loss of five taxa caused by occupation (land use) and transformation (land use change)
in a product’s life cycle using the Matrix SAR model.
However, the characterization factors (CFs, i.e. the factors indicating biodiversity damage per
unit area of land use) of de Baan et al.34 suffer from four shortcomings. Firstly, they only
consider four broad land use types (managed forests, agriculture, pasture and urban) and do
not differentiate between land use management intensity. Secondly, the estimates of taxon
sensitivity to the converted habitat that were fed into the Matrix SAR model were based on
data35 from before 2009 and thus need an update.34 Thirdly, they applied the Matrix SAR
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model, which provides unrealistic results (100% species loss) for regions where all natural
habitat has been converted. Finally, their approach treats all species equally, whether the
species present in an ecoregion are critically threatened or common.
In this paper, we address these four shortcomings and provide an updated impact assessment
approach and characterization factors for regional (CF regional) and global biodiversity loss
(CF global) using the Countryside SAR. We illustrate the application of the new CFs to
estimate the species loss due to agricultural land use associated with the production of 1 kg of
bioethanol.
3.2

MATERIALS AND METHODS

This section is structured as follows: we first derive expressions for the regional CFs that
quantify the regional species loss per unit of land use/land use change using the Countryside
SAR. Next, we describe the approach to estimate global species loss (extinctions), i.e. global
CFs, by including vulnerability of species along with regional loss. Afterwards, we explain
the data sources and assumed uncertainty distributions for SAR model input parameters.
Characterization Factors for Regional Species Loss
The Countryside SAR model30 predicts the number of species lost (𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗 ) of taxa 𝑔 due to
cumulative land use in a region 𝑗 as:
𝑧

𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗,𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙

𝐴𝑛𝑒𝑤,𝑗 + ∑𝑛𝑖=1 ℎ𝑔,𝑖,𝑗 ∙ 𝐴𝑖,𝑗 𝑗
= 𝑆𝑜𝑟𝑔,𝑔,𝑗 ∙ (1 − (
) )
𝐴𝑜𝑟𝑔,𝑗
Equation 3.1

Where 𝑆𝑜𝑟𝑔,𝑔,𝑗 is the original number of species occurring in the natural habitat area (𝐴𝑜𝑟𝑔,𝑗 ),
𝐴𝑛𝑒𝑤,𝑗 is the remaining natural habitat area in the region, 𝐴𝑖,𝑗 is the current area of land use
type 𝑖, 𝑧𝑗 is the constant from the classic SAR model for the region and ℎ𝑔,𝑖,𝑗 is the affinity of
the taxonomic group g to the land use type 𝑖 in region j. While the taxon affinity for natural
habitat is assumed to be equal to 1, ℎ𝑔,𝑖,𝑗 for other land use types 𝑖 is calculated as follows: 30
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ℎ𝑔,𝑖,𝑗 = (1 − 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖𝑗 )

1⁄
𝑧𝑗

Equation 3.2

Here the term 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖𝑗 , within LCA, is termed as the local land occupation characterization
factor12 and equals the relative difference between the plot-scale species richness in the land
use type 𝑖 (𝑆𝑔,𝑖,𝑗 ) and the natural reference area of the same biogeographic region 𝑗 (𝑆𝑛𝑎𝑡,𝑔,𝑗 ):
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖𝑗 = 1 −

𝑆𝑔,𝑖,𝑗
𝑆𝑛𝑎𝑡,𝑔,𝑗
Equation 3.3

Outside LCA, the term (1 − 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖𝑗 ) is better known as response ratio.11 𝐶𝐹𝑙𝑜𝑐,𝑖 therefore
represents the sensitivity28 of the taxon to a particular land use type 𝑖 and provides a measure
of local species loss.12,13 If the transformed land use type is completely hostile and cannot host
any species of the taxon, the 𝐶𝐹𝑙𝑜𝑐,𝑖 value equals 1 (i. e. ℎ𝑖 = 0) and if the converted land use
is as benign as the original habitat, 𝐶𝐹𝑙𝑜𝑐,𝑖 = 0 (see SI-1 for further details).12
While Eq. 3.1 calculates the total number of species lost after conversion of the natural
pristine habitat to the current land use mix (average assessment), LCA practitioners are
mostly interested in the impact caused by one additional m2 of land converted from the
current land use mix for the production of a product (marginal assessment). The marginal
damage function for SAR models is given by the first derivative of their respective average
damage function by the area lost (𝐴𝑙𝑜𝑠𝑡 = 𝐴𝑜𝑟𝑔 − 𝐴𝑛𝑒𝑤 ): 34
𝜕𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗
𝑆𝑜𝑟𝑔,𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗 + ∑𝑛𝑖=1 ℎ𝑔,𝑖,𝑗 ∙ 𝐴𝑖,𝑗
=
∗ 𝑧𝑗 ∗ (
)
𝜕𝐴𝑙𝑜𝑠𝑡,𝑔,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑜𝑟𝑔,𝑗

𝑧𝑗 −1

Equation 3.4

This regional damage is then allocated to the different land use types 𝑖 according to their
relative area share (𝑝𝑖,𝑗 ) in the total converted land area (𝐴𝑙𝑜𝑠𝑡 ) and their
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sensitivity(𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗 ). The allocation factor (𝑎𝑖,𝑗 ) is calculated for each land use type i as
follows: 34
𝑎𝑖,𝑗 =

𝑝𝑖,𝑗 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝑛
∑𝑖=1 𝑝𝑖,𝑗 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
Equation 3.5

The regional land occupation CFs are then calculated as a marginal species loss due to a
marginal increase in human used area (𝜕𝐴𝑙𝑜𝑠𝑡,𝑔,𝑗 = 1 𝑚2 ). The unit of CF is regional species
lost/m2.
𝐶𝐹𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙,𝑜𝑐𝑐,𝑔,𝑖,𝑗 =

𝜕𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗 ∗ 𝑎𝑖,𝑗
𝜕𝐴𝑙𝑜𝑠𝑡,𝑔,𝑗 ∗ 𝑝𝑖,𝑗
Equation 3.6

Regional CFs for land transformation are calculated as a multiplication of 𝐶𝐹𝑟𝑒𝑔,𝑜𝑐𝑐,𝑔,𝑖,𝑗 with
half the regeneration time.34,36 Here, the unit is regional species lost*year/m2.
𝐶𝐹𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙,𝑡𝑟𝑎𝑛𝑠,𝑔,𝑖,𝑗 = 0.5 ∗ 𝑡𝑟𝑒𝑔,𝑔,𝑖,𝑗 ∗ 𝐶𝐹𝑟𝑒𝑔,𝑜𝑐𝑐,𝑔,𝑖,𝑗
Equation 3.7

In LCA, the 𝐶𝐹𝑜𝑐𝑐 are multiplied with the inventory flow of occupation, that is, the land
requirements of a product given in m2·years. The 𝐶𝐹𝑡𝑟𝑎𝑛𝑠 are multiplied by the inventory flow
of transformation, that is, the amount of land use change per product in m 2. The two impacts
can be summed up to get the total impacts in the unit regional species lost*year for each
taxonomic group g.34,36
The regional CFs were obtained for six land use types (‘intensive forestry’, ‘extensive
forestry’, ‘annual crops’, ‘permanent crops’, ‘pasture’ and ‘urban’)38, five taxa (mammals,
birds, reptiles, amphibians, and vascular plants) and 804 terrestrial ecoregions. 39 Ecoregions
are chosen as spatial units because they contain distinct communities of species, and their
boundaries approximate the original extent of natural ecosystems prior to major land use
change.39 Hereafter in this paper, we refer to the new CFs calculated using Eqs. 3.1-3.7 as
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regional CFs. We also calculated the CFs for above land use types using Matrix SAR in order
to provide an update to the CFs calculated by de Baan et al.34 using improved input data. The
corresponding equations are provided in the supporting information (SI-1).
Characterization Factors for Global Species Loss
The regional CFs derived in the above section (eq. 3.1-3.7) give an estimate of regional
species loss per unit of land use and land use change. However if the species are endemic to
the ecoregion, their loss will translate into global species loss (extinction). In order to get an
estimate of the permanent global (irreversible) species loss, the regional CFs for each taxon g
per ecoregion j are multiplied by a vulnerability score (𝑉𝑆𝑔,𝑗 ) of that taxon in that ecoregion.
For the VS, we first calculate “endemic richness (𝐸𝑅𝑔,𝑗 )” of each taxon 𝑔 per ecoregion 𝑗
using the definition of Kier et al.40,41 by summing the range fractions of all species within the
ecoregion:
𝑚

𝐸𝑅𝑔,𝑗 = ∑
𝑘=1

𝐺𝑅𝑘,𝑔,𝑗
𝐺𝑅𝑘,𝑔
Equation 3.8

Where 𝑚 = 𝑆𝑜𝑟𝑔,𝑔,𝑗 , is the total number of species of taxa 𝑔 found within ecoregion 𝑗; 𝐺𝑅𝑘,𝑔,𝑗
(in km2) is the portion of geographic range of species 𝑘 inside the ecoregion j and 𝐺𝑅𝑘,𝑔 is the
total (global) geographic range of species 𝑘 (in km2). The endemic richness of a region can be
interpreted as the specific contribution of the region to global biodiversity.41
Following Verones et al.42, we then multiplied the range fraction of each species with its
IUCN43 assigned threat level (TL) to calculate the “threatened endemic richness (TER)” per
taxa in each ecoregion. The vulnerability score (VS) is now defined as the ratio of “threatened
endemic richness (𝑇𝐸𝑅𝑔,𝑗 )” to the total species richness:

𝑉𝑆𝑔,𝑗

∑𝑚
𝑇𝐸𝑅𝑔,𝑗
𝑘=1 𝑇𝐿𝑘,𝑔 ∙ 𝐸𝑅𝑘,𝑔,𝑗
=
=
=
𝑆𝑜𝑟𝑔,𝑔,𝑗
𝑆𝑜𝑟𝑔,𝑔,𝑗
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∑𝑚
𝑘=1

𝑇𝐿𝑘,𝑔 ∙ 𝐺𝑅𝑘,𝑔,𝑗
𝐺𝑅𝑘,𝑔
𝑆𝑜𝑟𝑔,𝑔,𝑗

Equation 3.9

The CFs giving a measure of global species loss (called global CFs from here on) are then
calculated by simply multiplying regional CFs by the VS of corresponding taxon and
ecoregion:
𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑗 = 𝐶𝐹𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙,𝑔,𝑖,𝑗 ∙ 𝑉𝑆𝑔,𝑗
Equation 3.10

Note that multiplying VS with regional CF as above is equivalent to replacing the “species
richness” (𝑆𝑜𝑟𝑔,𝑔,𝑗 ) in eq. 3.1 by the threatened endemic richness (𝑇𝐸𝑅𝑔,𝑗 ):
𝑧

𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗,𝑔𝑙𝑜𝑏𝑎𝑙

𝐴𝑛𝑒𝑤,𝑗 + ∑𝑛𝑖=1 ℎ𝑔,𝑖,𝑗 ∙ 𝐴𝑖,𝑗 𝑗
= 𝑇𝐸𝑅𝑔,𝑗 ∙ (1 − (
) )
𝐴𝑜𝑟𝑔,𝑗
Equation 3.11

The ER per ecoregion was obtained from range maps of species available at IUCN43 and the
TL was obtained by linearly rescaling the categories defined by the IUCN Red List of
threatened species from 0.2 to 1 (least concern = 0.2, near threatened = 0.4, vulnerable = 0.6,
endangered = 0.8 and critically endangered = 1). Global CF calculation using a geometric
numerical scale for TL is discussed in SI-1.
The VS value reaches 1 if all species within a region have 100% of their range inside it (i.e.
strictly endemic) and are assigned a ‘critically endangered’ category by IUCN red list. Also,
by calculating the VS according to Eq. 3.9, the unit of global CF given by Eq. 3.10 is now
threatened endemic richness lost per unit of land use/land use change. Hereafter, we refer to it
as global species-eq. lost. The global CFs thus give a measure of potential global extinctions
for product comparison purposes rather than exact species extinction numbers.
Model Input Parameters
Table 3.1 shows the data sources and the assumed probability distributions of all 8 model
input parameters.
67

Table 3.1. Uncertainty distribution of the model parameters along with their sources. See also
SI-1 for data processing details and Excel file SI-2 for raw data.
Model Parameter

Distribution

Data source

Details

𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
(Local characterization factors)

Non-parametric
Kernel Density

Independent variables for each
taxa (n=5), biome (n=14) and
land use (n=6).

𝑆𝑜𝑟𝑔,𝑔,𝑗

Plants:
~T(a,b,c)*

de Baan et al.12,
Elshout et al.44,
Aronson et al.45
Kier et al.50,
WWF
Wildfinder
database51

(Species richness per ecoregion)
Other taxa: no
uncertainty
𝐴𝑜𝑟𝑔,𝑗
(original natural habitat area),
𝐴𝑛𝑒𝑤,𝑗
(remaining natural habitat area),
𝐴𝑖,𝑗
(area per land use type)
𝑧𝑗
(z-values)

~T(a,b,c) *

LADA52
Ellis &
Ramankutty53
FAO-FRA54
FAOSTAT55

~T(a,b,c) *

Drakare et al.56

𝑡𝑟𝑒𝑔,𝑔,𝑖,𝑗
(Regeneration time)

~ln(a,b) #

Curran et al.57

𝑉𝑆 𝑔,𝑗
(Vulnerability scores)

None

IUCN43,
Birdlife
International46

Independent variables for each
ecoregion (n=804) and taxa
(n=5).
𝐴𝑜𝑟𝑔,𝑗 , 𝐴𝑛𝑒𝑤,𝑗 : Independent
variables for each ecoregion
(n=804);
𝐴𝑖,𝑗 : Independent variables for
each land use type (n=6) and
ecoregion (n=804).
Independent variables for each
habitat type (n=3; islands,
forest, non-forest ecoregions).
520 different regeneration
times,
based
on
all
combinations of Realm x
Biome (n = 65), land use
intensity (n=2), taxon (n=5).
Independent variables for each
ecoregion (n=804) and taxa
(n=4). **

*

~T(a,b,c) denotes triangular ditribution based on minimum, median and maximum values a,b,c respectively.
~ln(a,b) denotes lognormally distibuted variable with mean and standard deviation equal to a,b respectively.
**
For plants only regional CFs was calculated, as the data for species range and threat level was not available to
calculate the VS and hence the global CFs.
#

The 𝐶𝐹𝑙𝑜𝑐 dataset was updated with recently published survey studies (see SI-2 for raw data
used).44,

45

Using ArcGIS v.10.248, we overlaid global land cover maps, LADA52 and

Anthromes53 (both available at 5 arc minute resolution) with ecoregion shape files for deriving
the current share of natural habitat (𝐴𝑛𝑒𝑤,𝑗 ) and each of the six anthropogenic land use types
(𝐴𝑖,𝑗 ) per ecoregion 𝑗 (see SI-1 and de Baan et al.34 for processing details). Values of SAR
exponent (z-values)56 and regeneration times57 were kept the same as used by de Baan et al.34
To calculate the vulnerability scores, the geographic range maps for 5386 mammals, 6251
amphibians, 3384 reptiles and 10’104 bird species were obtained from IUCN43 and Birdlife.46
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As the range maps of individual plant species are not available from IUCN, the global CFs
could not be calculated for them.
Further, we calculated the country and world average CFs for land use flows of unknown
origin and also the CFs aggregated across five taxa (see SI-1 for equations).47 Parameter
uncertainty was propagated into the CFs using Monte Carlo simulation (1,000 iterations), and
median values along with 95% confidence intervals were calculated. To assess the influence
of each parameter on the uncertainty of the CFs, their contribution to variance (CTV)34 was
calculated (SI-1). All calculations were performed in MATLAB.49
3.3

RESULTS

Both regional and global characterization factors (CFs) for land occupation and
transformation varied by ~4 orders of magnitude across 804 ecoregions (Excel files SI-2, 3).
Ecoregions in tropical biomes had in general higher CFs, primarily because of higher existing
species richness per unit area than those in temperate and boreal biomes (e.g. Table S3 in SI1). Regions that had been heavily converted in the past, i.e. with small remaining natural
habitat area (𝐴𝑛𝑒𝑤,𝑗 , eq. 3.1), have generally higher CFs than the regions with large shares of
undisturbed habitat. Annual crops and urban land use had in general the highest CFs,
reflecting the relatively low affinity (ℎ𝑔,𝑖,𝑗 , eq. 3.2) of species to them as alternative habitats
compared to forestry, pasture or permanent crops. CFs for some land use types in certain
ecoregions could not be calculated (displayed as ‘NaN’ in Excel files SI-2, 3) because the
land use type did not exist in that ecoregion (𝑝𝑖,𝑗 = 0, eq. 3.5).
For a given taxa, ANOVA and Kruskal-Wallis tests showed that both the regional and global
CFs differed significantly across all six land use types but were within one order of magnitude
for most ecoregions. CFs for a given land use type across five taxa varied by ~2 orders of
magnitude. Transformation CFs were ~2 orders of magnitude higher than occupation CFs
because the average regeneration time for biodiversity recovery stood at ~350 years (eq. 3.7).
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57

Regeneration times were highest for boreal ecoregions followed by temperate ecoregions,

while tropical ecoregions had the smallest regeneration times.57
Regarding the habitat type, island ecoregions had the highest global CFs, followed by forest
and then non-forest ecoregions. This is because the island and forest ecoregions have higher
SAR exponent (z-values) than non-forest ecoregions.56 Also, despite the fact that forest
ecoregions had marginally higher z-values than island ecoregions, we found that global CFs
were higher for the latter. This is because island ecoregions host relatively more rangerestricted (endemic) and threatened species resulting in high vulnerability scores (VS, eq. 3.9)
compared to both forest and non-forest ecoregions (see also Table S4 & Fig S1 in SI-1).
The relative order of CFs differed significantly depending upon whether regional or global
extinctions are considered (Figure 1). For example, the island ecoregion “Sao Tome and
Principe moist lowland forests (ecocode – AT0127)” in West Africa has the 2nd highest global
CF among all the 804 ecoregions for mammals (1.38 × 10-9 species eq. lost per m2-year of
land occupation) and for the land use type “annual crops” (Excel file SI-2). However, it ranks
85th on the corresponding list for regional CFs. On the other hand, the forest ecoregion
“Chimalapas montane forests (NT0114)” in Mexico ranks 253rd on the global CFs list of
mammals and annual crops but 2nd for regional CFs. This is because the VS of mammals in
the Sao Tome ecoregion is 0.23 as compared to 0.0004 for the Chimalapas ecoregion. Three
out of the ten total mammal species found in the Sao Tome ecoregion are strictly endemic to it
and are found nowhere else (and hence have a high VS and global CF).51 On the other hand,
each of the 145 mammal species found in Chimalapas montane forests have only a small
fraction of their range inside that ecoregion. The endemic richness (ER) and threatened
endemic richness (TER) of this ecoregion are therefore 0.26 and 0.06, respectively, thus
leading to its low VS and global CF.
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The regional CFs for each land use type were in general highest for most species rich taxa
plants, followed by birds, mammals, amphibians and lowest for reptiles which had low
species richness per ecoregion (𝑆𝑜𝑟𝑔,𝑔,𝑗 , eq. 3.1). However, the relative order changed for
global CF, as can be illustrated with the case of the island ecoregion “Halmahera rain forests
(AA0106)” in Indonesia. This ecoregion hosts 50 mammal species of which 7 are endemic
and 15 amphibian species of which 6 are endemic.51 The calculated VS for amphibians (0.32)
in this ecoregion is therefore much higher than the one for mammals (0.05). Consequently,
while the regional CFs for mammals are ~3 times higher than for amphibians, the global CFs
turned out to be higher for amphibians by a factor of ~2.
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Figure 3.1. a). Median regional occupation characterization factors (CFs) per ecoregion for
mammals and the land use type “annual crops” calculated using Countryside SAR from eq.
3.1. b). Vulnerability scores (VS) of mammals per ecoregion calculated using eq. 3.9, and c).
Median global CFs for mammals and the land use type “annual crops” per ecoregion
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calculated using eq. 3.10. NA: No data available. See excel file SI-2 for full list of CFs and
VS.
Additional Analyses
The regional and global CFs calculated using the Matrix SAR model are presented in Excel
file SI-3. For all of the ecoregions where the natural habitat accounts for >18% of total land
area (eq. 1, 𝐴𝑛𝑒𝑤 ⁄𝐴𝑜𝑟𝑔 >0.18), the countryside model predicted higher biodiversity damage.
On the other hand, CFs from the matrix SAR were generally a factor of ~2 higher than those
by the Countryside SAR in ecoregions which have less than 10% of natural habitat remaining
(𝑖. 𝑒. , 𝐴𝑛𝑒𝑤 ⁄𝐴𝑜𝑟𝑔 <0.1).
Global CFs were also calculated using an alternative geometric numerical scale for TL, which
draws a strong contrast between successive threat categories (see SI-1). The correlations
between CFs from linear and geometric scales were high for mammals and birds (ρ~ 0.90)
and moderate for amphibians and reptiles (ρ=0.60-0.80).
Application Example
The projected increase in global biofuel production has raised concerns about increased land
use pressure and associated biodiversity loss.58, 59 The newly calculated CFs in this study were
used to assess the global species loss due to land use flows associated with the cultivation of
six different feedstocks for the production of 1 kg of bio-ethanol in different world regions.
The land use inventory data was taken from Muñoz et al.

59

The methods are described in

further detail in SI-1.
Figure 3.2b shows that for amphibians, birds and mammals, the global CFs predicted highest
species eq. loss from sugarcane production in Brazil’s north-east (NE) region. For reptiles,
wheat production in France caused highest species loss. Sugarbeet production in France as
well as maize grain and maize stover production in the USA resulted in lower species loss in
general because of the absence of land transformation and relatively low land occupation
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requirements per functional unit (see SI-1, Table S2). Although land requirements for
sugarcane in Brazil and wheat in France were similar, impacts in Brazil were higher because
of high global CFs of its ecoregions.
As shown in Figure 3.2a, the regional CFs predicted a different order of impacts with wheat
production in France causing highest species loss for birds and mammals. The difference in
regional and global CF results is because of the relatively high vulnerability scores of species
in Brazilian ecoregions than for those in France and USA. Similarly, the taxa-aggregated
regional CFs predicted Wheat, France to be most damaging but the global aggregated CFs
showed that Sugarcane from Brazil causes a higher fraction of species to disappear (SI-2).
2

a). Regional species lost*year*10-9
1.5

Biodiversity impact

1
0.5
0
0.2

b). Global species eq. lost*year*10-9

Amphibians
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Reptiles

0.15

0.1

0.05

0

Sugarcane,BrazilNE

Sugarcane,BrazilCS

Wheat,France

Sugarbeet,France

Maizegrain,USA

Maizestover,USA

Figure 3.2. Total biodiversity impact due to land use (occupation + transformation)
associated with the feedstock production of 1 kg of bioethanol calculated using a). regional
CFs and b). global CFs. Land use inventory data is provided in Table S2, SI-1 and detailed
results in SI-2.
3.4

DISCUSSION

Methodological Approach
This study is the first to derive characterization factors (CFs) for global scale, land use impact
assessment using the countryside SAR model, which has been shown to perform better in
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predicting species extinction than the classic or Matrix SAR model.30 Previous studies have
applied Countryside SAR for specific world regions only. 16,17,30 We collected the empirical
data for model parameters from the latest published literature to enable the calculation of land
use type and taxa-specific CFs for 804 terrestrial ecoregions. The study also provides, for the
first time, vulnerability scores (VS) for each ecoregion per taxon using species-specific threat
level and geographic range data. Combining the SAR model with VS allowed for the
quantification of potential global extinction of species due to land use. The study marks a
significant improvement over existing land use biodiversity impact assessment methods
within LCA, which previously relied on local or regional species loss metrics.12,31,60
Earlier approaches in land use impact assessment within LCA have also proposed to include
vulnerability indicators at different levels. Weidema & Lindeijer61 based their ecosystem
vulnerability on the remaining natural habitat of an ecosystem, Michelsen62 proposed
translating the conservation status of an ecoregion given by WWF51 into a three-grade ordinal
scale into a numerical scale (value of 0.1 for intact ecoregions, 0.5 for vulnerable and 1.0 for
critical ones). Mueller et al.63 proposed to use three indices to quantify biodiversity value of
each ecoregion – total species richness, total number of strict endemics and the Conservation
Risk Index, i.e. the ratio of already converted area to protected area in an ecoregion. 64
However, none of these authors considered the threat status and global habitat range of
individual species inhabiting a region.
In this study, vulnerability is considered at two levels: the ecosystem level and the species
level. The SAR model includes aspects of ecosystem vulnerability (i.e. how much an
ecosystem is already affected by land use pressures), and the VS account for the vulnerability
of species inhabiting an ecoregion. We defined the vulnerability of an ecoregion as the ratio
of the total threatened endemic richness (TER) to the total species richness it hosts (eq. 3.9).
The endemic richness41 part of the TER ensures that the global CFs are higher for ecoregions
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hosting biodiversity that is unique and endemic to them and is found nowhere else.
Conversely, global CFs are lower for the ecoregions that contain only tiny fractions of
species’ range (mostly range edges). The threat level (TL) part of the VS then further
accounts for the species facing higher extinction risk due to factors other than their endemism
or small range (e.g. low and decreasing population).65 Incorporating TL into the VS implicitly
assumes that any land use or land use change will create additional pressure and negatively
affect the species that are already listed as threatened by IUCN. For two ecoregions hosting
equal endemic richness, the global CFs will be higher for ecoregions containing more
threatened species than those containing non-threatened species. Recently, Waldron et al.66
also used TER to rank different countries according to the mammal biodiversity they host.
Instead of TER, they called it the threatened global biodiversity fraction. Other researchers
have used number of strict endemics (the species that have 100% of their range inside a
region) as an input to the SAR model to calculate the global extinctions.28, 67
Global CFs calculated by combining the SAR model with VS give particular weight to
impacts on range-restricted and threatened species that are near extinction and whose loss can
result in permanent loss of unique evolutionary history associated with them. Global CFs
therefore can help trace products with high land use impacts on species that require immediate
conservation attention.
The results showed that CF rankings changed significantly depending upon whether regional
or global species loss is considered. The use of threatened endemic richness as an input to the
SAR resulted in different ecoregion rankings than when using total species richness. Previous
researchers have also pointed out that different hotspots of biodiversity emerge depending
upon the metric used (i.e. hotspots of endemism, species richness and extinction threat rarely
coincide).68,69 The bioethanol case-study also highlighted the discrepancy between the results
obtained using regional and global CFs and the implications for product comparison purposes.
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Not considering the vulnerability of species can therefore lead to environmentally undesirable
products being rated as better than relatively benign ones.
The relative order of CFs also differed remarkably depending upon the taxa considered. For
example, the ecoregion “Socotra Island Xeric Shrublands (ecocode- AT1318)” in Yemen has
the highest global CF among all 804 ecoregions for land use type annual crops and reptiles. 19
out of 28 reptile species found there are strictly endemic to it. However, this ecoregion
contains no amphibians and ranks 624th and 30th in the corresponding global CFs list of
mammals and birds, respectively. The results thus highlight the non-congruence of hotspots
defined by different taxa, a fact also found by previous researchers.68 Therefore land use
biodiversity impact assessment must include multiple taxa to understand the overall
magnitude of damage. 70
Comparison of Matrix and Countryside SAR CFs shows that Matrix SAR predicts smaller
species loss for ecoregions with considerable intact natural forests (SI-3). For ecoregions with
negligible remaining natural forests, Matrix SAR predicts that all species are lost (eq. S3 in
SI-1). This is unrealistic for many species that also survive in disturbed habitats. Countryside
SAR accounts for this scenario and predicts that some species still survive even after the
natural forest area in a region is completely gone (𝑆𝑙𝑜𝑠𝑡 ≠ 𝑆𝑜𝑟𝑔 when 𝐴𝑛𝑒𝑤 = 0, eq. 3.1), as
long as the remaining land use types offer some habitat quality (i.e. ℎ𝑔,𝑖,𝑗 ≠ 0). Regarding the
issue of converting IUCN categories to a numerical scale, both the linear and geometric scales
have their pros and cons, and more research is needed in the future to validate and choose the
appropriate scale (see SI-1 for further discussion).
The use of SAR based methods to quantify biodiversity loss is not without limitations. One of
them, as pointed out by Fattorini & Borges21, is that SARs do not take into account the
‘indirect biodiversity impacts’ caused by habitat loss or degradation and therefore might
underestimate actual land use impacts. For example, the roads and trails associated with forest
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management increase a forest’s accessibility to hunters, which in turn leads to further
intensification of species loss. Methods to incorporate such impacts by adjusting the z-value
of SAR have started to appear only recently.17
Input Parameters, Data Availability and Uncertainty
Although using the latest published data for input parameters, the characterization factors
(CFs) still have considerable uncertainty and range from positive to negative (i.e. beneficial
impact on biodiversity). The contribution to variance analysis (Table S5, S6 in SI-1) revealed
that the parameter dominating the uncertainty of the CFs was the local CFs (𝐶𝐹𝑙𝑜𝑐 ).
𝐶𝐹𝑙𝑜𝑐 per taxa, region and land use type were compiled from the studies comparing
biodiversity in human-modified land with natural/undisturbed land. Such data was not
available uniformly across the globe, and therefore the 𝐶𝐹𝑙𝑜𝑐 of a taxa for a particular land use
type had to be aggregated across larger spatial units (e.g., biomes or globally). Although we
considerably expanded the 𝐶𝐹𝑙𝑜𝑐 dataset in this study, more data on region specific taxa
sensitivity to different land use types are needed to reduce uncertainties. Data for amphibians
and reptiles were less complete than for plants, mammals and birds. As new data on these or
additional species groups emerge, the presented CFs should be updated. Regarding biomes,
tropical and temperate broadleaf forests, boreal forests/taiga and montane grasslands were
relatively well studied. All other biomes should become a global priority in conducting
biodiversity surveys for different land use types.
Area parameters (𝐴𝑛𝑒𝑤 , 𝐴𝑖,𝑗 ) also contributed to the uncertainty of CFs. We could only
calculate the area share of six land use types per ecoregion. These six classes are still a broad
classification, and each of them contains a range of management intensity levels. For a
particular land use type, different management practices result in different biodiversity
impacts as shown by Mueller et al.63 for agriculture (organic vs. conventional), Gibson et al.10
for forestry (selective logging vs. clear-cut) and Aronson et al.45 for urban areas (dense urban
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vs. vegetated urban). Therefore, more detailed global land use classification maps
differentiating between management practices are needed to calculate more accurate CFs.
Taxonomic coverage
Owing to the lack of species richness and geographic range data in the WWF51 and IUCN43
databases, characterization factors (CFs) for other species groups, such as arthropods, could
not be calculated. Arthropods make up an estimated 65 % of the total global species richness
and perform several important ecological functions, such as pollination.71 Similarly, species
groups such as bacteria and fungi (7 % and 11 % of global species richness, respectively) that
fulfill critical ecosystem functions could not be included in the analysis owing to lack of
necessary input data for models. Mora et al.72 predicted that some 86% of the approximately 7
million terrestrial species on the earth have not yet been described. There are concerns that we
might be losing species even before they are discovered73 (the so-called Linnean extinction).74
Significant efforts in exploration and taxonomy are required to fill the gaps in our knowledge
of life on earth.72
Alternative Indicators for Biodiversity Damage
In this study, relative species richness was chosen as a measure of local response of taxa to
land use change. It was used to calculate the SAR model parameter ℎ𝑖 (eq. 3.2). However,
relative species richness only provides information on a small aspect of biodiversity, and the
biodiversity damage owing to the complex changes in abundance, composition and
community structure that can take place following land use change remains unaccounted for.75
The indicators that compare exclusively the composition or abundance of species between a
reference and land use situation, e.g., Sørensen’s similarity index 76 and mean species
abundance35, are found to be more sensitive to land use impacts than species richness. 12
Therefore, our results could underestimate the impact of land use on the native biodiversity.
However, these indicators require data that are rarely reported on a global scale.
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Application
Apart from conservation efforts such as setting aside land areas, environmentally conscious
decisions by producers and consumers can go a long way in halting biodiversity decline and
meet international targets.77 Schemes such as the United Kingdom’s Carbon Reduction Label,
which requires quantification of a product’s full carbon footprint, can be extended to include
its biodiversity impacts as well.78 This study is a step in this direction and aims to enable
quantification of such impacts both within and outside the LCA framework. The new CFs can
be used by decision-makers to quantify, compare and potentially reduce the biodiversity
footprint of products with complex supply chains and globally distributed land use flows.
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ABSTRACT
Habitat loss and degradation is a significant driver of biodiversity loss and globally applicable
methods with high spatial resolution are needed to assess these impacts. In this paper, we
calculate species loss due to global agriculture (160 crops), forestry and pasture by combining
land use data on 5 min × 5 min grid level with characterization factors based on Countryside
species area relationship for mammals, birds, amphibians, and reptiles. Results show that rice,
oil palm, rubber, wheat, maize, coconut production in South-East Asia came at top with
respect to agricultural land use impacts. Pasture was the primary land use related driver of
biodiversity loss in Madagascar, Colombia, Ecuador, Australia and Brazil, while forest land
use contributed the most to species loss in DR Congo, Indonesia, Mexico, India, and Papua
New Guinea. For forestry, we compared biodiversity impacts of 1 m3 of roundwood produced
from natural managed and planted forests in 139 countries, concluding that wood from
tropical areas had a particularly large impact, due to low timber yield and a large presence of
vulnerable species. Finally, to demonstrate the use of results, we assessed the biodiversity
impacts embodied in Swiss food imports. We found that, depending on the taxonomic group
considered, imported biodiversity impacts are 20-300 times larger than the impacts of
domestic agriculture. Cocoa, coffee and palm oil imports from Central America and SE Asia
caused most damage.
INTRODUCTION
Growing population, increasing per capita consumption, a shift to meat-based diets and
biofuel production have all led to conversion of natural forests to anthropogenic land use and
reduced the flows of many important ecosystem services, such as carbon storage, water
filtration, and habitat provision for biodiversity (MEA 2005, Foley et al., 2005). More than
75% of the earth’s ice-free land is being affected by human activities (Sanderson et al. 2002).
The United Nations Food and Agriculture Organization (FAO) forecasts a ∼70% increase in
global food demand from 2000 to 2050 due to rising population and income, requiring large
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amounts of additional cropland (Alexandratos and Bruinsma 2012). In addition to
deforestation for agriculture and pasture land use, forest exploitation for commercial purposes
is another threat to native species (Gibson et al., 2011).
As the world’s economies are becoming increasingly interconnected, international trade of
biomass continues to increase (Erb et al., 2009). There is an increasing demand for more
knowledge on the impact from products and services provided in the global market and it is
important to inform the consumers regarding the environmental impacts ‘hidden’ behind the
imported products. Life cycle assessment (LCA) is increasingly used to evaluate the cradle to
grave environmental impacts of products (Hellweg and Mila i Canals 2014). However, within
LCA, biodiversity impacts due to land use associated with the products’ life cycle are often
poorly quantified (Souza et al. 2015, Curran et al. 2011, Koellner et al., 2013).
Land use impact assessment within LCA
Several impact assessment methods for land use are available and have been extensively used,
but often these methods are based on limited biodiversity datasets from specific world regions
(such as Europe) or taxa (mainly vascular plants) (e.g. Schrvyer et al. 2010). Only recently,
globally applicable and spatially differentiated Life Cycle Impact Assessment (LCIA)
methods have been made available. de Baan et al. 2013a were the first to provide local
characterization factors (i.e. the factors indicating biodiversity damage caused by occupation
of a particular land) for different taxa and biome (Olson et al., 2001). However, local
characterization factors (CFs) do not inform regarding the contribution of land use towards
potential irreversible, permanent extinction of rare and threatened species due to habitat
loss/degradation. Avoiding global species extinctions is important to preserve the
evolutionary and genetic diversity of life on earth. For predicting regional and global species
extinctions resulting from habitat loss, species area-relationships (SARs) have commonly
been used in LCA (Köllner et al. 2008, de Baan et al. 2013b).
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Countryside SAR has recently been shown to perform better than other SAR models in
predicting species extinction from habitat loss in a heterogeneous, human modified landscape
(Pereira et al., 2014) and recognizes the fact that species adapted to human-modified habitats
also survive in the absence of natural habitat. Recently Chaudhary et al., 2015 provided
ecoregion specific global CFs for six land use types using Countryside SAR by weighting the
regional CFs with species-specific vulnerability score taking into account their endemicity
(rarity) and current IUCN threat level (least concern to critically endangered).
Global scale land use impact assessment
Many studies have assessed the land use impacts of individual crops or food items from
particular countries. For example, Mattsson et al., 2000 assessed Swedish rapeseed, Brazilian
soybean and Malaysian palm oil, and Chaudhary et al. 2015 assessed sugarcane from Brazil,
wheat from France and maize from USA. Pfister et al. (2011) assessed the land-use related
impacts of global agriculture. However, the method to quantify land stress was relying on net
primary production as a proxy of biodiversity loss and did not consider that occupied land
may also harbor biodiversity. Thus, an explicit assessment of biodiversity loss of all crops
from all countries is lacking. Similarly, for forest land use, studies have focused on individual
countries, e.g. for Norway (Michelsen 2008) or Ghana (Eshun et al., 2011), while a global
analysis is lacking. In order to assess the impacts of different land use types on biodiversity
with global coverage, spatially differentiated land use inventory data need to be combined
with regionalized characterization factors (Mutel et al., 2011).
On the inventory side, global maps of agricultural crops and pasture land use have been
compiled by Monfreda et al. (2008) at 5 x 5 arc minute grid level. For human forest land use,
global maps ANTHROME (Ellis and Ramanakutty 2010) and LADA (Nachtergaele and Petri
2008), both at 5 x 5 arc minute grid level are available. The advantage of these maps is that
they combine land cover data from remote sensing with statistical data on human activities,
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and thereby provide information on land use (e.g. woodlands for timber extraction) and not
only land cover (e.g. coniferous forests - as given by Hansen et al. 2013).
On the impact assessment side, the method of Chaudhary et al. (2015) can be used to assess
land use categories such as arable or permanent crops (e.g. species lost per m2 of arable land
in a specific ecoregion). In combination with regionalized crop production data, individual
global crops could be assessed to calculate country-specific average impacts for each crop.
Global trade of agricultural products is also available (e.g. from FAOSTAT, 2015). This data
is often reported in mass units. Therefore, it would be useful to provide information about
species lost per kg of crop to assess the biodiversity impacts of these trade flows. Trade
information as well as many life cycle inventory databases often report the country of origin,
but not the ecoregion of production. Therefore, averaged characterization factors (CFs) per
country will be more convenient for many LCA applications than those at ecoregion level.
Objective & Scope
This study aims to use recent methods of biodiversity land use impact assessment and apply it
to high-resolution inventory data of agriculture, pasture and forestry based products.
Specifically, we aim to (1) provide a regionalized overview of global biodiversity impacts due
to current land occupation induced by agriculture, pasture and forestry and identify
geographical hotspots of biodiversity loss, (2) reveal the most important drivers of
biodiversity loss in high-impact regions, (3) provide production-specific (per kg of crop or per
m3 of roundwood) and area-specific (per m2 of land occupation) impacts to allow comparisons
across regions and (4) illustrate with a case study how indirect (embodied in imported goods)
and direct biodiversity impacts from the consumption of agricultural products compare, using
the example of Switzerland, and how they can differ from raw land-use data. To reach these
goals we carry out following assessments:
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A). For each of the 160 global crops, pasture and managed forest, we obtain land occupation
inventory data from high-resolution global land use maps. By combining this inventory data
with global occupation CFs per ecoregion from Chaudhary et al., 2015, we calculate the
biodiversity impact of each crop, pasture and forest land use at grid level. Impacts per grid
were then aggregated to country level to calculate total biodiversity loss due to crop, pasture
and forest land use in each country.
B). We also derive country-specific land occupation characterization factors (CFs) for
agriculture, pasture and managed forest land use that quantify potential species extinctions per
m2 in each of the 250 countries for four vertebrate taxa (mammals, birds, amphibians and
reptiles).
C). Next we calculate specific impacts per product. By combining the country-specific CFs
from B) with average wood harvesting yields per country (m3/ha), we calculate biodiversity
impacts per m3 of roundwood produced in different countries. Combining the results from A)
with product-specific yields (tonnes/ha for crops), we calculate biodiversity impacts per kg of
each crop at grid level and in each country. Finally, using the 2011 trade data on export and
import of agricultural commodities for Switzerland, we assessed the biodiversity impact of
Swiss food consumption.
MATERIALS AND METHODS
Characterization factors (CFs) at ecoregion level
We briefly summarize the methodology to calculate the global CFs here (see Chaudhary et al.
2015 for full details). Countryside SAR predicts the number of species lost (𝑆𝑙𝑜𝑠𝑡 ) caused by
all (cumulative) land uses within an ecoregion as a function of the number of species 𝑆𝑜𝑟𝑔
occurring in the original natural habitat area 𝐴𝑜𝑟𝑔 as presented in eq 4.1. 𝐴𝑛𝑒𝑤 is the
remaining natural habitat area in the region, 𝐴𝑖 is the area of individual land use type 𝑖 and 𝑧
is the SAR exponent:
92

𝑆𝑙𝑜𝑠𝑡

𝐴𝑛𝑒𝑤 + ∑𝑛𝑖=1 ℎ𝑖 𝐴𝑖
= 𝑆𝑜𝑟𝑔 − 𝑆𝑜𝑟𝑔 ∙ (
)
𝐴𝑜𝑟𝑔

𝑧

Equation 4.1

The species are classified into groups sharing similar habitat affinities ℎ𝑖 for the land use type
i (eq 2). ℎ𝑖 is a function of the z-value and the local species richness of the taxa in land use
type 𝑖 relative to that in natural forest of the same region. The value of ℎ𝑖 for natural habitat is
1 and decreases till zero as the land use becomes more hostile to the species (Pereira et al.,
2014).
The species loss due to cumulative land use is allocated to each land use type according to
their relative area share in the current human modified area and the taxa affinity to these land
use types in the region through an allocation factor (𝑎𝑖,𝑗 ) (see Chaudhary et al. 2015).
Finally, the land occupation characterization factors (CFs) for each taxa g, land use type 𝑖 in
an ecoregion j are calculated as:
𝐶𝐹𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙,𝑔,𝑖,𝑗 =

𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗,𝑡𝑜𝑡𝑎𝑙 ∗ 𝑎𝑖,𝑗
𝐴𝑙𝑜𝑠𝑡,𝑗
Equation 4.2

CFs in equation 4.2 give an estimate of regional species lost per m2 of six different land use
types 𝑖 (annual crops, permanent crops, pasture, urban, extensive forestry, intensive forestry).
The regional CFs were then multiplied with vulnerability score of each taxa in each ecoregion
(𝑉𝑆𝑔,𝑗 ) to calculate global CFs in the unit – global species equivalents lost per m2 (hereafter
species eq. lost/m2):
𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔 𝑖,𝑗 = 𝐶𝐹𝑟𝑒𝑔𝑖𝑜𝑛𝑎𝑙,𝑔,𝑖,𝑗 ∙ 𝑉𝑆𝑔,𝑗
Equation 4.3

The vulnerability score varies between 0 and 1 and is defined as threat level weighted ratio of
‘endemic richness’ to total species richness within an ecoregion. The VS value reaches 1 if all
species within a region have 100% of their range inside it (i.e. strictly endemic) and are
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assigned a ‘critically endangered’ category by IUCN red list (Chaudhary et al., 2015).
Transformation CFs are obtained by multiplying occupation CFs with half the regeneration
time. However the scope of this study is to quantify the land occupation impacts of current
worldwide land use by forestry, agriculture and pasture.
The occupation CFs from equation 4.3 are multiplied by the inventory flow of occupation
given in m2·year to obtain the biodiversity damage (𝐵𝐷𝑔,𝑖,𝑗 ) in units of species eq. lost·year
for each taxonomic group g (Chaudhary et al., 2015).
Biodiversity damage due to crop, pasture and forest land occupation per country
The occupation characterization factors (CFs) per ecoregion for each land use type i - annual
crops, permanent crops, pasture, extensive forest and intensive forest were taken from
Chaudhary et al., 2015 (equation 4.3). It was assumed that value of characterization factors in
each pixel, CFp, is the same for all pixels p situated within an ecoregion j (CFj).
For agricultural crops, the harvested area of each of 160 crops on a 5 min by 5 min grid level
was imported from Monfreda et al. 2008. Pfister et al. 2011 adjusted this crop area per pixel
for multiple cropping, using length of growing season estimates of each crop in different agroecological zones. We used these adjusted area occupied by a crop c per pixel p (denoted
as 𝐴𝑐,𝑝 hereafter). The total biodiversity damage score 𝐵𝐷𝑡𝑜𝑡𝑎𝑙 (species eq. lost·year) due to
crop c from a country k is calculated as the sum of pixel 𝐵𝐷𝑝 scores (equation 4.4). Here n is
the total number of pixels within the country and 𝐴𝑐,𝑝 is the area occupied by crop c in pixel
p.
𝑛

𝑛

𝐵𝐷𝑔,𝑘,𝑐,𝑡𝑜𝑡𝑎𝑙 = ∑ 𝐵𝐷𝑔,𝑝,𝑐 = ∑ 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑝 ∙ 𝐴𝑐,𝑝
𝑝=1

𝑝=1

Equation 4.4

For each pixel p, the total biodiversity damage per taxa g (𝐵𝐷𝑔,𝑝,𝑡𝑜𝑡𝑎𝑙 ) due to agriculture land
use is calculated from the cumulative land use by all crops m within that grid:
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𝑚

𝐵𝐷𝑔,𝑝,𝑡𝑜𝑡𝑎𝑙,𝐴𝑔𝑟𝑖𝑐𝑢𝑙𝑡𝑢𝑟𝑒 = 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑝 × ∑ 𝐴𝑐,𝑝
𝑐=1

Equation 4.5

For pasture and forest land use, 𝐵𝐷𝑔,𝑝,𝑖 is calculated by multiplying 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑝 with their
total area occupation in the respective pixel (𝐴𝑖,𝑝 ). The pasture area on a 5 x 5 min grid level
was also imported from Monfreda et al. 2008 while the forest land use area was taken as
average of global maps ANTHROME (Ellis and Ramanakutty 2010) and LADA
(Nachtergaele and Petri 2008), both at 5 x 5 arc minute grid level.
The total biodiversity damage per pixel due to all three land use types can then be calculated
as:
3

𝐵𝐷𝑔,𝑝,𝑡𝑜𝑡𝑎𝑙 = 𝐵𝐷𝑔,𝑝,𝑡𝑜𝑡𝑎𝑙𝐴𝑔𝑟𝑖𝑐𝑢𝑙𝑡𝑢𝑟𝑒 + ∑ 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑝 × 𝐴𝑖,𝑝
𝑖=1

Equation 4.6

Where index i denotes land use for extensive and intensive forestry as well as pasture.
Country-specific characterization factors
Country-specific CFs were calculated for all countries k and taxa g by dividing the total
impact per land use or crop (the product of CF and area used in each pixel 𝐴𝑖,𝑝 ) through the
total area occupied by the land use or crop in country k. The Country-specific 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑖,𝑘,𝑔 per
m2 of land use i in country k (with n denoting the number of pixels within the country) for
taxon g is thus given by:
𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑘 =

∑𝑛𝑝=1 𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑔,𝑖,𝑝 ∙ 𝐴𝑖,𝑝
∑𝑛𝑝=1 𝐴𝑖,𝑝
Equation 4.7

Case-study 1: Biodiversity impacts per m3 of roundwood production per country
In addition to the total impact of forest land use per country, the species lost per m 3 of
roundwood is also relevant. Wood harvesting intensity per country (𝐻𝐼𝑘 ) in m3/ha was
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derived for both managed natural forests and planted forests by dividing the total annual
roundwood production by their respective area per country using values from FAO forest
resource assessment report (FRA, 2015). The fraction of a country’s roundwood coming from
planted forests (𝑓𝑝𝑙𝑎,𝑘 ) was obtained from FAO (Jürgensen et al., 2014). Chaudhary et al.
2015 provide CFs separately for extensively and intensively managed forest per ecoregion.
The forest plantations often consisting of fast growing timber species were assumed to fall in
intensive forestry category as they simplify the forest structure leading to habitat loss and
biodiversity damage (Gibson et al., 2011). All other types of natural managed forests were
considered in extensive forestry category.
Biodiversity impacts were then calculated by dividing the CFs (species eq. lost per m2) with
harvesting intensity (m3/ha) in the units species eq. lost per m3:
𝐵𝐷𝑘,𝑔,𝑝𝑒𝑟 𝑚3 =

𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑒𝑥𝑡,𝑘,𝑔 × 10000 × (1 − 𝑓𝑝𝑙𝑎,𝑘 )
𝐶𝐹𝑔𝑙𝑜𝑏𝑎𝑙,𝑝𝑙𝑎,𝑘,𝑔 × 10000 × 𝑓𝑝𝑙𝑎,𝑘
+
𝐻𝐼𝑒𝑥𝑡,𝑘
𝐻𝐼𝑝𝑙𝑎,𝑘
Equation 4.8

Where index ext denotes the CF for extensive forestry, pla for planted (intensively managed)
forests, 𝐻𝐼𝑒𝑥𝑡,𝑘 and 𝐻𝐼𝑝𝑙𝑎,𝑘 are their respective harvesting intensity (m3/ha) in country k.
Case-study 2: Biodiversity impacts per kg of crop
The biodiversity damage score per kg of crop of country k (species eq. lost·year per kg) is
calculated as the total impact (eq. 4.4) divided by the total crop production. Here n is the total
pixels within the country, 𝐴𝑐,𝑝 is the area of crop c in pixel p (ha) and 𝑌𝑐,𝑝 is the yield (kg/ha)
for crop c in pixel p, also obtained from Monfreda et al., 2008.
𝐵𝐷 𝑐,𝑘,𝑔,𝑝𝑒𝑟 𝑘𝑔 =

𝐵𝐷𝑡𝑜𝑡𝑎𝑙,𝑐,𝑘,𝑔
𝑛
∑𝑝=1 𝑌𝑐,𝑝 ∙ 𝐴𝑐,𝑝
Equation 4.9

Case-study 3: Swiss food consumption impacts
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The weight of each food item imported by Switzerland in 2011 was taken from FAOSTAT
trade database (FAOSTAT, 2015). For processed food products, we used conversion factors
(provided by FAO, 2003) to estimate the weight of crop required to produce the item (e.g. 4
kg of oranges required per kg of orange juice).
However, the FAO data only reports the last country from which the food item is traded but
not the actual country where the item was produced. An example is Belgium as an
intermediate trader, which exports tea to a lot of EU countries but does not produce it. We
assumed that if a country produces the exported crop then the land use occurred there and the
area embodied in its export is simply the export quantity (in tons) divided by the mean yield
(tons/ha) of the crop in this country (from Monfreda et al. 2008). However if it does not
produce the product, the imported quantity was allocated to the biggest producers of this
product worldwide in the same proportion as their global export share (data from FAOSTAT,
2015).
More sophisticated approaches exist to trace the country of origin such as MRIO databases
that utilize monetary transaction and economic data to calculate embodied land use flows (e.g.
Eora, Lenzen et al., 2012; EXIOBASE, Wood et al. 2014, Kastner et al. 2011). However, one
of the shortcomings of MRIO tables is the grouping of multiple crops (e.g. staple crops) or
regions (e.g. South-east Asia) into a common category. As the crops of one category might
differ significantly in terms of their environmental impacts or the countries within one big
category might differ in terms of impacts per unit land use, such grouping might lead to
under/over estimation of their impacts. We used an alternative approach and utilize the
physical supply chain data available from FAOSTAT to allocate the imported food item to
correct for intermediate trading countries. We only considered the food items directly derived
from crops and did not consider the imported livestock products as this was beyond the scope
of this study.
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Once the food item was allocated to countries of origin, the biodiversity damage associated
with its import was calculated by multiplying its mass (kg) with newly calculated per kg
impacts for that combination of crop and country (equation 4.9). The imported impacts were
also compared with impacts occurring due to net agriculture land use within Switzerland for
Swiss consumption (i.e. total agricultural land use minus land use for exports). To calculate
the sensitivity of the results to the assumptions, the impacts were also calculated assuming
that the country exporting the product to Switzerland also produced it (i.e. to see the
consequences of not correcting for intermediate trading countries).
RESULTS
Biodiversity damage due to crop, pasture and forest land use
Figure 4.1 shows the worldwide aggregated biodiversity damages from agriculture, pasture
and forestry land use per pixel for mammals using Equation 6. Geographic hotspots of landuse induced mammal species loss are located in Indonesia, Madagascar, Philippines, Brazil,
Papua New Guinea, China, India, DR Congo and Mexico. Managed forest is the main driver
of mammal species loss in Indonesia, whereas pasture is most damaging land use type in
Madagascar, China and Brazil. Agriculture land use was identified as main driver in India,
Brazil and Philippines.
Table S1 shows the detailed results of biodiversity loss due to each land use type per country
and taxa. The total calculated species lost per country for each taxa were very well correlated
to the number of threatened species in that country (Koh & Ghazoul 2010, de Baan 2013b),
i.e. species with IUCN status threatened + endangered + critically endangered). We found that
both R2 and Spearman rank correlation coefficient were >0.7.
The impact due to total agriculture land use per country for all taxa was calculated using
equation 4.4. Here again, although countries with large agriculture area were expected to
incur high impacts, smaller countries such as Sri Lanka, Madagascar, Malaysia, Philippines,
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all featured in top 10 countries suffering habitat loss/degradation driven biodiversity loss due
to agriculture land use (Table S1).
Table S1 further shows that for pasture land use, highest mammal species loss was found to
occur in Madagascar, China, Brazil, Australia and Colombia causing ~45% of the total
mammal species eq. loss due to global pasture land use. Although together these countries
only account for 28% of global pasture area. For birds, in addition to the above countries,
New Zealand also showed high species loss. For amphibians, Colombia, Brazil, Ecuador, Peru
and Venezuela were identified as hotspots of species loss due to pasture land use.
Regarding the managed forest land area, Russia, Brazil, Canada, USA and China are the top
five countries in terms of raw land occupation. However they do not feature in the top 5
countries with highest species loss. For instance, despite the fact that Russia has highest
amount of forest land use (~553 million hectares), it ranks 21, 87, 101 and 73 rd on the
mammal, birds, amphibians and reptile species lost respectively. Indonesia, Papua New
Guinea, Madagascar, DR Congo, Brazil and Malaysia suffer the highest species loss due to
anthropogenic forest land use (Table S1).
Table S2 shows the total biodiversity loss associated with each of the 160 crops. Rice, maize
and wheat were expected to contribute most to biodiversity loss because together these three
crops occupy ~40% of global agricultural land. However, crops such as coffee, rubber, tea,
palm oil and soybean have a disproportionally high biodiversity footprint considering the fact
that they only occupy less than 5% of global agricultural land.
Table S3 throws further insight into the biodiversity burden of global agricultural land use by
listing the impacts for each of the 7,679 crop x country combinations. While wheat from the
USA, Canada, and Russia occupy large agricultural areas on earth, their contribution to global
land-use related biodiversity loss is meagre. Land use for rice, coconut, rubber and palm oil
production in South-east Asian countries Indonesia, Malaysia and Philippines were found to
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contribute the most to biodiversity loss among all combinations of crop and country. For
amphibians and reptiles, maize production in Mexico and tea in Sri Lanka also contributed
significantly to species loss. For each taxa, just the top 30 combinations of crop x country are
responsible for ~50% of global agriculture impact.

Figure 4.1. Total mammal impacts (global species eq. lost*years) per grid cell due to
agriculture, pasture and managed forest land use combined calculated using eq. 4.6 above. See
Table S1 for impacts on other taxa per country.
Country-specific characterization factors (CFs)
The calculated CFs for pasture, extensive and intensively managed forest land use for each
country (from eq. 4.7) are listed in Table S4. Pasture land use had in general higher CFs,
reflecting the relatively low affinity (ℎ𝑖 , eq. 4.1) of species to them as compared to natural
managed forests but were close to intensively managed forest. All three CFs were within one
order of magnitude for most countries. The CFs were in general higher for tropical countries
and small, island countries (such as in Caribbean); lower for countries in temperate and boreal
regions and varied over 4 orders of magnitude across 250 countries. For agricultural land use,
CFs were calculated for each crop and country combination and are shown in Table S5.
Case-study 1: Impacts per m3 of roundwood production
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Figure 4.2 and Table S6 show that for an equal amount of roundwood production, the
biodiversity impacts differ significantly across different countries. Island countries such as
Comoros, Madagascar, Sao Tome and Dominican Republic suffer highest lost per m3 of
roundwood produced. However most of these countries have little forest area and thus low
wood production (Table S6). Countries producing majority of global roundwood such as the
US, Canada, Russia, Brazil -rank very low in terms of impact per m3 because of high yields.
Among other countries that produce intermediate levels of industrial roundwood, DR Congo,
Bolivia, Colombia, Peru, Argentina and Indonesia suffer high loss mostly owing to low yields
per hectare along with high biodiversity and presence of endemic and threatened species.
Figure 2 shows the impacts on mammals.

Figure 4.2. Total mammal impacts per m3 of roundwood produced in 139 countries (global
species eq. lost*years/m3) calculated using eq. 4.9 above. See Table S6 for impacts on other
taxa per country. NA denotes the countries with negligible roundwood production.
Case Study 2: Biodiversity impacts per kg of crop
Table S5 shows the biodiversity impacts per kg of crop in each country. For all four taxa, the
impacts per kg for a particular crop ranged over five orders of magnitude (~10-11 to 10-16
species eq. lost/kg) depending on the country. The number of species-equivalents lost per kg
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were generally higher for amphibians and reptiles followed by mammals and least for birds
but were mostly within an order of magnitude.
Case-study 3: Swiss food import impacts
Table S7 shows that in terms of mass, Switzerland imported high amounts of forage, sugar,
soybean, wheat, maize and wine. Many products came from the neighbour states: Germany,
France, Italy and Austria and the European ports of Belgium and Netherlands. In terms of
products, cocoa, soybean and palm oil imports result in highest biodiversity loss in countries
of origin. Swiss crop imports resulted in loss of 0.0556 mammals, 0.019 birds, 0.189
amphibians and 0.046 reptile species eq.years. Cocoa beans and coffee imports were found to
be responsible for the biggest land-use related biodiversity impact in South and Central
America and Southeast Asia (Brazil, Ecuador, Malaysia, India, Colombia, Philippines etc.,
Table S7). The only European countries suffering substantial impacts are Spain and Italy
(from wine and olive imports). These imported impacts are respectively 18, 41, 321 and 250
times higher than biodiversity loss due to domestic crop land use for Swiss consumption in
Switzerland (Table S7). This is much higher in contrast to the raw land-occupation data: the
ratio of total land embodied in imported products and net domestic agricultural land used for
consumption was only ~ 3.0. This suggests embodied land is not a good proxy for embodied
biodiversity impacts. Overall >95% of biodiversity impacts of Swiss food consumption occur
outside its border.
DISCUSSION
The study is first to calculate biodiversity impacts of global agriculture, pasture and managed
forest land use on a resolution of 5 x 5 min and aggregated for each country by combining
regionalized characterization factors (CFs) with high-resolution spatial inventory for these
land use types. The case study demonstrated how the results can be used to trace the
biodiversity impacts embodied in internationally traded food and timber products.
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The CFs from Chaudhary et al. 2015 were calculated for six land use types and 804 terrestrial
ecoregions using Countryside species area relationship (SAR) and taxa-specific vulnerability
score (VS). The SAR model includes aspects of ecosystem vulnerability (i.e. how much an
ecosystem is already affected by land use pressures), and the VS takes into account the
vulnerability of species inhabiting a particular region. The VS give particular weight to
regions hosting range-restricted and threatened species that are near extinction and whose loss
can result in permanent loss of unique evolutionary history associated with them. The CFs
therefore help trace products with high land use impacts on species that require immediate
conservation attention. The CFs are higher for ecoregions hosting biodiversity that is unique
and endemic and is found nowhere else, and they are lower for the ecoregions that contain
only tiny fractions of species’ range (mostly range edges). As the VS also incorporates IUCN
assigned species threat level, it means that for two ecoregions hosting equal endemic richness,
the CFs will be higher for ecoregions containing more threatened species than those
containing non-threatened species.
The calculated land occupation impacts are only reflecting current land occupation. In
principle, the approach can also be applied to future scenarios of land use change for a
prospective assessment using the transformation CFs from, provided such land-use change
data is available (de Baan et al., 2013b, Chaudhary et al., 2015).
Spatially-explicit land use impacts
We quantified the biodiversity impacts of all three land use types at 5 x 5 arc minute grid
level and then aggregated them to country level. As land use decisions are mostly made at
national and sub-national level, country-specific impacts and their distribution within the
nation for pasture, forestry land and specific crops can be used to identify most damaging land
use types and perhaps induce the development of local strategies to control further damage
(e.g. by changing the intensity of agricultural land or crop distribution or by protecting
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ecologically valuable habitats). As the land use flow information is often available at country
level rather than ecoregion, we also provide country-specific CFs for crop, pasture and forest
land use.
Table S1 shows that tropical and island countries suffer the highest biodiversity damage. High
impacts in a particular region can be explained by a number of factors such as high number of
endemic species in these countries or low amounts of natural habitat remaining (as 𝐴𝑛𝑒𝑤
decrease in equation 4.1, 𝑆𝑙𝑜𝑠𝑡 increases). For example, Argentina has 89 endemic bird species
and has lost a large area of natural forest in past. It comprises of four main ecoregions each
with less than 5% of natural forest remaining. One reason is the high number of rangerestricted endemic species in these regions. For example, Indonesia hosts 259, 429 and 173
endemic species of mammals, birds and amphibians. To put this into perspective: Germany,
Sweden, Finland are among top 10 suppliers of global roundwood, but host zero endemic
species of these taxa. Similarly, Ecuador with 5 million hectares, ranks 63rd globally in terms
of total managed forestry area. However, it ranks 9th on the country suffering highest
amphibian species loss due to forest land use (Table S1). This is because it is home to 336
amphibian endemic species that are not found anywhere else in the world and habitat
loss/change associated with human land use poses extinction risk to them.
Case study 1: Impacts per m3 roundwood
The results of case study 1 showed that for an equal amount of roundwood production, the
biodiversity impacts differed significantly across different countries (Table S6). North
American and European countries have the highest yields and thus require less area for
producing equal amount of wood than countries in Latin America, Africa, Asia. For example,
the average wood yield from natural managed forests in Indonesia is 0.84 m3/ha as compared
to 3.71 m3/ha in Germany. The forestry CF for mammal species loss (eq. 4.7) for Indonesia is
4.03 ×10-11 compared to 8.16 ×10-14 for Germany (Table S6). Therefore, mammal species lost
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per m3 of roundwood (4.7 ×10-7) is ~1000 times higher in Indonesia than in Germany (2.5
×10-10). Our results show that countries producing intermediate levels of roundwood (~0.01 to
2 million m3 annually) such as Madagascar, Cameroon, Somalia and Sri Lanka, perform the
worst in terms of biodiversity damage per unit production. This is owing to high forestry CFs
for these countries as well as prevailing low wood harvesting yield.
Table S6 shows that planted forest yields are on average three times that of natural managed
forest whereas the CFs for planted forests are 2-3 times higher than those for natural managed
forests (Table S4). This resulted in low biodiversity loss per m3 of roundwood production
even for sub-tropical, species rich and countries hosting many threatened species, such as
India where 94% of roundwood comes from planted forests that have high average yields of
3.8 m3/ha as compared to just 6% from natural managed forests with low yields of ~0.07
m3/ha. Plantation forests are less biodiversity-benign than extensively managed natural forests
(Gibson et al., 2011), but, if grown on previously degraded lands (such as in India, Puyravaud
et al., 2010) and inducing no land-use change from natural ecosystems, they can serve dual
purpose of timber production and alleviating the pressure on the remaining natural forests
which in turn can used for biodiversity conservation.
Case study 2: Impacts per kg crop
As the global food trade data is mostly available in mass units, we provide ready to use
biodiversity impacts per kg of crop from each country. For example, 1 kg of wheat from
Brazil results in 1.05 x 10-11 mammal species eq. lost as compared to 5.94 x 10-13 in Canada
(Table S5). Such differences between individual crops from different countries will help
answer questions such as where to import a particular food item from, so as to have minimum
biodiversity impact.
Case study 3: Swiss food import biodiversity impacts
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Regarding the Swiss food consumption impacts, the results showed that food imports to
Switzerland are responsible for ~20-300 times the biodiversity loss occurring domestically
due to its total agricultural land use (Table S7). This ratio actually might be even higher as we
did not include finished livestock products imported from abroad and just considered food
products in our analysis. The results thus corroborate with unequal-exchange theory (Shandra
et al., 2009) and previous studies who also found that food consumption in industrialized
nations drives biodiversity loss in tropical developing countries through international trade
(Lenzen et al., 2012).
We calculated the biodiversity impacts by allocating the imported food item to its country of
origin and thereby correcting for intermediate traders. Impacts calculated using this approach
are ~4 times higher than those obtained assuming the food items were produced in the last
trading country. This underscores the importance of tracing the country of origin to avoid
underestimating the biodiversity loss.
Limitations and data gaps
Owing to the lack of species richness per ecoregion data in the underlying databases (WWF
2006), the characterization factors (CFs) and impacts on other species groups such as
arthropods, bacteria, fungi that make up majority of global terrestrial species richness could
not be calculated. These species groups perform several important ecological functions and
the data gaps should be filled through future research efforts. We used species richness loss as
an indicator of biodiversity loss. However, limitations with this indicator include that complex
changes in composition and community structure that can take place following disturbances
are not accounted for. Future studies should explore the alternative measures of biodiversity
such as Sørensen similarity index (Sørensen 1948).
For roundwood production, we took average yield per country for plantation forests and
managed natural forest. However, the timber quality and yields vary significantly depending
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upon the wood species. For example, the slow growing Mahogany trees are harvested at very
low yields and fast growing poplar trees can yield high levels of timber per ha. Ideally, such
comparisons should be made between wood species of similar quality or purposes. Similarly,
biodiversity damage and yields differ greatly depending upon the harvesting techniques used
in the region. In this study all managed natural forests were grouped into broad category of
‘extensive forestry.’ In reality, low yields observed in some of the countries might be because
of low intensity harvesting techniques rather than technological limitations. Many studies
have shown that forests managed using low intensity harvesting techniques such as reduced
impact logging or retention harvesting result in negligible species loss as compared to
conventional selective logging or clear-cut regimes (Gibson et al. 2011, Fedrowitz et al.
2014). However, spatially-explicit maps depicting forest management regimes, timber species
and their harvesting intensity are currently unavailable on a global scale.
Finally, any application of the methods and results presented in this paper should be
accompanied by an analysis of other impact categories. In this paper, we present how one of
the main global drivers of biodiversity loss, land use, can be assessed properly on a global
scale. Trade-offs with other impacts of agriculture production such as water scarcity (Pfister
et al., 2011), eutrophication etc. must also be taken into account in environmental decision
making.
Outlook
The overall results can be a first step for land management on a global and regional level, as
they reveal current geographical hotspots and the drivers of biodiversity loss. Results are also
relevant to global retailers, food processing companies and consumers who increasingly
interested in the environmental product information. By quantifying biodiversity impacts per
kg of crop from different locations, the presented approach can help improve the life-cycle
based product information, which currently often only address carbon emission impacts (e.g.
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UK carbon reduction label, Lenzen et al., 2012). The calculated country, crop and taxa –
specific impacts can also be used as a basis for compensatory mechanisms or offsetting
programs. For example, food products with high biodiversity impacts could be made more
expensive, thus lowering their demand and the premium can go towards financing ecosystem
service or biodiversity conservation programs. Such programs could complement already
existent efforts to reduce and compensate for greenhouse gas emissions.
The case-study demonstrated how regions hosting threatened species with currently high
forest land use impacts can potentially benefit by producing wood from high-yield planted
forests, thus alleviating pressure from natural forests that can be spared for biodiversity. The
Swiss case study on food imports and domestic crop production showed how the results can
be combined with trade data to identify the location and severity of environmental impacts
caused by imported goods. The analysis can be expanded by future studies by linking our
estimates of biodiversity impacts per kg of crop or per m3 of roundwood to existing MRIO
databases (e.g. Lenzen et al., 2012) to enable quantification of biodiversity impacts embodied
in global trade of food and forestry products.
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ABSTRACT
Volatile organic compounds (VOCs) that negatively affect human health are emitted from
wood products used indoors. However, the existing life cycle inventories of these products
only document the emissions occurring during production and disposal phases. Consequently
the life cycle assessment (LCA) of indoor wooden products conducted using these
inventories, neglect the use-phase impacts from exposure to offgassed VOCs and therefore
underestimate the product’s total environmental impact. This study demonstrates a
methodology to calculate the use phase inventory and the corresponding human health
impacts resulting from indoor use of any VOC emitting product. For the five most commonly
used types of boards used in indoor wood products, the mass of each VOC emitted into the
indoor compartment over their service life was calculated by statistically analyzing data from
50 published chamber testing studies. Uncertainty was assessed using Monte Carlo
simulations. The calculated inventory data was used in a case study to calculate and compare
the health impacts of five different wooden floorings made of above materials. The results
show that the use-phase human-toxicity impacts are an order of magnitude higher than those
occurring during the rest of the flooring’s life cycle. The factors influencing the offgassing of
VOCs from wood products and measures to reduce exposure are discussed.

5.1

INTRODUCTION

Cumulative human exposure to toxic compounds present in indoor air can be significant as
people spend the majority of their time indoors, especially in industrialized countries.
Moreover, modern buildings often have low ventilation rates to minimize energy demand.
Despite the environmental benefits of the resulting energy efficiency, indoor air quality may
be compromised in the event of indoor pollutant emissions. Traditionally the indoor exposure
to emissions generated during the use-phase of a product is neglected in LCA (e.g. Gunther &
Langowski 1997)1, even though products such as paints, furniture, or carpets emit significant
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volatile organic compounds (VOCs) once installed in indoor environments. Few studies have
quantitatively checked the implications of neglecting indoor exposure health effects in LCA.
Meijer et al. 2005 calculated human health damage due to indoor emissions from building
materials of the Dutch reference dwelling.2 Skaar & Jorgensen 2012 carried out the LCA of a
wooden chair with and without considering indoor exposure health impacts.3 Both studies
concluded that human health impacts caused by indoor exposure to pollutants emitted by
building materials and furniture can be significant and may exceed impacts from the
production and disposal stages combined. By not considering indoor emission impacts,
products get an unfair advantage over their substitute/competitor products. It is well known
that in the life cycle of products such as refrigerators, cars or buildings, the use phase is the
hot spot with the highest environmental impact due to the related energy demand. However
for indoor furnishings and consumer products that emit VOCs, the relevance of use phase
impacts has not been studied.
VOC Emissions from Indoor Wood Products
Finished composite wood panels with their low cost and design flexibility are increasingly
being used in household and office furniture, kitchen, bedroom, bath cabinetry, floorings and
other fixtures. These products consist of a core material such as particleboard, medium
density fiberboard, oriented strand board or plywood that is finished or laminated to achieve
the desired aesthetic and functional properties. The core materials are manufactured by
binding wood fibers with synthetic resins (adhesives) under heat and pressure. These wood
products are known to contain and emit volatile organic compounds (VOCs), especially if
they are recently installed.4 The majority of these wood products are bonded with ureaformaldehyde (UF) adhesive, which leads to offgassing of formaldehyde due to chemical
reactions during their service lives.5 Chronic exposure to formaldehyde may cause
nasopharyngeal cancer in humans and causes irritation of the upper airways and
conjunctivitis.6 Other VOCs emitted from wooden products are aldehydes and terpenes.7
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Higher molecular weight aldehydes can produce objectionable odors whereas terpenes are of
potential concern because they react with ozone to produce ultrafine particles.7 Effects such as
eye irritation are often reported by people residing in wood equipped rooms and houses, a
condition popularly known as sick building syndrome (SBS). The wood-based products can
be the dominant source of VOCs in indoor environments particularly because the surface
areas they cover (flooring, ceiling, wall partitioning and furnishing) tend to be large in
comparison with other materials used indoors.
In addition to the board type, emissions also depend on the tree species the board is made
from.8 For example, formaldehyde emissions from solid wood panels made of oak were found
to be a factor of four higher than those from beech.8 Emissions from dry tree samples were
generally higher than those in green state. Wood based composite panels might also differ in
emission behavior depending on the drying and pressing temperatures used during their
manufacturing.9 The type of adhesive used also plays an important role. Formaldehyde
emission from wood-based panels bonded with urea-formaldehyde (UF) and melamine-ureaformaldehyde (MUF) adhesive are known to be an issue, while emissions from other synthetic
binders like phenol-formaldehyde adhesive, or natural binders like tannin-formaldehyde are
very low and close to that from wood itself.10,11 VOC emissions have been observed to
increase with increasing board thickness.12 Finally, emissions from wood products also
depend on the indoor conditions during its use. In general, the VOC emissions increase with
increase in temperature and humidity and decrease with increasing ventilation rates.13
VOC Characterization using Chamber Testing
In recent years there has been a push to use low emission building materials and products.
Chamber testing is commonly used to quantify the VOC emission factors (µg/m2/h) of
different products ready to be used in indoor environments.14 Here the test product with
known surface area is placed inside a chamber with parameters such as temperature, relative
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humidity and ventilation rate fixed at values close to real life. The concentrations of all VOCs
emitted by the product are then monitored by sampling the air coming out of the chamber.
Concentrations versus time (𝐶-𝑡) profiles from the chamber test are then converted to
emission factor versus time (𝐸-𝑡) profiles14, which are fitted with an empirical decay model
and from which model coefficients are determined.5 This model is then used to represent the
long term decay of VOC emissions from the product during its use phase.15
Although the chamber testing results are being used in various product labeling schemes such
as the AgBB, blue angel (in Germany), Greenguard and BIFMA (in the US), Danish indoor
climate labeling (Denmark), Naturplus (in Europe) and the Hongkong green label (in Asia), 16
there have been no attempts to import them into existing inventory databases for use in life
cycle assessment (LCA) studies. Widely used life cycle inventory database such as
Ecoinvent17, only provide data on emissions occurring during the production and disposal
phases of commonly used indoor wood products and do not contain information on pollutants
emitted by these products during their use phase.
Objectives & Scope
The primary goal of this study is to fill the aforementioned gap in the inventories of indoor
wood products. This is done in two steps. Through literature review of chamber studies, we
first aim to compile the emission factors (µg/m2/h) of all the VOCs that are emitted from the
following indoor composite wood panels: Particleboard (PBD), Medium density fiberboard
(MDF), Oriented Strand Board (OSB), and Plywood (PLY). As an alternative to composite
wood panels, emissions from raw Solid Wood (SWD) panels which do not contain any
adhesive component are also studied. The reason that these five wood products were selected
is that almost all indoor wooden products are made of one of these boards and, therefore, they
are a basis for inventorying a wide range of furniture and indoor building materials. Also the
inventory data for these five products in Ecoinvent 2.2 database only document emissions to
ambient air, soil and water compartments but do not report the offgassing emissions into the
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indoor compartment during their use phase.17 Results from this study aims to fill this gap. In
the second step, we aim to find out how to model the decay of VOC emissions from these
wood products over time. The goal is to provide the mass of each VOC emitted per unit area
(g/m2) into the indoor compartment from these five wood materials during their service life.
These emissions then can be imported into the existing life cycle inventories of these
products.
As a secondary objective, we aim to compare the human health impacts resulting from
exposure to pollutants emitted by these indoor products over their use phase with the impacts
occurring during rest of their life cycle. For this purpose, a case study was conducted to
calculate and compare the health impacts of five different wooden floorings made of above
materials.
Finally, to complement the LCA results we also carried out risk-based health evaluation of
these five products using an alternative approach which utilizes the lowest concentration of
interest concept (abbreviated commonly to LCI, and not to be confused with life cycle
inventory).18
The approach of this paper can be used to calculate the use phase inventory and health
impacts of any indoor product, but we chose wood products as an example because they are
among the most common product groups used indoors (furniture, flooring etc.), are known to
emit VOCs and there exists a wealth of emission data from chamber testing in the published
literature to enable meaningful statistical analysis.

5.2

MATERIALS AND METHODS

Use phase inventory data – Methodology
We carried out an extensive literature review in order to select the chamber testing studies
(journal papers, conference papers, state/country reports) that report emission rate (in
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µg/m2/h) vs. time profiles (𝐸𝑖 -𝑡) of VOCs emitted from wood based products and the
corresponding empirical source decay models used to model the decay in VOC emissions.
For wood products eight different source decay models (listed in Table S3 in SI) have been
used in the past (for a discussion of source models see Guo et al. 2002).19 These decay models
were fitted to each of the datasets using non-linear regression, and goodness of fit parameters
R2 and root mean square error (RMSE) were calculated. Then we identified the model that
consistently performed the best (i.e. the one that gave the highest R2 and lowest RMSE), and
used it to represent the long-term decay profile of VOCs emitted from wooden products. A
typical range of model parameters was calculated from this calibration analysis and the
lognormal distribution was derived from it. This resulted in 𝑛 (𝐸-𝑡) profiles per board type,
from which the total mass of individual VOC i (𝑚𝑡𝑜𝑡𝑖 in g/m2) emitted into the indoor
environment was calculated using Eq. (5.1) as the area under the 𝐸𝑖 -𝑡 curve, where 𝑡 goes
from 𝑡0 (time when the product was installed indoors) to 𝑡𝑓 (service life of product). The
literature data gathered refers to specimens from different countries and made of various types
of wood species, resin type, and production methods, which are all the factors influencing
emission profiles (see introduction). To consider the variability introduced by this
aggregation, we calculated 95-percentiles of emission data. Monte Carlo (MC) simulations
were carried out and 10,000 random sets of each of the model parameters were generated
from their distribution. This resulted in 10,000 values for each 𝑚𝑡𝑜𝑡𝑖 and the mean and 95%
confidence interval was obtained for them.
𝑡

𝑚𝑡𝑜𝑡𝑖 = ∫𝑡 𝑓 𝐸𝑖 (𝑡)𝑑𝑡
0

(5.1)

The wooden boards are often coated with decorative or other surfaces before being used
indoors to reduce the absorption of water, improve the aesthetics or other functional
properties.20 Compared to uncoated products, the release of VOCs from such boards is
118

decreased by these overlaying barriers.21 As these coatings reduce the mass of VOC emitted
and thus reduce the exposure, we conducted a review of published studies that report the
barrier efficiency of most commonly used wood product coatings.
Use phase human health impact assessment
Once the total mass of individual VOC (𝑚𝑡𝑜𝑡𝑖 ) emitted into the indoor environment is known,
the use phase human health impacts are calculated using the approach proposed by Hellweg et
al. 2009 (Eqs. (5.2) & (5.3)).3,22 A portion of emitted VOC is inhaled indoors and the rest
escapes outdoors due to ventilation/air exchange and therefore human health impacts occur
both in the indoor and the outdoor compartments.
𝐼𝑚𝑝𝑎𝑐𝑡𝑖𝑛𝑑𝑜𝑜𝑟 =∑𝑛𝑖=1(𝑚𝑡𝑜𝑡𝑖 ∗ 𝑖𝐹 ∗ 𝐸𝐹𝑖 )=∑𝑛𝑖=1(𝑚𝑡𝑜𝑡𝑖 ∗ 𝐶𝐹𝑖𝑖𝑛𝑑𝑜𝑜𝑟 )

(5.2)

𝐼𝑚𝑝𝑎𝑐𝑡𝑜𝑢𝑡𝑑𝑜𝑜𝑟 = ∑𝑛𝑖=1(𝑚𝑜𝑢𝑡𝑖 ∗ 𝐶𝐹𝑖𝑜𝑢𝑡𝑑𝑜𝑜𝑟 )

(5.3)

Where 𝐼𝑚𝑝𝑎𝑐𝑡𝑖𝑛𝑑𝑜𝑜𝑟 and 𝐼𝑚𝑝𝑎𝑐𝑡𝑜𝑢𝑡𝑑𝑜𝑜𝑟 are the impacts on human health [cases per
functional unit], 𝐸𝐹𝑖 is the human health effect factor for inhalation of the specific VOC i
[cases per kilogram intake] (cancer and non-cancer) and the characterization factors
(𝐶𝐹𝑖𝑜𝑢𝑡𝑑𝑜𝑜𝑟 & 𝐶𝐹𝑖𝑖𝑛𝑑𝑜𝑜𝑟 ) are the outdoor and indoor characterization factors of the VOCs
[cases per kilogram emitted]. 𝑛 is number of VOCs emitted by the product, and 𝑖𝐹 is the
‘intake fraction’ which is the fraction of the emitted mass inhaled by people present indoors
calculated using Eq. (4).3,23
𝐼𝑅∗ℎ∗𝑃

𝑖𝐹 = 𝑉∗24∗𝑁

(5.4)

where IR the is inhalation rate (m3/hour), h is the exposure time (hours/day), V is the room
volume (m3), 24 is hours per day (hour/day), N is the air changes per hour (1/h). P is number
of people exposed. The mass of pollutants entering the outdoor environment (𝑚𝑜𝑢𝑡 ) was
calculated as the total emitted mass minus the amount inhaled.3,22 Since in general the mass
inhaled is small in comparison to the total mass emitted, we assumed 𝑚𝑜𝑢𝑡 ≈𝑚𝑡𝑜𝑡 .
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The above approach is based on recommendations of Hellweg et al. (2009), who suggest
using the homogeneously mixed one-box model to model indoor exposure from a product.22
The model is connected to the surroundings through ventilation. It is assumed that the
adsorption and desorption of emitted VOCs onto other surfaces in the room is negligible and
inhalation is the most significant exposure pathway.3
The effect factors (𝐸𝐹𝑖 ) are taken from the USEtox model which is an environmental fate,
exposure and effect model developed by UNEP/SETAC, based on scientific consensus.24 For
Eq. 5.3, the characterization factors (𝐶𝐹𝑖𝑜𝑢𝑡𝑑𝑜𝑜𝑟 ) for the VOCs emitted into urban air are also
directly taken from USEtox. Table S2 in SI provides the 𝐸𝐹𝑠 and 𝐶𝐹𝑜𝑢𝑡𝑑𝑜𝑜𝑟 for different
VOCs.
The disability adjusted life years (DALYs) concept originally developed by the World Health
Organization, is a powerful concept to address human health damages and is frequently used
in LCA studies.2 The effect factors and characterization factors provided in USEtox are in the
units- ‘cases per kilogram intake’ and ‘cases per kilogram emitted’ respectively. In this study,
they are converted to ‘DALYs’ by multiplying with the conversion factors suggested by
Huijbregts et al. 2005.25
Case Study – Use-phase and Non-use phase impacts for wooden flooring
Human toxicity effects were calculated in a case study to assess the relevance of indoor
emissions to outdoor emissions. We compare the impact of offgassed emissions from five
different floorings, one made solely from particleboard, next solely from MDF and so on. The
functional unit was defined as the provision of flooring made of 16 mm thick wooden boards
with an exposed surface area of 7 m2. A standard room of volume 17.4 m3 was assumed,
making the product loading (L) equal to 0.4 m2/m3. The service life of the flooring was
assumed to be 40 years.26 The use of a ‘standard room (or model room)’ approach is common
for general calculations of exposure to pollutants in indoor air.27-29 As the actual indoor
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conditions (room volume, ventilation rate, exposed surface area etc.) where the material is
actually used is often not known, the concept of a ‘model room’ was used to estimate the
exposure concentrations. A model room has a volume (V) of 17.4 m3, floor area of 7 m2, wall
area of 24 m2 with a ventilation rate (N) equal to 0.5 h-1.14, 29 The inhalation rate (IR) was
assumed to be 0.5 m3/h (average of males (0.58 m3/h) and females (0.42 m3/h)).30 The number
of people exposed (P) in the model room was assumed to be one. The exposure time (h) was
assumed to be uniformly distributed between 0 and 24 hours. Finally Eq. (5.2), (5.3) & (5.4)
were used to calculate the use phase impacts.
The non-use phase impacts were calculated using the SimaPro (version 7.3.3) software31 for
conducting LCA, where the Ecoinvent v2.2 database17 and the USEtox methodology24 were
employed for life cycle inventory and impact assessment respectively.
Risk assessment using the concept of lowest concentration of interest
The complementary assessment of human-health impacts using LCA and risk assessment
(RA) is gaining attention in recent years.32 While LCA pinpoints hotspots in the life cycle of
products, it doesn’t tell if the concentration levels exceed regulatory health criteria or
environmental standards. We performed a risk assessment according to the lowest
concentration of interest18, 28, to determine if the calculated indoor emissions from above five
products pose human health risk. Concentrations in the model room were calculated and
compared to their respective LCIs. An LCI value is the threshold concentration of a particular
volatile substance present in indoor air, which, at continued exposure, has no consequences on
human health and/or comfort.18 Table S2 in SI provides the LCI values for the most
commonly emitted VOCs from wood based materials. We evaluated the five wooden boards
according to this method (see Eq. (5.5) & (5.6) below).
From the emission factor (𝐸𝑖 (𝑡)) profile for each VOC calculated in the inventory section, the
room concentration (𝐶𝑖 (𝑡)) was derived from the mass balance as shown below.13
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𝑉𝑑𝐶𝑖 = 𝐴𝐸𝑖 (𝑡)𝑑𝑡 − 𝑉𝑁𝐶𝑖 𝑑𝑡
𝑑𝐶𝑖
𝑑𝑡

+ 𝑁𝐶𝑖 = 𝐿𝐸𝑖 (𝑡)

(5.5)

Here A is the exposed surface area of the product (7 m2). Again the standard room with N =
0.5 h-1 and L = 0.4 m2/m3 was assumed. The concentration of the substances (𝐶𝑖 (𝑡)) was
divided by their 𝐿𝐶𝐼𝑖 value, and a ratio for each substance is calculated. All ratios were then
summed up and the S-value (risk quotient) was calculated for each wood-based material
according to Eq. (5.6):
𝐶 (𝑡)

𝑖
𝑆(𝑡) = ∑𝑛𝑖=1 𝐿𝐶𝐼

𝑖

(5.6)

The lower the S-value, the more acceptable the wood-based material is. At an S-value below
1, no effect would be expected.18,28 Here we are interested in whether S is above one and, if
so, when 𝑆(𝑡) falls below 1, i.e. the time at which the room can be considered safe to inhabit.

5.3

RESULTS

Use phase inventory – emissions into the indoor compartment
From the literature review, it was found that the majority of chamber studies only report the
steady-state emission factors (𝐸𝑠𝑠 ) of VOCs emitted by the test product. In total, we found 50
published studies (references in SI) reporting emissions from different wood products.
Table S1 in SI lists the various VOCs emitted and their steady-state emission factors for all
five raw uncoated wood products. Differences in emission factors for the same product type
arise from a multitude of reasons, including different manufacturing techniques, tree types,
age of the product, chamber testing variables etc. Therefore, instead of a single average value,
the emission factors of individual VOCs are provided as a lognormal distribution.
In addition to the studies that report only steady-state emission factors, we found a total of 54
datasets (Table S4 in SI) that report long term (> 1 month of monitoring) temporal emission
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(𝐸-𝑡) profiles of VOCs. The eight decay models listed in Table S3 were fitted to each of 54
datasets using non-linear regression. As shown by the high R2 and low RMSE values in Table
S4 in SI, the dual first order decay model consistently performs the best in representing the
long term emission of VOCs from wood based products. Also see Figure S1 for an illustration
of model fit to one of the dataset.
Fitting the dual 1st order decay model to all the 54 datasets, we obtained 54 values of each of
the four model parameters. It was observed that for this model, in most cases, 𝐸1 is an order of
magnitude higher than 𝐸2 , and the decay rate constant 𝑘1 is greater than 𝑘2 . 𝐸2 was found to
be very close to the last observation in the dataset i.e. the steady state emission factor 𝐸𝑠𝑠 .
These results agree with the assumption of the dual first order decay model that 𝐸1 (𝑡)
represents a higher initial emission process with a fast decay rate and corresponds to the shortterm surface (evaporative) emissions. 𝐸2 (𝑡) represents a lower initial emission factor process
with a very slow decay rate and corresponds to the long-term diffusion driven emissions.5, 13
This is plausible, taking into account the porous and capillary structure of wood which can
facilitate the flow of compounds from the core of the wood to surface.
Table S5 lists the distributions of model parameters as derived from calibrating the model
with 54 datasets. The steady state emission factors of all substances (𝐸𝑠𝑠 ), were assumed to be
equal to 𝐸2 . 𝐸1 was then modeled to be a factor F higher than 𝐸2 . No statistically significant
difference was found between decay rates of different VOCs emitted from the same product,
or between the decay rates of the same VOC from different products.
From the 𝑘1 and 𝑘2 values listed in Table S5 it can be inferred that the fast decaying
emissions last for 2-20 days whereas the long decaying (diffusion driven) emissions can take
from 20 days to up to 3 years to reach near zero levels. For an illustration, see Figure S2 in SI
where the area under the E vs. t profile of formaldehyde from particleboard was calculated to
be 4.104 g/m2 and is listed below in Table 1.
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Table 5.1 thus achieves the main objective of this paper and along with 95% confidence
intervals presented in Table S6, provides the ‘use phase inventory’ for the aforementioned
wood products. From Table 5.1, it can be seen that on average, raw composite wood panels
emit higher levels of aldehydes, aliphatic and aromatic hydrocarbons as compared to solid
wood panels. However the terpene emissions from solid wood are on average higher than for
composite panels.
Table 5.1. Use phase inventory data for particleboard (PBD), Medium density fiberboard
(MDF), Oriented Strand Board (OSB), Plywood (PLY) and solid wood (SWD). The mean
values of the mass of each VOC emitted by these uncoated products over a service life of 40
years are reported here. 95% confidence intervals for these emissions are presented in Table
S6 in the SI.
Mass emitted (g/m2)
VOC

PBD

MDF

PLY

OSB

SWD

Formaldehyde

4.104

3.303

1.212

0.496

0.147

Acetaldehyde

0.100

0.559

0.116

1.685

2.997

Hexanal

7.011

8.257

0.802

5.971

2.030

Pentanal

1.067

1.888

0.259

0.825

0.297

Heptanal

0.356

0.730

0.058

0.089

0.015

Butanal

0

0.036

0.038

0.283

0.049

Decanal

0

0.006

0.162

0.281

0.102

Benzaldehyde

1.054

0.835

0.036

0.094

0.064

Octanal

0.975

0.709

0.218

0.044

0.036

Nonanal

0.637

0.637

0.303

0.257

0.089

t-2 Octenal

0.529

0.654

0.165

0.101

0
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Ethylene Glycol

1.309

1.886

0

0

0

α-Pinene

0.888

0.001

3.212

5.468

30.887

β-Pinene

0.034

0.001

0.624

0.470

7.166

α-Terpinene

0

0

0.092

0

1.388

Gamma-Terpinene

0

0

0.024

0

0.707

3-Carene

0.357

0.013

2.094

1.823

0.521

Limonene

1.355

0.030

0.446

0.114

4.057

Camphene

1.703

0

0.186

0.329

3.259

Toluene

0.196

0.280

0.867

0.043

0.165

p-Cymene

0

0

0.165

0

1.263

m,p Xylene

0

0

0.218

0

0

Ethylbenzene

0

0.006

0.502

0.008

0.276

1-pentanol

0.360

0

0

0.032

0

Acetone

4.865

0.549

0.150

2.516

0.578

n-heptane

0.140

0.330

0.011

0.054

0.006

Linalyl Propanoate

0.133

0.125

0

0

0

Hexanoic Acid

0

0

0.121

0.917

0.248

Acetic Acid

0

1.232

0.144

2.123

1.122

Butyl acetate

0

0

6.361

0

0.038

Correcting for coatings
The effectiveness of 27 different types of coatings in reducing the VOC emissions from wood
based products is summarized in Table S7 in SI. For example, a particleboard coated with
melamine laminate coating is expected to emit on average, 4.104 × 6% = 0.246 g/m2 of
formaldehyde instead of 4.104 g/m2, emitted by uncoated particleboard (this coating reduces
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VOC emission by 94% on average, see Table S7). 21 These numbers can be used as correction
factors to Table 1 in case coatings are used over these products.
Impact Assessment Results
The mean of intake fraction calculated using Eq. (5.4), is 0.029 and the associated 95%
confidence interval is {0.0017, 0.056}. Indoor health impacts were calculated from Eq. (2) by
multiplying the mass emitted (Table 5.1) with the intake fraction and effect factors. Results
are listed in Table 5. 2. The most significant indoor emission was formaldehyde, which
accounted for more than 90% of the total impact – owing largely to its very high effect factor
as compared to other VOCs (see Table S2 in SI). Considering the mean values, particleboard
use results in the highest risk to human health as compared to the other four products, and
solid wood has the least impact during the use phase. This is because solid wood emits lower
levels of formaldehyde relative to other wood based products (Table S1). Outdoor health
impacts calculated from Eq. (5.3) were found to be negligible as compared to impacts
occurring indoors.
Table 5.2 also shows that use phase human health impacts are in general an order of
magnitude higher than the non-use phase human health impacts. Moreover, including the use
phase emissions can alter the ranking of the products with respect to their environmental
impact. For example, considering non-use phase impacts only, plywood displays the highest
human toxicity impact (mean=1.26× 10-4 DALYs), while including the use phase impacts
renders particleboard as the product with highest total impact (mean = 9.16× 10-3 DALYs).
Table 5.2. Comparison of use phase and non-use phase human health impacts (in DALYs)
from indoor wooden flooring materials. Functional unit: 7 m2 of 16 mm thick (= 0.112 m3)
wood flooring with a service life of 40 years. A standard room of volume 17 m 3 ventilated by
0.5 h-1 was assumed. Use phase impacts were calculated using Eq. (5.2) & (5.3). Non-use
phase impacts were calculated using the Simapro software with the Ecoinvent 2.2 database for
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inventory and USEtox as the impact assessment method. For detailed non-use phase impacts
results see Table S8 in SI.

Use-phase human toxicity
Flooring

Non-use phase human toxicity

impacts

impacts

Ratio =

Material

Use/Nonuse
2.5 %

Mean

97.5 %

2.5 %

Mean

97.5 %

2.60E+02

Particleboar
4.43E-05

9.16E-03

6.10E-02

2.15E-06

3.52E-05

8.20E-04

MDF

2.30E-05

7.44E-03

5.13E-02

4.43E-06

6.70E-05

6.20E-04

1.11E+02

Plywood

6.44E-06

2.79E-03

1.88E-02

1.38E-06

1.26E-04

2.26E-03

2.21E+01

OSB

4.18E-06

1.05E-03

7.10E-03

3.75E-07

4.93E-05

1.35E-04

2.13E+01

2.38E-06

3.09E-04

2.04E-03

1.48E-09

1.01E-05

4.72E-04

3.06E+01

d

Solid Wood

Sensitivity to Service life, Intake fraction and Effect factors
The results obtained in Table 5.2 are for product service life of 40 years. We carried out the
calculation for a service life of 70 years and found that the impacts do not change. This is
reasonable since all the emissions become negligible in a time frame less than 40 years (see
𝑘1 and 𝑘2 values in Table S5). Considering a life time of 1 year reduces the health impact by
a factor of 2. It can be inferred that since the majority of emissions occur during the first 2
years, replacing the furnishings more often can lead to a significant increase in human health
impacts.
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Intake fraction (iF) depends strongly on the indoor environment investigated and parameters
such as the ventilation rates vary greatly between different indoor settings. In the current
study the iF was calculated using the ‘model room’ approach. We explored alternative values
of iF, reported elsewhere in the literature to calculate the human health impacts. Wenger et al
2012 calculated the intake fraction for 73 organic compounds typically found indoors
considering surface sorption effects.33 Their iF ranged from 2.5 × 10-4 to 1 × 10-2 depending
on the vapor pressure of chemical or surface degradation rates. The iF values calculated by
Skaar & Jorgensen 2012 ranged from 1.8 × 10-4 to 1.387 × 10-1, with a mean of 4.5× 10-3 for
Nordic household settings.3 The impacts calculated using these alternative intake fraction
values did not differ much from those reported in Table 5.2. It is however recommended to
adapt the parameters of eq. 5.4 to the specific conditions of the case investigated. This will
reduce uncertainty in calculated impacts.
The EFs for a lot of VOCs that are emitted from wood based products have not been
documented yet in USEtox (marked as ‘not found’ or ‘n/a’ in Table S2 in the SI). To further
evaluate the potential worst-case implication of these unspecified 𝐸𝐹𝑠 on the impact results
shown in Table 5.2 above, all unspecified 𝐸𝐹𝑠 values were assigned the formaldehyde value,
intended to represent a scenario where substances with unspecified 𝐸𝐹 were as harmful to
human health as formaldehyde. This gave impacts higher by a factor of approximately 10.
Although this is a non-realistic worst-case scenario, adding the missing effect factors in the
USEtox database will yield more accurate impacts.
Results of risk assessment
Solving the differential equation (5.5) assuming the VOC emissions decay according to dual
first order model, the concentrations of individual VOCs in the room are described by Eq.
(5.7),
𝐿.𝐸

𝐶𝑖 (𝑡) = (𝑁−𝑘1 ) (𝑒 −𝑘1 𝑡 − 𝑒 −𝑁𝑡 ) +
1
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𝐿.𝐸2
(𝑁−𝑘2 )

(𝑒 −𝑘2𝑡 − 𝑒 −𝑁𝑡 )

(5.7)

Using the parameter values from Table S2, the S-value was calculated with Eq. (5.6). Figure
5.1 shows the calculated S-value vs. time curve for all five products. It was found that on
average, the S-values fall to safe levels (<1) within 4-6 months for solid wood, plywood and
OSB. However, for MDF and particleboard it takes around 18 months to fall below 1. The
results from risk assessment (RA) thus confirm the potential of indoor wooden products to
negatively affect human health. The RA results in turn also underscore the importance of
including the use phase impacts, traditionally neglected in the LCA of indoor wood products.
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Figure 5.1. S-value calculated using Eq. (5.5) & (5.6) for five wooden boards. Time at which S-value
falls below 1 is indicated using arrows. At this time the indoor environment can be considered safe to
inhabit.28

5.4

DISCUSSION

Existing inventory databases lack data on indoor offgassed emissions for many products.
Filling these data gaps is important to make the life cycle assessment (LCA) results for these
products more reliable. In this study, we first identified five typical indoor wooden products
from Ecoinvent database17 whose inventory do not report these emissions and demonstrated
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how the published chamber testing data can be used to calculate use phase emissions. The
calculated emissions can be directly integrated into their existing life cycle inventories. The
combination of statistical analysis of chamber testing data, derivation of decay model
parameters and the application of impact assessment within LCA as well as a complimentary
RA constitute the novel approach proposed by this study. The proposed method is generic and
can be easily extended also to other product groups as the necessary data becomes available,
and, hence, enable a standard assessment of indoor emissions.
The case study results show that the conclusions drawn in a LCA study regarding the most
environmentally benign product might not stand when the emissions of the use phase are also
considered. In other words, completely ignoring the offgassed emissions in the analysis (as is
the current practice) may lead to underestimation of product’s total environmental burden.
The results confirm the findings by earlier studies such as Skaar & Jorgensen 2012 (for
wooden chair)3, Meijer 2010 (for radioactive materials)2 and Jonsson 1999 (for floor
coverings)34, that use phase of building material can contribute significantly to the human
health impact category and must not be neglected in LCA.
The five types of wooden products analyzed in this study are broad categories in themselves
and the actual offgassed emissions depend on a number of factors such as the manufacturing
technique, type of adhesive used, indoor climate etc. Limited chamber testing published
literature did not allow similar calculations for more specific product types (e.g. Particleboard,
made of Douglas-fir fibres, bonded with melamine urea formaldehyde adhesive, dried and
pressed at 250°C). To account for this variability within product classes, we provide 95%
confidence intervals for the mass of each VOC emitted (Table S6). The range of calculated
use phase emissions is currently high (~3 orders of magnitude) and does not allow for
generalized conclusions concerning product comparisons. However, these confidence
intervals can be narrowed down as future data comes along or if specific emission data is
130

available for the case investigated. While the formulation of mathematical or empirical
relationships between these factors and offgassed emissions is beyond the scope of this study,
we conducted a qualitative review of factors affecting the offgassing of VOCs from wood
based products as summarized in Table S9 in SI.
Another limitation of the approach used here to derive indoor emissions is that the sink effects
(adsorption/desorption) and the interaction with emissions emerging from other sources in the
room where the product is located are not taken into account. These factors can change the
decay profile of the emission and thus the long term exposure.35
Similar to our emission data (Table S6), the ecoinvent database considers geographic or
manufacturing variability for product classes by providing confidence intervals for
emissions.17Uncertainty in inventory data is then propagated through Monte Carlo simulation
to calculate impacts. Despite the large uncertainties, we believe that including the indoor
emission estimates provided in this study while conducting a full LCA can help identify use
phase as a hotspot, which then can be further studied in more detailed using case specific data
and other tools such as risk assessment.
The results of this study should be interesting to manufacturers investigating the impact on
human health from toxic substances in the value chain of their product, as well as other
stakeholders, such as house residents, interior designers, builders or architects when making a
choice between products to be used indoors. As the effect factor for formaldehyde is very
high, the use phase impacts can be significantly reduced by reducing the use of formaldehydecontaining adhesives. Boards bonded with urea formaldehyde adhesives are of low cost and
high strength, however, they are of limited moisture resistance and emit formaldehyde mainly
due to hydrolytic degradation of the resin.36 Therefore, using alternative glues such as Phenolformaldehyde (PF) can reduce formaldehyde emissions by up to 90% during the use phase.4,
10, 11
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Furthermore, it was found that wood materials emit VOCs at a higher rate during the first
months after their manufacture; therefore one of the recommended actions to reduce use phase
impacts is limiting this early exposure. It can be achieved by ‘airing out’ the product before
use (e.g. to keep it in a storage room for a while), keeping ventilation rates high during first
few months or replacing furniture less frequently. Acquiring second hand products instead of
buying new ones are also good practices.
The use of suitable coatings over the wood products can reduce their use phase impact by as
much as 95% as they act as barriers to the VOC escaping the material surface.21 However, one
should make sure that this is not compensated by high environmental impacts occurring
during manufacturing/disposal of these coatings. In future work, emissions should be
calculated for other indoor products such as paints, carpets etc. In addition, emissions at the
production sites or furniture shops can result in occupational exposure and these impacts
should also be integrated into the product LCA in the future.
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Chapter 6
Conclusions and outlook
6.1

Scientific relevance of the dissertation

This dissertation presents improved methods to quantify local, regional and global
biodiversity loss due to land occupation and land use change as well as method to include
offgassed emissions occurring during the use phase of indoor products in the life cycle
inventory. The application of the new methods is demonstrated in various case studies which
not only serve as a vehicle to illustrate the methods, but additionally provide findings relevant
for global environmental issues. The improved methods fill two existing major gaps in the life
cycle assessment (LCA) of wood-based products, namely the assessment of forest land use
impacts on biodiversity and health effects from indoor wood-product related emissions. The
developed methods are also relevant for other areas of application than wood based products
(e.g. agricultural commodities).
Traditional methods to quantify biodiversity damage due to land use were based on studies
comparing species diversity between natural and human modified land (e.g. Köllner et al.
2008, de Schrvyer et al. 2010). The characterization factors (CFs) from these studies were of
limited utility as the data behind the calculations was only representative of specific world
regions or taxa. de Baan 2013a provided first set of regionalized CFs for assessing local
biodiversity loss for multiple taxa at biome level. However, owing to data limitations, they did
not differentiate between management intensities, but used rather broad land use classes such
as “Used forest”. Chapter 2 of this dissertation presented a new set of local characterization
factors (CFs) including uncertainties for the ten most common forest management regimes in
six continents to enable spatially differentiated, multi-taxa assessment of forest land use
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impacts on local biodiversity with global coverage. The new CFs were derived from 1008
data points and differentiate between forest management regimes as compared to 148 data
points used by de Baan et al. 2013a. Results showed that a differentiation between forestry
regimes is important since the biodiversity impacts vary significantly depending whether
forest land is managed through sustainable practices such as reduced impact logging, retention
harvesting, selection systems or the intense regimes such as clear-cut or monoculture timber
or fuelwood plantations.
Land use activities can result in local, regional, or global species extinction, each showing
different degrees of reversibility. Local CFs such as in Chapter 2 are derived from plot-scale
(i.e. few hectares) pairwise comparisons of local species richness in natural and human
modified land use. However these local, plot-scale estimates do not inform regarding the
potential regional or global species extinction caused by different land use types. Local
biodiversity loss might just be due to displacement (for example species relocating to nearby
remaining natural forest if a part of it is now used for agriculture) and therefore (to a large
extent) reversible (de Baan 2013b). Also the local loss of species that are abundant
regionally/globally would not be of much concern. It would be erroneous to rank products
based solely on their ranking of local species loss. One has to consider that the impacts on
biodiversity at a larger scale and within the context of heterogeneous landscapes may be
different than plot-scale effects. In order to predict regional and global biodiversity loss due to
land use, the models describing species-area relationships (SARs) are often employed (Brook
et al. 2003, Koellner et al. 2000).
Chapter 3 used Countryside SAR to calculate regional and global CFs. Hereby, the earlier
approach of de Baan et al. 2013b, using of Matrix SAR, was updated. Studies have shown that
Countryside SAR model outperforms both the Matrix and classic SARs in predicting species
extinctions. Chapter 3 also provides, for the first time, vulnerability scores (VS) for each
138

ecoregion per taxon using species-specific threat level and geographic range data. Combining
the SAR model with VS allowed the quantification of potential global extinction of species
due to land use, which marks a significant improvement over existing methods. Avoiding
irreversible global species extinctions is important to preserve the genetic, evolutionary
diversity of life on earth and for long-term, resilient delivery of ecosystems services and thus
to human well-being (Hooper 2012).
The new characterization factors were applied to case study on bioethanol production from six
different feedstocks from six different parts of the world to compare the impacts. Most
existing LCA studies on biofuels address only greenhouse gas emissions and rarely quantify
biodiversity loss from feedstock cultivation (Kim et al. 2009). Chapter 3 case study on
bioethanol showed that sugarcane cultivation in Brazil leads to higher global species loss than
maize, sugar beet from USA or France. Such analysis adds valuable inputs to the debate
surrounding the biofuels topic and helps to move towards more complete impact assessment
of future alternative fuels or technologies.
In the wake of increasing international trade volumes, the ‘ecological unequal exchange
theory’ has gained attention in recent years (Shandra et al. 2009). The theory hypothesizes
that affluent countries are more likely to secure favorable terms of trade through their
advantageous situation within the global economy (Bunker and Ciccantell, 2005). This
advantage facilitates disproportionate access of wealthy countries to natural resources of poor
nations (Rice, 2007). In other words, rich nations are able to shift many of the negative
environmental externalities associated with their natural resource demands and production
needs onto poor nations (Jorgenson, 2006b; Jorgenson and Rice, 2005). The results from case
study of Swiss food import impacts in chapter 4 of the dissertation provide further evidence to
the theory by showing that >97% of biodiversity impacts occur outside Switzerland.
Specifically, the imports of cocoa, coffee and palm oil from South-east Asia or Central
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American tropical countries are particularly damaging. Chapter 4 offered an alternative to the
approach used by Lenzen et al. 2012 to quantify biodiversity impacts embodied in global
supply chains. The approach addresses the land use driven biodiversity impacts and does not
include impacts from other drivers such as climate change, invasive species etc., which were
considered by Lenzen et al. 2012. The new CFs from Chapter 3 were combined with high
resolution land use maps and national trade data to identify the location and severity of
environmental impacts caused by imported goods. The analysis can be expanded by future
studies by using new CFs with existing multi-region input output or other trade databases
such as Eora (Lenzen et al., 2011), GTAP (GTAP, 2012) and EXIOBASE (Wood et al. 2015),
to enable quantification of biodiversity impacts embodied in global trade. Such application
will test the robustness of results obtained by Lenzen et al. 2012 and contribute further to the
unequal exchange theory.
Traditionally the exposure to indoor emissions generated during the use-phase of the product
is neglected in LCA. As the monitoring of emissions from indoor products over their whole
service life is an expensive task, little information is available on these use-phase emissions
and therefore the existing life cycle inventories (LCI) of these products only document the
emissions occurring during production and disposal phase. The second part of the dissertation
(Chapter 5) fills this important gap in the existing inventory of five most commonly used
indoor wood products. Chapter 5 demonstrated with a new approach how the vast literature
on product emission testing can be tapped to fill this gap in existing LCI databases such as
ecoinvent (ecoinvent, 2015). The proposed method can be used for importing the chamber
testing data for other indoor products as well.
Overall the dissertation results contribute significantly towards improving the LCA of wood
products particularly. Nations such as Switzerland that are looking for innovative and
sustainable ways to utilize wood can benefit from newly developed methods and the results
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obtained. LCA has been identified as one of the tool that the national research programme
(NRP 66) of Swiss national science foundation intends to apply to assess environmental tradeoffs of several wood uses. For example, LCA of wooden buildings can use approach from
Chapter 5 to assess potential health impacts from indoor wood materials. The CFs for forest
land use (Chapter 3) and the impacts calculated in Chapter 4 for per m3 roundwood, can be
used to assess the embodied biodiversity impacts in the wood imports of Switzerland in a
similar manner as for food imports.

6.2

Practical relevance of the research

Continued biodiversity loss has led to several international agreements aimed at halting this
trend. Most of them such as the commitment by the Parties to the Convention on Biological
Diversity (CBD, 2003) to significantly reduce the rate of biodiversity loss by 2010 have failed
to achieve their goals. Renewed commitments and targets have been formulated such as the
20 “Aichi Biodiversity Targets” to be met by 2020 (Tittensor et al. 2014). Producers, traders,
consumers and policy makers at national and regional scale would need to join hands and
contribute towards achieving such international targets by making environmentally conscious
decisions that ensure sustainable future development. The methods and findings of the
dissertation are particularly relevant to several of the Aichi targets as follows:
Target 1. Awareness creation regarding biodiversity loss and conservation: Chapters 2, 3 and
4 present several insights into global land use and its impacts on local, regional or global
species extinctions. These results can be used to create awareness by quantifying species
extinctions and making explicit which activities and products contribute most to biodiversity
loss.
Target 2. Integration of biodiversity values into planning processes and national accounting
and reporting systems: The Chapter 4 provides biodiversity damage caused by crops, pasture
and forest land use per country. Such results can be incorporated into national accounting.
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The case-study of bioethanol in Chapter 3 helps pinpointing how the biodiversity loss may
differ depending upon the region from where the feedstock is sourced. This might influence
decision makers in countries that import feedstock from potentially high damage regions, such
as Brazil. The biodiversity-economic trade-offs explored through 10 hypothetical forest
management units in Chapter 2 is particularly relevant to policy makers in countries planning
to expand productive areas into natural forest to generate employment and economic output
while at the same time intending to minimize the biodiversity damage.
Target 4. Implementation of plans for sustainable production and consumption by
governments, business and stakeholders: The results of Chapter 4 highlight the hotspots of
biodiversity loss due to different drivers (crop, pasture or forestry) which can be used by
producing countries to devise mitigating strategies (e.g. abandonment of activities or reducing
the intensity of land use in these hotspots) or by consuming nations to guide purchasing
decisions or help to offset biodiversity impact. For example, Chapter 2 identifies the most
damaging and benign forest management techniques globally, which provides important
information for sustainable timber production. On the consumption side, the case study on
Swiss case-study results can help raising consumer awareness regarding the impacts hidden in
imported products they buy.
Target 7. Sustainable management of agriculture, aquaculture and forestry: Overall the
dissertation results contribute to improved LCA of agricultural and forestry products and
thereby provides decision support tools for the sustainable management of agriculture and
forestry.
Target 12. Avoiding extinction of threatened species: Chapter 3 incorporated vulnerability
score (VS) in calculating the global CFs. The VS consist of endemic richness and IUCN
assigned species threat level. Land use in regions hosting more threatened species is thus
assumed to cause higher biodiversity damage than the one with species of least concern.
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Target 19. An improved and shared knowledge and science base relating to biodiversity, its
values, functioning, status and trends, and the consequences of its loss: The new CFs
(Chapter 2, 3) and their subsequent application (Chapter 4) help advancing the understanding
of impact of different land use types on multiple taxa in different parts of the world. If applied
to time-series data, they can be used to analyze trends in biodiversity loss.
In recent years a number of studies have ranked different countries on a scale of
sustainability. For example, the Environmental Performance Index (EPI, Hsu et al. 2014) is
constructed through the calculation and aggregation of 20 indicators reflecting national-level
environmental data. In its 2014 rankings, it crowns Switzerland at the top spot among 178
countries. For assessing how well a nation is protecting biodiversity, it simply measures the
shares of marine, terrestrial and critical habitats that have a ‘protected status’ within the
country. Similarly reports by private consultancies such as RobecoSAM, A. G. 2014,
evaluated 60 countries on a broad range of Environmental, Social and Governance factors
using 17 indicators, each varying between 1 to 10, and ranked Sweden, Switzerland and
Norway at the top of country sustainable ranking. None of such assessments take into account
the ecological impacts embodied in country’s imports. The Swiss case-study from chapter 4
showed that even though countries such as Switzerland is successful at preventing domestic
biodiversity loss, their high per capita consumption levels are actually causing significant
global species extinctions as well as high regional ecosystem damage in tropical countries,
through consumption of goods that are imported from these countries. Therefore, the above
rankings of some of these countries may seriously plummet if global extinctions and other
ecological impacts inflicted by them abroad are taken into account. Such incomplete
assessments can therefore be highly misleading, creating false public perception and
complacency, which in turn can spell further trouble for global biodiversity. The results of
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Chapter 4 can thus be used as evidence to caution the public against such assessments and
rankings and provide quantitative results for comprehensive, consumption-based assessments.
Allocating the responsibility between producing and importing nations for environmental
damage is a challenging task. Producers control production methods and exert the impacts but
consumer demand and lifestyle drives production, so that responsibility may perhaps be
shared between them (Lenzen et al. 2007). Nevertheless it is clear that to combat current
global biodiversity or climate change crisis, territorial based emission accounting systems
(Peters et al. 2011) would have to be complemented with monitoring the emission transfers
(or biodiversity loss) via international trade. As shown in chapter 4, the methods developed
during the course of this dissertation (chapters 2, 3) can help identify the hotspots of global
land use as well as particular land use types or crops that are driving the biodiversity loss in
different regions of the world. Such information on hotspots and drivers can be very useful for
producing country to design mitigating measures (e.g. to shift from high to low intensity
agriculture or forestry).
On the consumption side, reducing the volume of imported trade commodities that cause high
species loss and raising consumers’ awareness of the biodiversity damage caused by the
products they buy can go a long way in reducing the existing rate of biodiversity loss. Chapter
4 further demonstrated how the analysis can facilitate the accounting of biodiversity loss
embodied in global supply chains and thus identify major product flows (e.g. exports of cocoa
from Ecuador, coffee from Colombia, palm from Malaysia to Switzerland). This information
is valuable to importing country. Other measures that could be taken to mitigate impacts
include paying price premiums on such products which can be used for biodiversity
conservation in exporting country. To ensure progress toward reducing the rate of global
biodiversity loss, policies aimed at all the actors in the supply chain (be it exporters, traders or
consumers) would have to be implemented in parallel (Lenzen et al. 2012).
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The findings of Chapter 4 are also relevant for environmental non-governmental
organizations (NGOs) working towards reducing the consumption of natural resources in
industrialized nations while supporting conservation efforts in poor nations. One such
example involves the Climate Alliance of European Cities, which has convinced around 200
Austrian and German municipalities to ban the use of tropical timber in government financed
projects and use locally grown wood instead in order to bring greenhouse gas emissions in
these municipalities below national average (Rich 1994). The Climate Alliance also funds
several environmental projects in Brazil such as planting trees in degraded forest and
abandoned fields, supporting farmers in producing tree crops for the region, demarcating and
monitoring protected land areas etc. (Rich, 1994).
Chapter 5 found that human health damage caused by use phase emissions from indoor
products might exceed those caused by rest of a product’s life cycle. The results underscored
the importance of including such emission data into the life cycle inventories of products
installed indoors. Earlier this year, consumers in the US filed a potential class action against
the nation’s largest specialty retailer of hardwood flooring company ‘Lumber Liquidators’ in
federal

court

(see

http://consumerist.com/2015/03/05/lumber-liquidators-sued-over-

formaldehyde-allegations/). The complaint alleges that the company violated federal and state
laws by selling laminated wood products made in China and containing formaldehyde levels
in excess of California limits (CBS news 2015). The results of chapter 5 thus contribute to
such public discussions and help raise awareness among consumers by demonstrating that
offgassed emissions from indoor wood products can cause human health hazards particularly
during first few months of installation.

6.3 Critical Appraisal
The land use types for which the regional and global characterization factors (CFs) of Chapter
3 are calculated are aligned with the land use types classification recommended by
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UNEP/SETAC land use assessment framework for LCA following Koellner et al. (2013a).
For the impact assessment, species richness is selected as an indicator to represent
biodiversity, again following the UNEP-SETAC guidelines (Koellner et al. 2013b) who
recommended that species diversity is the preferred measure (along with functional diversity)
for assessing damage to biodiversity.
Within LCA, there has been debate on whether to focus on relative or absolute changes when
focusing on changes in species richness (Milà i Canals et al. 2006). UNEP-SETAC guidelines
put forward by Koellner et al. 2013b highlight this as a value choice but recommend focusing
on absolute changes as these are easier to interpret. The dissertation follows above
recommendations and, in addition to local CFs (Chapter 2), provides CFs for assessing
absolute loss of regional and global species (Chapter 3). de Baan et al. 2015 also argue that
changes in absolute species richness due to product land use should be the preferred choice as
it can be linked to conservation targets (e.g. avoiding global species extinctions).
The choice of species richness as an indicator is justified from diversity-stability hypothesis
(McCann 2000), i.e. species-rich ecosystems are more stable. However one of the limitations
of using just changes in species richness is that it provides information about only a small
aspect of biodiversity, and the biodiversity damage in the form of complex changes in
abundance, composition, and community structure that take place owing to land use and land
use change remains unaccounted for. An observed increase in species richness following land
use might be through invasive species which can be a major threat to native biodiversity. The
indicators that compare exclusively the composition of species between a reference and land
use situation, e.g., Sørensen’s similarity index (Sørensen

1948) are found to be more

sensitive to land use impacts than species richness (de Baan 2013a). However, these
indicators require detailed knowledge of the site-specific species composition data that are
rarely available on a global scale for multiple taxa.
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The new approach by de Baan et al. 2015 partially overcomes these limitations by using
habitat suitability models (HSMs; Rondinini et al. 2011) instead of species richness as such.
Compared to other LCA land use methods this approach operates at a high spatial resolution
(900m x 900m grid), thereby better matches the spatial heterogeneity of biodiversity. The
approach also integrates species rarity and threat information. However the limitation here is
that currently this method is applicable to mammals only.
Another alternative to species richness is functional diversity which is based on the
redundancy hypothesis (Walker 1992, Loreau 2004), i.e. the assumption that loss of species
does not necessarily result in loss of ecosystem functions, as long as other species with similar
functions remain to fill the potential gap. Souza et al. 2013 provided CFs based on functional
diversity (FD) for use in LCA. The use of FD allows a more mechanistic linking between
ecosystem processes, stability and species loss and thus a more precise detection of
community response to land use. However the spatial resolution of their CFs remained coarse
(biome level) and the data used in calculations came from selected regions of Americas.
Another limitation of the dissertation is the taxonomic coverage. The CFs and impacts are
calculated for well-known vertebrate taxa as the relevant data for them is well documented.
The CFs for other species groups, such as arthropods, fungi, bacteria that form the majority
(>80%) of life on terrestrial earth and perform important ecological functions could not be
calculated due to lack of data. It is unlikely that species counts, threat status and habitat range
data for other taxonomic groups will be available anytime soon. Consequently, many authors
suggest the use of structural indicators that are known to be important for survival of species
to measure biodiversity value of a region. Michelsen 2008 used the amount of dead wood,
protected areas and alien tree species as proxies for species counts and, based on expert
judgement, assigned ordinal scores ranging from zero to three to different regions. Brentrup et
al. 2002 used hemeroby classes and provide scores from zero (no impact) to one (purely
147

artificial) for a different land use classes. Here the general problem is the lack of scientifically
established link or relationship between these indicators and the actual impact on biodiversity
(Wilhere 2008, Michelsen & Lindner 2015).
The challenges in modeling biodiversity and selecting a ‘meaningful’ indicator are well
demonstrated by Geyer et al. 2010. They used four different methods based on naturalness
(hemeroby), species abundance, species richness, and species evenness assess impacts on
terrestrial vertebrates. The results showed that the land use impact depended on the choice of
method. Given its complexity, a single indicator is unlikely to capture all aspects of
biodiversity (Souza et al. 2015). Many authors thus recently combine species richness
(Verones et al. 2013, Mueller et al. 2013) or structure indicators (Coelho & Michelsen 2014,
Michelsen 2008), with a geographic weighting factor. Recently, the UNEP/SETAC Life
Cycle Initiative through consensus-building workshops also stressed the importance of
combining pressure indicators and geographic weighting for further methodology
development (Teixeira et al. 2015). Chapter 3 of this dissertation already employ such a
geographic weighting through the vulnerability score (VS) of each ecoregion which is defined
as the ratio of the total threatened endemic richness (TER) to the total species richness it
hosts. The global CFs were calculated by multiplying the regional CFs per ecoregion with
taxa specific VS of that ecoregion. The endemic richness (Kier et al. 2009) part of the TER
ensures that the global CFs are higher for ecoregions hosting biodiversity that is unique and
endemic to them and is found nowhere else. Conversely, global CFs are lower for the
ecoregions that contain only tiny fractions of species’ range (mostly range edges). The threat
level part of the VS then further accounts for the fact that for two ecoregions hosting equal
endemic richness, the CFs will be higher for ecoregions containing more threatened species
than for those containing non-threatened species.
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Chapter 2 assessed the trade-offs between species lost and profit generated from extracting
wood from different forest management units. Note that the yields used in case-study might
vary in subsequent harvesting cycles and we did not take into account the rotating cycle of
harvesting management regimes. For example, while the yield of 14.5 m3/ha from selective
logging in Malaysia might remain constant over coming years, the current high yields for
clear-cut and timber plantations might be low as lesser area is available for harvest in coming
years as the trees take time to regenerate, which will change the profit rankings of these
regimes.
Chapter 5 of this dissertation proposed a new approach to include use phase emissions in the
life cycle inventory of indoor products. Catteau 2015 already used the approach to assess
seven other categories of indoor products:- Adhesives, Flooring, Gypsum Products & Plaster
Boards, Internal & External Wall/Ceiling finishes, Thermal Insulation Materials, Carpets,
Paints and Varnishes. The chamber testing emission data for these products was imported
from BUMA database (Dimitroulopoulou et al. 2009, Bartzis et al. 2006). Messmer 2015 also
used the above approach to compare health impacts of indoor cross laminated timber glued
with different adhesives. However several challenges remain to incorporate the use phase
indoor emissions into existing life cycle inventory databases and to assess the resulting
impacts. First, the service life of indoor product needed to calculate the total mass emitted
over its life time vary considerably depending upon the product itself and the geographical
region where it is used. Second, the future offgassed emissions will depend upon the country
or region where the product is manufactured. For example, while the European Union,
California and some specific regions have strict regulations, many manufacturers in other
regions still use urea-formaldehyde adhesives to glue composite wood products owing to its
low price. Compiling such geographical variability in manufacturing choices at a global scale
is daunting task, while using region-generic inventory data will lead to large uncertainties.
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Third, on the impact assessment side, the intake fraction which depends upon the ventilation
rates, exposure time, number of people exposed indoors, surface sorption etc. is very sitespecific and can vary over several orders of magnitude. More research is needed to collect
information on these parameters for different household or office settings taking into account
geographic variability (Rosenbaum et al. 2015). Nevertheless Chapter 5 presents first steps
towards such challenges by using Monte Carlo simulations for accounting uncertainties and
demonstrated that neglecting indoor emission health impact within LCA can lead to
underestimation of products’ actual environmental footprint and hand them unfair advantage
over their substitute/ competitor products.

6.4 Outlook
The work presented within this dissertation should be further developed in the future to focus
on both reducing the uncertainty of newly calculated characterization factors (CFs) in chapter
2 and 3 and extending the application of them to global trade flows. Additional research is
needed in several areas to further advance the applicability of proposed methods.
1. Meta-analysis similar to that conducted in chapter 2 are needed for other land use types
such as agriculture and pasture differentiating intensity of land use (e.g. organic, low input
farming vs. high input farming practices etc.), in order to calculate the affinity of different
taxa other land use types. The output of projects such as PREDICTS database (Hudson et al.
2014, Newbold et al. 2015), which aims to compile response of local terrestrial biodiversity to
human induced disturbances should be of help in this regard. The improved estimates of
species affinity will significantly reduce the uncertainty in characterization factors (CFs)
calculated using species-area relationship (SAR) in chapter 3.
2. The CFs derived using Countryside SAR in Chapter 3 needs to be updated when new
empirical data for model input parameters comes along. Besides improvement in the estimates
of species affinity to different land use types, improvements in mapping land use intensity on
150

a global scale would enable deriving the CFs at much more continuous scale of low to high
intensity land use. While high resolution global land cover maps do exist, similar maps of
land use intensity are need of the hour. Projects such as GeoWiki (Fritz et al. 2012) are
expected to provide important contributions to this issue. Also the CFs for other taxonomic
groups such as arthropods, fungi, bacteria should be derived by future studies once the
relevant model input data for them becomes available.
3. While many studies have already combined water, carbon or ecological footprint analysis
with MRIO to assess upstream impacts of production (Wiedmann et al., 2011), few have
attempted to assess biodiversity impacts (Lenzen et al. 2012). Chapter 4 of this dissertation
demonstrated the approach to calculate embodied biodiversity impacts in imported products in
the case study of Swiss food imports. Using existing MRIO databases, the approach should be
extended to quantify embodied impacts in global trade chains involving land intensive
agricultural and forestry products.
4. Applying the new CFs still remains challenging because of the limited spatial resolution of
inventory data which does not allow locating the point of activity precisely. Future research
should focus on improving the inventory resolution in order to be able to make use of
spatially differentiated methods and carry out more accurate regionalized assessments.
5. The regional and global CFs of Chapter 3 were calculated using current global land use
maps. As the policy makers at national and regional levels are increasingly interested in
environmental impacts of future land use trajectories, a similar approach using the
Countryside SAR can identify regions that are likely to lose most biodiversity. Such analysis
will help assess trade-offs between potential economic profit from land use and the resulting
biodiversity impacts.
6. More case-studies evaluating the biodiversity impacts using different indicators are needed
to understand the trade-offs. Ranking different products according on their impacts calculated
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using richness based (this study), abundance based (Alkemade et al. 2009), composition based
(Sorensen 1948), functional diversity based (Souza et al. 2013) or structural based (Michelson
2007) indicators will reveal further insights. Apart from vulnerability score such as used in
Chapter 3, future impact assessment methods should explore habitat fragmentation,
configuration, or intensity-based indicators (NPP/HANPP, Haberl et al. 2005) as other
complementary metrics in the modeling (Teixeira et al. 2015).
7. To allow a comparison of biodiversity impacts from different stressors (e.g., land, water
use, acidification, climate change etc.), consistent approaches for harmonizing the metrics and
aggregating the impacts across different taxa are needed. Verones et al. 2015 proposed
approaches for harmonized assessment of biodiversity loss from land and water use but more
effort is needed to include other stressors.
8. The application of the results presented in this dissertation should be accompanied by an
analysis of other impact categories. For example, apart from land use which is one of the main
drivers of global biodiversity loss, trade-offs with other impacts of agriculture production
such as water scarcity (Pfister et al., 2011), eutrophication etc. must also be taken into account
in environmental decision making.
9. The approach proposed in Chapter 5 for including indoor emissions into existing
inventories should be extended to other common indoor products. Future studies can use
PANDORA database (Abadie et al. 2011) that provides emission rates of pollutants from 542
different indoor sources to update their inventories.
10. Effort must be put to embed the new CFs into LCA softwares or other computational
platforms to enable their widespread use. Traditional LCA softwares such as ‘Simapro’
cannot deal with regionalized CFs currently although promising alternative softwares such
Brightway (http://brightwaylca.org/) have appeared recently. Moreover, the CFs can also be
part of newer global life cycle impact assessment methodologies such as LC-IMPACT
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(http://www.lc-impact.eu/), which unlike some of the older methods (e.g. ReCiPe, Goedkoop
et al. 2008) is able to include spatially differentiated information on CFs.
Meeting Aichi 2020 Biodiversity Targets or UN sustainable development goals will entail
unprecedented synergistic collaboration between multiple domains of science and
engineering. LCA results should also highlight the liaison with strategic plans and goals, such
as the Aichi targets in order to enable more practical use of assessments. Notwithstanding the
inherent limitations and uncertainties, the dissertation presents improved globally operational
impact assessment approaches, new insights and challenges involved and several case-studies.
The above listed future steps, further improvements, application to real-life case-studies and
comparison with other methods will help improve our understanding of biodiversity impacts
of global economic activities and contribute towards devising appropriate mitigating
strategies.
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Part A: Methods
A1). Land use assessment framework in LCA
Assessing biodiversity impacts of land use in Life Cycle Assessment (LCA) adopts a two stage
framework, reflecting two possible types of ecosystem damages: occupation impacts and
transformation impacts.1,2After an initial land use change, such as a transformation from a
natural to an anthropogenically-modified state, or from an extensive to an intensively used state,
biodiversity value (e.g. represented by species richness) of a reference situation 𝑆𝑟𝑒𝑓 is reduced
to 𝑆𝑖 . Assuming land is used for a specific period for a specific purpose such as crop production
(the land use phase), natural regeneration of biodiversity is suppressed. At some hypothetical
time in the future, land abandonment is assumed to take place, and biodiversity recovers to a
level comparable to the pre-transformation state, 𝑆𝑟𝑒𝑓 . In LCA, the former impact (i.e. the
suppression of biodiversity recovery during land use) is called “occupation impact”, while the
“transformation impacts” consider the required recovery time for an ecosystem, i.e. this is the
impact from land use change. Thus, ecosystems with slow biodiversity recovery will have larger
transformation impact than those that recover fast (see ref 1, 2 for full discussion).

A2). Characterization factors using Matrix SAR
The Matrix SAR model3 calculates the number of species (𝑆𝑛𝑒𝑤 ) in the remaining habitat area
(𝐴𝑛𝑒𝑤 ) as a function of the original number of species (𝑆𝑜𝑟𝑔 ) occurring in the original habitat
area (𝐴𝑜𝑟𝑔 ) by adapting the z value of the power model to 𝑧 ′ :
𝑆𝑛𝑒𝑤
𝐴𝑛𝑒𝑤
= (
)
𝑆𝑜𝑟𝑔
𝐴𝑜𝑟𝑔

𝑧′

Equation S1
𝑛

𝑛

𝑛

′

𝑧 = 𝑧 ∑ 𝑝𝑖 𝜎𝑖 = 𝑧 ∑ 𝑝𝑖 ∙ 𝐶𝐹𝑙𝑜𝑐,𝑖 = 𝑧 ∑
𝑖=1

𝑖=1

𝑖=1

𝐴𝑖
∙ 𝐶𝐹𝑙𝑜𝑐,𝑖
𝐴𝑙𝑜𝑠𝑡
Equation S2

Here, 𝜎𝑖 is the sensitivity of the taxonomic group to the transformed land use type i and 𝑝𝑖 is the
relative area share of each land use type i from the total converted land area (𝐴𝑙𝑜𝑠𝑡 ). 𝜎𝑖 is
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quantified as the relative decrease in species richness (S) between a land use type i and a
(natural) reference habitat (0 < 𝜎𝑖 < 1). It equals the local land occupation characterization
factors 𝐶𝐹𝑙𝑜𝑐 (relative species richness loss on the land area occupied, see section below and
main text).
The species lost (𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗 ) per taxonomic group g due to cumulative land use in an ecoregion j is
thus given for the matrix SAR by:
𝑚𝑎𝑡𝑟𝑖𝑥
𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗

= 𝑆𝑜𝑟𝑔,𝑔,𝑗 −

𝑚𝑎𝑡𝑟𝑖𝑥
𝑆𝑛𝑒𝑤,𝑔,𝑗

𝐴𝑛𝑒𝑤,𝑗

= 𝑆𝑜𝑟𝑔,𝑔,𝑗 − 𝑆𝑜𝑟𝑔,𝑔,𝑗 ∗ ( 𝐴

𝑜𝑟𝑔,𝑗

)

𝑧𝑗 ∑𝑛
𝑖=1 𝑝𝑖,𝑗 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

Equation S3

Eq. S3 calculate the total number of species lost after conversion of the natural pristine habitat
to the current land use mix (average assessment). The marginal damage function for is given by
the first derivative of the average damage functions by the area lost4
𝑛

𝜕𝑆𝑙𝑜𝑠𝑡,𝑔,𝑗
𝑆𝑜𝑟𝑔,𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑔,𝑗
=
∗ 𝑧𝑗 ∗ ∑ 𝑝𝑖,𝑗 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗 ∗ (
)
𝜕𝐴𝑙𝑜𝑠𝑡,𝑔,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑜𝑟𝑔,𝑔,𝑗

(𝑧𝑗 ∑𝑛
𝑖=1 𝑝𝑖,𝑗 𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗 )−1

𝑖=1

Equation S4

It can be seen from eq. S3 that Matrix SAR predicts that all species are lost once the natural
forest area within the ecoregion disappears (𝑆𝑙𝑜𝑠𝑡 = 𝑆𝑜𝑟𝑔 when 𝐴𝑛𝑒𝑤 = 0). Equations 3-10 of the
main text are then used to derive regional and global CFs. The CFs calculated using Matrix SAR
are provided in excel file SI-3.

A3). Land use classification for LCA applications
Table S1. The definition of each land use type is taken from Koellner et al. 2013b who proposed
a standardized land use classification for LCA applications.5
Land
use ID

Land use type

Definition

1.2.1

Forest, used,
extensive

1.2.2

Forest, used,
intensive

Forests with extractive use and associated disturbance like
hunting, and selective logging, where timber extraction is
followed by re-growth including at least three naturally
occurring tree species.
Forests with extractive use, with either even-aged stands
and clear-cut patches, or less than three naturally
occurring species at planting/seeding.
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4.2

Pasture/meadow

Areas that have been converted to grasslands for livestock
grazing or fodder production

5.1

Agriculture, arable

5.2

Agriculture,
permanent crops

7.1

Artificial areas, urban

Cultivated areas regularly ploughed and generally under a
rotation system. Cereals, legumes, fodder crops, and root
crops. Includes flower and tree (nurseries) cultivation and
vegetables as well as aromatic, medicinal and culinary
plants. Excludes permanent pastures.
Perennial crops not under a rotation system which provide
repeated harvests and occupy the land for a long period
before it is ploughed and replanted: mainly plantations of
woody crops
Areas with infrastructure for living and businesses

A4). Data sources for model input parameters
Local characterization factors (CFloc)
For calculating local biodiversity loss, the plot-scale species richness of different taxa in different
types of land use is compared to (semi-)natural reference areas within the same biogeographic
region.6 The relative reduction in local species richness (eq. 3 main text) is used as a proxy for
sensitivity of taxa to different land use types.3 These sensitivity estimates are then used in SAR
models to predict regional species loss. Instead of sensitivity, de Baan 2013a termed it as local
characterization factors for use in LCA.6 The abbreviations CFloc and CFocc (for land occupation)
are used interchangeably.
de Baan et al. 2013a compiled the CFloc data from existing global database GLOBIO3 (Alkemade
et al. 2009)7, containing 195 publications and complemented it with national biodiversity
monitoring data from Switzerland (temperate region).8 From these two sources they obtained a
total of 501 comparisons of species richness of different taxa in four broad land use types
(agriculture, used forests, pasture and urban) and in (semi-)natural reference situations from a
total of nine out of 14 terrestrial biomes. In this study, we extend the data compiled by de Baan
2013a through additional literature review.
The existing 𝐶𝐹𝑙𝑜𝑐 for land use type ‘used forest’ from de Baan 2013a were divided into
‘intensive forestry’ and ‘extensive forestry’ using the definition of Koellner et al. 2013b (Table S1
above).5 For this study, we obtained additional 𝐶𝐹𝑙𝑜𝑐 data for forestry from literature review
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from the studies that compared species richness in managed forests with natural forests of the
same region (SI-2). Similarly the 𝐶𝐹𝑙𝑜𝑐 data for land use type ‘agriculture’ from de Baan 2013a
were divided into ‘annual crops’ and ‘permanent crops’ and additional data points were
obtained from study by Elshout et al. 2013 who assessed the effect of agricultural land
occupation on local species richness of birds, mammals, and vascular plants. 9 For the land use
type ‘urban’, we extended the de Baan 2013a data points with the review by Aronson et al. 2014
who provides birds and plants’ local species richness monitoring results from 147 cities across
the globe.10
For each of the six land use types i, we used 𝐶𝐹𝑙𝑜𝑐 data for a particular taxon g per biome j to
calculate the model input parameter 𝐶𝐹𝑙𝑜𝑐,𝑖,𝑗,𝑔 . If less than five data points per land use type and
biome were available for a specific taxon, world average 𝐶𝐹𝑙𝑜𝑐 was used for that combination of
taxa and land use type (i.e. 𝐶𝐹𝑙𝑜𝑐,𝑖,𝑔 ). While de Baan et al. 2013b used 501 individual estimates of
𝐶𝐹𝑙𝑜𝑐 , our literature review yielded 360 additional data points to the existing data set. The
complete list of 𝐶𝐹𝑙𝑜𝑐 per land use type and taxa, used in this study is provided in the SI-2.
Area parameters
For the model parameters 𝐴𝑛𝑒𝑤 , 𝐴𝑜𝑟𝑔 , 𝐴𝑖 and 𝑝𝑖 , we used the estimates of land use shares
calculated by de Baan et al. 2013b.4For deriving the remaining natural forest area (𝐴𝑛𝑒𝑤 ) and the
current area of four human-modified land use types (managed forest, pasture, agriculture and
urban) per ecoregion j, they overlapped two land cover maps, Land Degradation Assessment in
Drylands (LADA 2008)11 and Anthromes (Ellis & Ramankutty 2010)12, with ecoregion maps.
Table S4 of the supplementary information of de Baan et al.4 shows the land cover classification
of the above two maps used for the analysis. Original natural habitat area (𝐴𝑜𝑟𝑔 ) is simply the
total terrestrial area inside the ecoregion (𝐴𝑜𝑟𝑔,𝑗 = 𝐴𝑛𝑒𝑤,𝑗 + ∑6𝑖=1 𝐴𝑖,𝑗 ), i.e. before the human
intervention started.
In this study, the ‘managed forest’ area calculated by them for each ecoregion was divided into
‘intensive’ or ‘extensive forestry area’ and the ‘agriculture’ area was divided into ‘annual’ and
‘permanent crops.’ This processing was accomplished in ArcGIS v.10.2. 13 Firstly, we obtained
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shares of intensive and extensive forestry area for each country through FAO global forest
resource assessment data on country level.14 Management practices were categorized as
extensive or intensive forestry according to definitions proposed by Koellner et al. 2013b (Table
S1 above).5 For example, monoculture plantations were considered intensive whereas other
forestry regimes such as selective logging or retention harvesting were considered as extensive
forms of forestry. Areas of annual and permanent crops per country were obtained from the FAO
country level agriculture area data.15 Secondly, the ecoregion raster containing information on
land use type was overlaid on the country shape files and the overlapping polygons were
identified. The share of extensive/intensive forestry or annual/permanent crop in any selected
polygon was assumed to be the same as for the country containing that polygon. Once the area of
each of the six land use types was calculated for each polygon, the area per ecoregion was simply
obtained by summing up the polygons belonging to that ecoregion.

A5). Taxa Aggregated characterization factors
As LCA practitioners might be overwhelmed by five characterization factors (CFs) per land use
type, we also provide CFs aggregated across all taxa. The regional CFs are aggregated across five
taxa according to:4
5

𝐶𝐹𝑎𝑔𝑔𝑢𝑛𝑤𝑔𝑡,𝑖,𝑗

𝐶𝐹𝑔,𝑖,𝑗
1
= ∑
5
𝑆𝑡𝑜𝑡,𝑔
𝑔=1

Equation S5

Where 𝑆𝑡𝑜𝑡,𝑔 is the total number of species in each taxonomic group for which the range maps
were available from IUCN and is equal to 5386 for mammals, 10’104 for birds, 3384 for reptiles,
6251 for amphibians and 321’212 for plants.
The global CFs are aggregated across four taxa according to:16
4

𝐶𝐹𝑎𝑔𝑔𝑤𝑔𝑡,𝑖,𝑗

𝐶𝐹𝑤𝑒𝑖𝑔ℎ𝑡𝑒𝑑,𝑔,𝑖,𝑗
1
= ∑
4
𝑆𝑡𝑜𝑡,𝑔 ∙ 𝑉𝑆𝑔,𝑤𝑜𝑟𝑙𝑑
𝑔=1

Equation S6

165

Where 𝑉𝑆𝑔,𝑤𝑜𝑟𝑙𝑑 is the world average vulnerability score for taxa g and is calculated from
vulnerability scores of individual ecoregion j (𝑉𝑆𝑔,𝑗 ) and the species richness 𝑆𝑜𝑟𝑔,𝑔,𝑗 :
𝑉𝑆𝑔,𝑤𝑜𝑟𝑙𝑑 =

∑804
𝑗=1 𝑉𝑆𝑔,𝑗 ∙ 𝑆𝑜𝑟𝑔,𝑔,𝑗
𝑆𝑡𝑜𝑡,𝑔

Equation S7

𝑉𝑆𝑔,𝑤𝑜𝑟𝑙𝑑 values were calculated as 0.29 for birds, 0.44 for mammals, 0.59 for amphibians and
0.46 for reptiles.16

A6). Geographically Aggregated Characterization Factors
In many LCA studies, only the country of origin is known and not the exact coordinates to trace
the ecoregion where the land use took place. For these cases, we provide country average
characterization factors (CFs) for each land use type i, based on the share of each ecoregion j
within a country k (eq. S8, m is the total number of ecoregions in a country):
𝑚

𝐶𝐹𝑐𝑜𝑢𝑛𝑡𝑟𝑦,𝑘,𝑖 = ∑ 𝐶𝐹𝑖,𝑗 ∙
𝑗=1

𝐴𝑘,𝑗
𝐴𝑘
Equation S8

As far as possible, first the ecoregion where the land use takes place should be identified and the
corresponding CF should be used to calculate impacts. Aggregating the CFs from 804 ecoregions
to 245 countries according to eq. S8 above introduces further uncertainty especially for large
countries and therefore caution must be taken before applying country-specific CFs. Excel file SI-4
provides both regional and global country-specific CFs calculated using Countryside SAR.
Also, sometimes the geographic location of land use for background processes is unknown while
conducting LCA. Similar area-weighting was performed to obtain world average characterization
factors (CFs) by weighting the CF of a particular land use type i in each ecoregion j by their global
area share 𝐴𝑗 (see de Baan 2013b).4 Alternatively, worst-case (highest values) or median CFs can
be chosen.

A7). Uncertainty Assessment
Parameter uncertainty was propagated into the characterization factors using Monte Carlo
simulation (1,000 iterations). See Table 1 in main text for assumed probability distributions of all
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7 model input parameters. Median values along with 95% confidence intervals were calculated
for regional and global characterization factors for each taxa per land use type and ecoregion. To
assess the influence of each parameter on the uncertainty of characterization factors, their
contribution to variance (CTV) was calculated using Eq. S9. Here, the Spearman’s rank order
correlation coefficient (ρ) of each model parameter x with the characterization factor results is
calculated for the set of Monte Carlo iterations (see de Baan et al. 2013b).4
𝐶𝑇𝑉𝑥 =

𝜌𝑥 2
∑7𝑥=1 𝜌𝑥2
Equation S9

Part B. Application Example
In recent years biofuels are replacing the fossil-based alternatives due to their renewable nature
and owing to factors such as concerns for climate change, desire of many countries to reduce
imported resources and anticipation of increase in prices of fossil fuels in future.17
Bioethanol is used as a biofuel, solvent or raw material for chemical production and for human
consumption.18 It is is currently produced using a variety of agricultural feedstocks such as
wheat, sugarcane, maize, sugar beet, cassava. The environmental profile of bioethanol thus
depends on the feedstock used and the region in the world where it is produced.19
Total bioethanol production has more than doubled in last decade and stood at ~90.0 billion
liters in 2014 with the market overwhelmingly dominated by the US and Brazil, together
accounting for ~80 % of the total world production. The EU, China, Canada, Thailand, Colombia
and Australia are increasing players.20 Global bioethanol production is projected to increase by
almost 70% from current levels to reach 168 billion litres by 2022. Three major producers are
expected to remain the US, Brazil and the EU with 48, 28, and 7 percent respectively.21
Biofuels still remain a debatable issue, as the feedstock for their production competes for land
with food production and have raised second thoughts owing to their potential negative impact
on world food security in the context of land scarcity. Simultaneously, the issue of the impact of
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biofuel crops on GHG emissions, biodiversity, soil and water due to induced land use changes has
emerged.17-21
Past life cycle assessment studies on bioethanol have focused on the assessment of greenhouse
gas emissions only22-24 and thus potentially underestimate their actual environmental impacts.
Land use and land use change associated with cultivation of feedstock for bioethanol can result
in significant biodiversity loss as well.
In this study, we calculate these impacts using newly calculated regional and global
characterization factors (CFs). Table S2 below shows the region and the amount of land use
required to produce different feedstocks for 1 kg of bioethanol production. For example, 0.87 m2
of arable cropland per year is required to produce the sugarbeet needed for 1 kg bioethanol
production.19 Land use requirements differ according to the country of origin and the type of
crop owing to the yield differences.19 The shares of different terrestrial ecoregions where the
crop is grown in a particular country were identified and the corresponding occupation and
transformation CFs for those ecoregions were multiplied by land use and land use change from
Table S2 to obtain the biodiversity impacts.

Table S2. Land use Inventory for cultivation of different feedstocks to produce 1 kg of
bioethanol (taken from Muñoz et al.19).
Feedstock,
region

Land
occupation
(m2-year)

Sugarcane, Brazil
North East (NE)

2.95

Sugarcane, Brazil
Central South (CS)

2.07

Wheat, France

2.78

Land use type

Land transformation
(m2)

Biome

Permanent
crops

Transformation, to,
Permanent crops
(0.0944 m2)

Deserts and xeric
shrublands

Permanent
crops

Transformation, to,
Permanent crops
(0.066 m2)

Annual crops

Transformation, to,
annual crops (0.0445
m2)
Transformation, from,
permanent crops
(0.00278 m2)
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Tropical and
subtropical grasslands,
savannas and
shrublands

Temperate broadleaf
and mixed forests

Sugarbeet, France

0.87

Annual crops

Transformation, from,
pasture (0.0417 m2)
none

Maizegrain, USA

1.23

Annual crops

none

Maizestover, USA

0.93

Annual crops

none

50 % temperate
broadleaf and mixed
forests,
50 % temperate
grasslands, savannas
and shrublands

Part C: Additional Results
C1). Biome and habitat specific characterization factors
Table S3. Average global CFs for occupation, annual crops per terrestrial biome (units – species
eq. lost per m2-year). It can be seen that ecoregions in tropical biomes had on average higher CFs
than temperate and boreal ones. n is number of ecoregions in each biome.25
Biome name (Olson et al.25)

n

Mammals

Birds

Amphibians

Reptiles

Tropical and subtropical moist broadleaf forests

221

1.50E-10

2.70E-10

3.50E-10

1.40E-10

Tropical and subtropical dry broadleaf forests

53

5.70E-11

2.20E-10

9.80E-11

1.40E-10

Tropical and subtropical coniferous forests

16

1.20E-10

8.70E-11

2.90E-10

2.10E-10

Temperate broadleaf and mixed forests

83

1.40E-11

2.00E-11

1.90E-11

1.10E-11

Temperate coniferous forests

53

1.40E-11

9.30E-12

1.90E-11

6.00E-12

Boreal forests/taiga

28

9.50E-13

1.80E-12

1.20E-13

1.00E-14

Tropical and subtropical grasslands, savannas and

47

1.20E-11

2.20E-11

2.50E-11

4.60E-12

Temperate grasslands, savannas, and shrublands

43

5.70E-12

6.10E-12

5.60E-12

4.50E-12

Flooded grasslands and savannas

25

1.60E-11

2.20E-11

1.70E-11

7.60E-12

Montane grasslands and shrublands

50

5.60E-11

3.10E-11

1.60E-10

4.10E-11

Tundra

33

3.90E-12

2.60E-12

2.30E-14

3.90E-15

Mediterranean forests, woodlands, and scrub

39

2.30E-11

1.60E-11

3.00E-11

4.70E-11

Deserts and xeric shrublands

94

1.70E-11

1.90E-11

2.80E-11

6.00E-11

Mangroves

19

3.80E-11

5.10E-11

8.60E-11

4.80E-11

shrublands
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Figure S1. Global and regional characterization factors for mammals grouped according to the
habitat type. On each box, the central red line is the median, the edges of the box are the 25 th,
75th percentiles and the dashed line extends to the most extreme value (not shown to avoid
space). n is the number of ecoregions in each habitat type. Owing to the high vulnerability scores
of island ecoregions, the global CFs are relatively higher for them. For the regional CFs, the
difference between forest and island CFs is not significant.
Table S4. Average vulnerability score (VS) per taxa grouped according to the ecoregion habitat
type. Number of ecoregions (n) and average area (Aavg in km2) per habitat type is also shown. It
can be seen that island ecoregions have significantly higher VS than forest and non-forest types.
Aavg

𝑽𝑺𝒂𝒗𝒈,𝒎𝒂𝒎𝒎𝒂𝒍𝒔

𝑽𝑺𝒂𝒗𝒈,𝒃𝒊𝒓𝒅𝒔

𝑽𝑺𝒂𝒗𝒈,𝒂𝒎𝒑𝒉

𝑽𝑺𝒂𝒗𝒈,𝒓𝒆𝒑𝒕𝒊𝒍𝒆𝒔

177

39621

0.081

0.026

0.141

0.057

Forest

356

160950

0.019

0.009

0.128

0.031

Non-forest

271

248817

0.025

0.0085

0.090

0.023

Habitat type

n

Island

C2). Uncertainty Assessment Results
Local characterization factors (𝐶𝐹𝑙𝑜𝑐 ) contributed the most to the variance of both occupation and
transformation regional CFs for both models (see Tables S5 & S6 below). For occupation CFs,
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𝐶𝐹𝑙𝑜𝑐 contributed ~60-90% to the total uncertainty whereas the other model parameters
contributed almost equally (~2-3%). For transformation CFs of animal taxa, the 𝐶𝐹𝑙𝑜𝑐 contributed
50-80% to the total uncertainty followed by regeneration time 𝑡𝑟𝑒𝑔 (~3- 10%) and remaining
natural habitat area 𝐴𝑛𝑒𝑤 (~1- 5%). Rest of the model parameters such as z-values, original
natural habitat area 𝐴𝑜𝑟𝑔 and area of each land use type 𝐴𝑖 had small contribution to the overall
uncertainty of CFs. IUCN does not provide the confidence intervals for the species range maps or
threat levels and hence the vulnerability score could not be included in uncertainty assessment.

Table S5. Median contribution to variance (CTV) scores of 1000 Monte Carlo iterations for
global ‘occupation’ characterization factors using countryside SAR.
Taxa

Model parameter

Extensiv
e
forestry

Intensiv
e
forestry

Annua
l crops

Permanen
t crops

Pastur
e

Urban

Mammals

𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

0.725
0.032
0.031
0.027
0.023

0.673
0.033
0.033
0.032
0.026

0.604
0.055
0.049
0.038
0.032

0.742
0.026
0.031
0.025
0.021

0.764
0.035
0.035
0.027
0.017

0.285
0.101
0.106
0.085
0.064

0.866
0.020
0.019
0.012
0.011

0.748
0.035
0.027
0.018
0.019

0.732
0.043
0.035
0.025
0.017

0.535
0.064
0.054
0.028
0.032

0.866
0.021
0.023
0.011
0.009

0.155
0.199
0.125
0.085
0.082

0.893
0.013
0.014
0.010
0.009

0.781
0.033
0.030
0.020
0.014

0.663
0.072
0.046
0.031
0.018

0.752
0.037
0.029
0.018
0.015

0.812
0.037
0.035
0.014
0.009

0.441
0.085
0.065
0.036
0.036

0.832
0.020
0.019
0.015
0.018

0.694
0.040
0.039
0.027
0.034

0.731
0.042
0.043
0.021
0.020

0.597
0.053
0.045
0.035
0.038

0.816
0.031
0.037
0.016
0.014

0.327
0.104
0.097
0.068
0.066

0.879
0.017
0.017
0.013
0.014

0.787
0.027
0.028
0.021
0.024

0.802
0.032
0.029
0.019
0.014

0.683
0.047
0.046
0.035
0.033

0.870
0.026
0.024
0.011
0.009

0.432
0.096
0.081
0.058
0.061

Birds

Amphibians

Plants

Reptiles

𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
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Table S6. Median contribution to variance (CTV) scores (of 1000 Monte Carlo iterations) for
global ‘transformation’ characterization factors using countryside SAR.
Taxa

Model
parameter

Extensiv
e
forestry

Intensive
forestry

Annua
l
crops

Permanen
t crops

Pastur
e

Urba
n

Mammals

𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

0.617
0.028
0.030
0.029
0.022
0.033

0.496
0.045
0.038
0.029
0.026
0.071

0.685
0.024
0.026
0.026
0.019
0.034

0.679
0.028
0.029
0.019
0.013
0.039

0.209
0.076
0.074
0.066
0.045
0.120

Birds

𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝑡𝑟𝑒𝑔
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

0.644
0.030
0.026
0.024
0.022
0.030
0.777
0.016
0.017
0.015
0.010
0.032

0.627
0.029
0.020
0.022
0.014
0.056

0.598
0.035
0.027
0.021
0.015
0.070

0.407
0.046
0.036
0.035
0.021
0.082

0.773
0.016
0.018
0.011
0.007
0.023

0.092
0.119
0.070
0.069
0.041
0.206

0.831
0.012
0.011
0.016
0.008
0.024

0.660
0.028
0.023
0.024
0.012
0.071

0.481
0.053
0.032
0.023
0.013
0.169

0.590
0.030
0.026
0.024
0.012
0.084

0.670
0.028
0.026
0.013
0.008
0.086

0.326
0.062
0.045
0.035
0.023
0.143

0.764
0.019
0.017
0.015
0.015
0.026

0.583
0.032
0.031
0.026
0.027
0.055

0.594
0.034
0.034
0.019
0.016
0.071

0.467
0.045
0.035
0.033
0.029
0.071

0.699
0.025
0.029
0.013
0.012
0.043

0.245
0.075
0.066
0.054
0.053
0.115

0.823
0.017
0.014
0.018
0.011
0.024

0.687
0.022
0.025
0.030
0.019
0.037

0.684
0.030
0.024
0.016
0.012
0.061

0.568
0.038
0.037
0.039
0.026
0.057

0.765
0.021
0.020
0.012
0.008
0.043

0.288
0.066
0.054
0.063
0.042
0.113

Amphibian
s

𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝑡𝑟𝑒𝑔
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

Plants

𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝑡𝑟𝑒𝑔
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗

Reptiles

𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝑡𝑟𝑒𝑔
𝐶𝐹𝑙𝑜𝑐,𝑔,𝑖,𝑗
𝐴𝑜𝑟𝑔,𝑗
𝐴𝑛𝑒𝑤,𝑗
𝐴𝑖,𝑗
𝑧𝑗
𝑡𝑟𝑒𝑔

C3). Average and Marginal Characterization factors
The CFs calculated using the average approach (eq. 1, main text & eq. S3 above) are also
provided in excel files SI-3, SI-4 (see Huijbregts et al.26 for discussion on marginal and average
approach). Results showed that for countryside SAR, the marginal CFs were just by a factor of
~2.5 higher than the average CFs for most ecoregions. For matrix SAR, the average and marginal
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CFs are similar in ecoregions with low levels of converted natural habitat, but marginal impacts
are at least one order of magnitude higher for regions with high levels of habitat conversion
(𝐴𝑛𝑒𝑤 ⁄𝐴𝑜𝑟𝑔 <10%) and tend toward infinity (shown as NaN) when all remaining natural habitat
is converted (i. e. when 𝐴𝑛𝑒𝑤 = 0).

C4). Converting IUCN threat categories into numerical scale
As an alternative to the linear scale for threat level (TL) in the main text (0.2-least concern, 0.4near threatened, 0.6- vulnerable, 0.8-endangered, 1- critically endangered), we also calculated
the VS using a scale based on the probability of a species going extinct in the next 100 years
following the IUCN designations with interpolation (least concern =0.0001, near threatened =
0.01, vulnerable = 0.1, endangered = 0.67 and critically endangered = 0.999).27,28 This scale
draws a stronger contrast among categories. Table S7 below shows the Spearman correlation
coefficients between two sets of global CFs, one calculated using linear scale and the other based
on the geometric scale. CFs calculated using geometric scale are available on request from
authors.
Both the linear and geometric scales for the IUCN categories have their pros and cons. A
geometric scale might be preferable, because assigning much more weight to highly threatened
species (whose status will probably not change in short time and it is likely known with more
certainty) and much less to least concern species (whose status is subject to rapid change and
usually known with less certainty) would make the calculated CFs less prone to bias due to
possible incorrect conservation status assessment or rapidly changing status.
On the other hand, the huge difference in threat level values between threatened and nonthreatened species given by a geometric scale would make results very sensitive to possible
errors in the distribution maps of threatened species. Verones et al.16 recently calculated the CFs
for impact of water use on biodiversity and used the linear scale for TL. We therefore also report
the results from the linear scale TL so that the global CFs for land use impacts calculated in this
study are compatible to them and can be used for harmonized assessment of water and land use
impacts on biodiversity.16
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Table S7. Spearman correlation coefficients (ρ) between median global occupation CFs
calculated using the linear scale threat level and using geometric scale threat level as input to the
Countryside SAR model (eq. 9, 10- main text).
Taxa

Mammals

Birds

Amphibians

Reptiles

Land use type
Annual crops
Permanent crops
Pasture
Urban
Extensive forestry
Intensive forestry
Annual crops
Permanent crops
Pasture
Urban
Extensive forestry
Intensive forestry
Annual crops
Permanent crops
Pasture
Urban
Extensive forestry
Intensive forestry
Annual crops
Permanent crops
Pasture
Urban
Extensive forestry
Intensive forestry

𝝆𝑻𝑬𝑹𝒍𝒊𝒏𝒆𝒂𝒓−𝑻𝑬𝑹𝒈𝒆𝒐𝒎𝒆𝒕𝒓𝒊𝒄
0.92
0.92
0.91
0.92
0.93
0.93
0.90
0.91
0.92
0.93
0.93
0.90
0.59
0.59
0.62
0.60
0.58
0.59
0.76
0.76
0.75
0.77
0.78
0.78
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